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ABSTRACT 

Phosphorus (P) loss from agricultural fields has long been an environmental issue due to its 

negative impact on aquatic ecosystems such as eutrophication and hypoxia. To reduce 

agricultural P loss, large-scale P monitoring activities are needed to identify specific fields and or 

watersheds that are major contributors of P loss. A passive detection technique can be ideal for 

the monitoring of concentrations and loads of dissolved reactive P (DRP) from a large number of 

agricultural waterways because of its simplicity and cost effectiveness. The passive detection 

technique involves the deployment of a reactive adsorbent in water for known periods, and the 

concentration of P in the adsorbent will be extrapolated to estimate the load of P. Finding an 

appropriate adsorbent, which has a high affinity for DRP, is critical in developing a successful 

passive sampling method. Accordingly, polystyrene and polyacrylic anion exchange resins with 

different functional groups (i.e., strong-base and weak-base) were selected from a large pool of 

adsorbents (e.g., anion exchange resins, calcium and magnesium oxides, hybrid anion exchange 

resins, layered double hydroxides, metal oxyhydroxides, zerovalent iron, and zirconium and 

lanthanum oxides) and evaluated for the use as a P sink. While the pure resins had a non-

selective affinity for P, iron (hydr)oxide coated anion exchange resins (hybrid resins) were more 

selective for phosphate against nitrate and sulfate. Hybrid resins also had high adsorption 

capacity for DRP (6.33-19.84 mg/g) and high kinetic performance (second-order kinetic rate 

constant at 0.035-0.127 g/(mg·min)). Furthermore, the hybrid resins was stable and had 

irreversible characteristics for adsorbed P, making the material suitable for the passive detection 

method. The passive detection technique with hybrid polystyrene and polyacrylic resins were 

evaluated to monitor DRP in tile waters during spring storm events. The field-calibrated passive 

sampling method with hybrid resins produced DRP concentrations of tile waters with no 

significant difference (p > 0.05) with the auto-sampling data, but the technique should be 

improved to minimize the interference from particulate matter and high flow rate. In conclusion, 

the passive detection technique with iron oxide coated anion exchange resins is a promising 

technique to monitor the flux of DRP in eutrophic waters at regional- and watershed-scales. 
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CHAPTER 1: LITERATURE REVIEW 

1.1. Anthropogenic inputs of excess P in the soil-water environment  

Due to essential functions of phosphorus (P) for organisms and relatively little 

supply of P through natural weathering and atmospheric deposition, the addition of P to 

the soil is indispensable for producing today’s agricultural harvests. To keep up with 

increased food demand from rapid population growth, phosphate rocks are extensively 

excavated and processed into fertilizer and applied to agricultural soils around the world 

(Gellings and Parmenter, 2004; Cordell et al., 2009). Global P fertilizer use has increased 

from about 4 Mt in 1950 to 15 Mt in 2000, and will keep increasing as the world 

population expands (Alexandratos and de Haen, 1995; Zhang et al., 2008). In the 2010/11 

fertilizer year, 40.5 Mt of P2O5 was consumed for P fertilizer production worldwide, in 

which China, India, and the USA were the top three countries, accounting for 29.9%, 

19.9% and 9.7% of the consumption (Heffer, 2013). According to data from 1994 to 

2001, the rate of P fertilizer applied to croplands has already increased beyond 20 kg/ha 

in Midwest America and East China (Potter et al., 2011). However, the anthropogenic 

input of P in soils is going beyond crop needs in some agricultural regions. In China, a 

single country, the estimated P surplus from synthetic fertilizers was estimated to be 4.3 

Mt in 2011, which was 50-60 % of Chinese P production and about 20% of global P 

production that year (Sattari et al., 2014). Inefficient use of P fertilizer not only wastes 

phosphate rock, a non-renewable resource that may be depleted in 50–100 years (Cordell 

et al., 2009; Bouwman et al., 2017), but also becomes an environmental concern in many 

parts of the world. 

The negative influence of excess P input to agricultural soil was first studied in what 

are now developed countries. Eutrophication and its related environmental problems in 

American water bodies such as the Great Lakes, the Everglades, Chesapeake, and 

Delaware Bays have been widely studied and were confirmed to be primarily caused or 

contributed by intensive agricultural P input (Sharpley et al., 1996; Daniel et al., 1998). 

Eutrophication contributed by high P agricultural drainage has also been prevalent in 

many lakes and estuaries in Europe (Csathó et al., 2007; Ulen et al., 2007; Withers and 

Haygarth, 2007). Although the net input of P has been effectively controlled by 
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regulation and remedial actions in some cases of Europe and the U.S. such as the 

declined total P input to Lake Erie since the 1970s (Hale et al., 2015; Watson et al., 

2016), legacy P in soils and sediments from earlier accumulation may be mobilized and 

continue to contribute toward water eutrophication. For instance, the export of P from the 

Maumee Basins has exceeded inputs since the late 1990s. The gross P output of 15-20 

kt/yr is one of the primary P sources to Lake Erie, where algal blooms are still reported in 

recent years (Powers et al., 2016; Watson et al., 2016). In developing countries with the 

most intensive fertilization such as China and India, the input of P from agricultural 

activities is mounting sharply and has contributed to environmental water degradation 

and even municipal water-supply crises (Smil, 2000; Qin et al., 2010; Huang et al., 

2017a). Given the challenging situation of environmental P problems, extensive and 

comprehensive studies should be conducted to make progress on the monitoring and 

management of P runoff from agricultural soils.  

The environmental consequences of excess P input in agricultural soils are 

multifaceted. Since volatilization seldom occurs toward P in natural conditions (Smil, 

2000), the environmental impact of excess P can be divided into the impacts on soil and 

water and are discussed separately below.  

 

1.2. Environmental impact of excess P in terrestrial and aquatic environment 

Although P itself is not toxic to organisms, heavy metals accompanied with 

phosphate minerals may be introduced to soils with P fertilization. Cadmium is the most 

common heavy metal element in phosphate rock ore. Its accumulation in soil from heavy 

P fertilizer application has already been reported by a number of studies (Lagerwerff, 

1971; Mortvedt, 1987). Some other toxic elements have also been found in phosphate 

minerals, such as arsenic, chromium, lead and the radioactive element uranium (Menzel, 

1968; Lisk, 1972; Sharpley and Menzel, 1987). Although some researchers reported no 

significant increase in the uptake of toxic elements when P fertilizers were added at 

normal dosage, toxic elements supplied by P fertilizers may accumulate in soils in the 

long run and have potential ecological hazards (Andersson & Mahlin, 1981; Mortvedt, 

1987; Sharpley & Menzel, 1987). In addition, when P fertilizers dissolve, P ions released 

into the soil solution can react with dissolved iron, calcium, and magnesium ions to form 
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insoluble hydroxy phosphate precipitates that may decrease cation nutrients available for 

plants (Smil, 2000).  

Despite the possible impacts on terrestrial environments, P discharge from 

agricultural soils becomes an environmental concern mainly because of its role in water 

eutrophication. Both nitrogen (N) and P substantially runoff from agricultural soils and 

stimulate the growth of algae (Nixon et al., 1996; Smil, 2000), but P is often the limiting 

factor responsible for eutrophication since N fluxes to water bodies are relatively large 

(Liu et al., 2008b). And from the management perspective, it is easier to realize the 

control of P because of its limited atmospheric exchange compared with N, which 

highlights the importance of scientific studies on P fluxes from agricultural soils to water 

bodies (Sharpley and Menzel, 1987). Since the 1970s, P has been recognized as one of 

the primary controlling nutrients in lakes and other water bodies (Edmondson, 1970; 

Schindler, 1974). The critical value of total P is considered 0.02 mg/L where 

eutrophication can be accelerated, which is far lower than P concentrations in soil 

solution that are required for agricultural plant growth, indicating that agricultural soil 

can be an important source of P for downstream water bodies (Daniel et al., 1998; Parry, 

1998; Huang et al., 2017a). The leaching of P is relatively less serious compared with N 

fertilizers due to substantial retention by soils. However, discharge of P through surface 

runoff and tile drainage leads to significantly higher levels of P downstream of 

agricultural soils (King et al., 2015b; Kleinman et al., 2015). It is estimated that 10.5 Mt 

P per year is lost from cropland around the world, and its role in eutrophication is 

expanding due to the increasing input of P associated with agricultural activities (Liu et 

al., 2008b). In developed countries where point-source P pollution has already been 

controlled, agricultural soils are often the largest P source for eutrophic water bodies 

(Dubrovsky et al., 2010; Kleinman et al., 2011). 

 

1.2.1. The influence of excessive P in freshwater environments 

The major process of eutrophication caused by excessive P is that the intense 

anthropogenic input changes P status from a commonly growth-limiting level to 

mesotrophic or even hypereutrophic level, which stimulates the growth of algae, 

cyanobacteria, and aquatic macrophytes in water bodies (Correll, 1998; Smil, 2000). In a 
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laboratory experiment, Boyd and Musig (1981) added 0.3 mg/L soluble P to fish pond 

water and observed that an average of 41% of the additional P was absorbed within 24 h 

by planktonic communities in the water samples (Boyd and Musig, 1981). When natural 

water bodies receive excess P from agricultural drainage water, P is also taken up and 

stimulates the overgrowth of certain algae species (Edmondson, 1970; Paerl et al., 2011). 

The bloom and eventual decay of these organisms lead to undesirable environmental 

consequences. 

On the one hand, large amounts of algae reduce water clarity and limit transparency. 

Thick mats of phytoplankton even block the water surface; on the other hand, the decay 

of dead plant biomass depletes dissolved oxygen in the water, and releases odorants in 

water (Pitois et al., 2001; Bryant and Matzinger, 2012; Lee et al., 2017). Some neuro- and 

hepatotoxins may even be produced when dead algae are decomposed and may pose a 

serious health hazard to livestock and humans (Lawton and Codd, 1991; Pitois et al., 

2001). Thus, eutrophication can change clean lakes and streams into soupy and toxic 

scum, affecting their recreational functions, and making them unsuitable as drinking 

water sources. Many countries and cities’ drinking water supplies have suffered the threat 

of water eutrophication, such as the algal blooms in Lake Erie and the Great Lakes in the 

US, and the cyanobacterial blooms in Lake Taihu and Lake Chaohu in China (Anderson 

et al., 2002; Paerl et al., 2011; Michalak et al., 2013; Chen and Liu, 2014; Watson et al., 

2016; Clark et al., 2017). Besides, the economic value of water bodies is also affected. 

Fish production and diversity are greatly reduced by algal blooms (Starling, Lazzaro, 

Cavalcanti, & Moreira, 2002; Seehausen, Alphen, & Witte, 1997).  

 

1.2.2. The influence of excessive P in coastal areas 

P used to be considered mainly related to freshwater eutrophication, but now it has 

also been implicated as a primary or contributing nutrient in coastal eutrophication 

(Correll, 1998; Kleinman et al., 2011). When rivers carry P into estuaries, similar 

environmental impacts are also exerted on coastal water systems. Excess P stimulates the 

growth of algae and zooplankton fed on algae, thus initially increasing the biomass in 

coastal ecosystems. But when the plankton die and bacteria decompose the residues, the 

oxidation of organic matter consumes dissolved oxygen, resulting in the formation of the 



 

5 

hypoxic zone. Since oxygen is necessary for all fishes and invertebrates, the waters are 

depleted of oxygen (hypoxia), resulting in a degraded ecosystem commonly known as 

“dead zone”.  

Hypoxic zones occur naturally in many marine environments, but human activities 

significantly increase their occurrence in coastal areas (Diaz, 2001; Diaz and Rosenberg, 

2008). These zones of anthropogenic origin are among the most widespread and serious 

environmental problems in the current world. Some of the largest ones occur in the 

northern Gulf of Mexico, the East China Sea and the Baltic Sea (Chen et al., 2007; 

Conley et al., 2011; White et al., 2014). The occurrence and size of the hypoxic zone 

depend on weather, hydrological and seasonal factors (Joyce, 2000; Diaz, 2001; Zhu et 

al., 2016), and thresholds differ at 2~3 mg/L dissolved oxygen (Chen et al., 2007; Diaz 

and Rosenberg, 2008; Conley et al., 2011). However, it is generally acknowledged that 

the anthropogenic hypoxia problem is escalating in many coastal areas around the world. 

Hypoxia was first documented in the northern Gulf of Mexico coast in 1972 (LUMCON 

2017), now the largest anthropogenic dead zone in the western hemisphere, where more 

than 60% of P originates from agricultural soils in the Mississippi-Atchafalaya River 

Basin (Joyce, 2000; Dodds, 2006; White et al., 2014). The area of the hypoxic zone in the 

northern Gulf of Mexico was more than 14,500 km2 in the summers of 2004 through 

2013 (Rabotyagov et al., 2014). But the newest study showed that in 2017 summer the 

hypoxic zone in this area has reached 22,720 km2, the biggest ever measured (LUMCON 

2017). In the East China Sea, coastal hypoxia was first documented in the bottom waters 

of Yangtze Estuary in August 1981, and the hypoxic area was estimated at more than 

12,000 km2 in 2003. And research in the Baltic Sea covering 115 sites that have 

experienced hypoxia during the period 1955 - 2009 also reported a significant long-term 

increase in hypoxic profiles (Conley et al., 2011).  

Overall, an anthropogenic hypoxic zone is a global environmental problem that 

increasingly affects coastal ecosystems and human life. Reduced water quality and 

declining fishery production and biodiversity are common consequences in hypoxic 

zones brought about by coastal eutrophication (Ryther and Dunstan, 1971; Jørgensen and 

Richardson, 1996; Pitois et al., 2001). Benthic fish communities are especially vulnerable 

to hypoxia (Ryther and Dunstan, 1971; Conley et al., 2011). Toxic substances may also 
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be released from cyanobacteria and other microorganisms, among which toxin-producing 

Pfiesteria is a typical case due to its massive fish kills and serious human health impacts 

(Burkholder and Glasgow, 1997; Grattan et al., 1998). 

 

1.3. Sources of anthropogenic phosphorus 

Although excessive P is causing environmental problems in many regions of the 

world, all P in the biosphere comes from the gradual weathering of phosphate rocks at a 

low rate in the lithosphere (Chen et al., 2008). Smil (2000) reported that the natural 

release of P should be about 10 Mt/year globally. Ahl (1988) estimated the virgin 

atmospheric deposition in the Northern Hemisphere to be less than 5 kg P km-2 yr-1 (Ahl, 

1988).  However, human activities have substantially intensified the release of P over the 

past two centuries. Aside from intensified soil erosion that accelerates lithospheric P 

mineralization, a number of human activities discharge large quantities of P to soil and 

waters directly. Fertilizer application to agricultural soils including chemical P fertilizers 

and livestock manures, as well as the discharge of municipal wastewater, are the major 

causes of this increase (Liu et al., 2008b; Cooper and Carliell-Marquet, 2013; Li et al., 

2016). 

 

1.3.1. Chemical fertilizers 

By treating phosphate rocks with acid, modern chemical P fertilizers were produced 

and applied since the 1840s (Lehr, 1980). A wide variety of highly refined, water-soluble 

P fertilizers are available today, such as concentrated superphosphate (CSP), 

monoammonium phosphate (MAP), diammonium phosphate (DAP) and ammonium 

polyphosphate (APP). Fertilizer consumption data show that DAP has surpassed 

superphosphate and now ranks as the most popular P fertilizer worldwide, representing 

than 50% of the market (IFA, 2017). Global consumption of all P fertilizers was more 

than 1 Mt P yr-1 during the late-1930s, exceeded 5 Mt P yr-1 by 1960, and reached 15 Mt 

P yr-1 in 2000 (Smil, 2000). Since 2004, the global P fertilizer consumption has been as 

high as 20.4 Mt P (FAO, 2006), and the increase is expected to continue due to increasing 
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crop demand from a burgeoning human population (Fixen et al., 2015; Sattari et al., 

2014).  

Agricultural P input varies widely across the world. Application of P fertilizer is 

most intensive in the mid-western United States and eastern China (Potter et al., 2010). In 

the United States, P fertilizer use increased by 3.4 times from 1945 to 1970 and leveled 

off at 1.8 Mt P yr-1 in the 2000s (Yang et al., 2016). Only about 30% of the P from 

fertilizers is output in agricultural produces, resulting in an average accumulation rate of 

22 kg ha-1 yr-1 for surplus P (Carpenter et al., 1998b). Excess fertilization causes P 

accumulation in soil. Large quantities of P are also transported to aquatic ecosystems, 

becoming a major nonpoint source of P input in the United States. The highest P input 

from chemical fertilizers occurs in mid-west agricultural areas like Iowa, Illinois, and 

Indiana (Potter et al., 2010). Although total P concentrations have decreased in many 

water bodies, excessive P is still a primary issue in some regions such as Lake Erie and 

the Upper Mississippi River Basin (Litke, 1999; Dolan and Chapra, 2012). In China, P 

fertilizer consumption increased by 3.3 times from 1978 to 2004 and reached 50.9 kg P 

ha-1, which accounted for 55.8 % of total agricultural input in 2004 (Chen et al., 2008).  

The P input has already exceeded crop requirement and led to environmental problems in 

many agricultural areas.  It was estimated that average P input and output were 28.9 kg 

ha-1 and 14.2 kg ha-1 respectively in China in 2004, leading to an average P surplus of 

14.7 kg ha-1 (Chen et al., 2008; Li et al., 2016). According to the 1st National census of 

pollution sources in China, 28.47 Mt P losses from agricultural activities were the 

dominant contributor to the total P losses in 2007 (MOEP and MOA, 2010). The Yangtze 

Basin, where net annual P input was estimated to be 9.4 kg ha-1 in 2010, received 43% of 

national P production in China (Powers et al., 2016).  

 

1.3.2. Livestock and poultry manures 

Livestock and poultry manure is a traditional source of soil nutrients. Proper 

application of manure can enhance crop growth, improve soil quality, and reduce the use 

of chemical fertilizers (Akhtar et al., 2005; Tao and Mancl, 2008). However, improper 

manure application can also cause a series of environmental problems. Aside from 

potential heavy metal and antibiotic pollution from manure application, overloaded 
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macronutrients built up in soils also degrade soil quality and cause aquatic problems 

(Potter et al., 2010; Ouyang et al., 2013). Modern confinement livestock operations in 

feedlots accentuate the problem by intensively producing large amounts of manures with 

high P concentration that exceed the storage capacity of nearby croplands (Carpenter et 

al., 1998b; Pitois et al., 2001). Globally, P release from manure is basically of the same 

magnitude as P from inorganic fertilizer. Smil (2000) estimated P release from manures 

to be 5–10 kg P/ha annually, and Potter et al. (2011) reported the level of over 20 kg/ha 

manure P in east China, mid-America, and some other agricultural regions. In terms of 

livestock and poultry species, manure can be classified into cattle manure, swine manure, 

chicken manure, etc. The content of P varies with different manure sources. Poultry 

manures usually have higher P content than livestock manure, and swine manure is 

higher than cattle manure in P content (Akhtar et al., 2005; Ouyang et al., 2013). 

In the United States, manures have been similar to chemical fertilizers for 

agricultural P input since the 1970s. About 112 Mt manures (dry basis) containing 1 Mt P 

were produced by livestock and poultry in 1974, about half of which was voided by cattle 

on rangeland (Van Dyne and Gilbertson, 1978). In 2012, manure P was 1.73 Mt P, a 92% 

increase from 1930 that averaged 2.15 ± 0.36 kg P ha-1 yr-1 at the national scale. There is 

extensive spatial variability in the distribution of manure P loads. Most counties with 

manure P loads of more than 2 kg ha-1 yr-1 were located in the Upper Mississippi River 

Basin including southern Minnesota, southern Wisconsin, Iowa, northern Illinois, western 

Ohio, eastern Nebraska and northern Missouri, and the highest manure P loads exceeded 

6.7 kg P ha-1 yr-1 (Yang et al., 2016). Major manure P sources vary with animal 

population structures in different counties. Cattle are the primary manure P contributor in 

most U.S. counties, but swine plays an important role in northeast US and chicken 

production is the major manure P source in many southeast counties (Dubrovsky et al., 

2010; Suh and Yee, 2011; Yang et al., 2016). Different application methods have been 

developed for manures. Banding application or incorporation into soils can help to reduce 

manure P runoff (Kleinman et al., 2002; Tarkalson and Mikkelsen, 2004). Solid manures 

are usually mixed with soils along with tillage, and a number of technologies such as disk 

injection, aeration infiltration, and pressure injection have also been developed to 
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incorporate slurry manures in no-till farming systems (Meisinger and Jokela, 2000; 

Maguire et al., 2011). 

In China, along with the fast growth of livestock and poultry husbandry in recent 

decades, both the production and the P content in manure increased considerably (Van 

Dyne and Gilbertson, 1978; Li et al., 2016). The total production of manures was 22.1 

billion tons in 2003, mainly applied by surface broadcasting with tillage incorporation (Li 

and Lu, 1991; Li et al. 2009; Shi et al., 2011). According to Li et al. (2009), the average P 

content was 3.97% in swine manure, 3.53% in chicken manure, 1.49% in cattle manure, 

which increased by more than 50% compared with the results investigated in the 1990s. 

Ouyang et al. (2013) reported that swine, chicken, cattle, cow, and sheep contributed 

45.6%, 12.8%, 8.9%, and 1.0 % respectively to the total manure P in 2008. Leading 

livestock species on the contribution of P release were spatially different. Swine was the 

major source for manure P in southern China, while cattle and sheep play a larger role in 

the north. The high manure P loads were mainly concentrated in the northeastern 

provinces of China such as Shandong, Hebei and Hunan province. Hunan province had 

the top manure P loads along the Yangtze River (Geng et al. 2013; Ouyang et al., 2013).  

 

1.3.3. Municipal sewage and industrial waste 

Modern urban residents consume considerable P-containing products. The annual 

output of P from human waste, detergents and other household cleaning products was 

estimated to be more than 1 kg per capita, which could transform to hundreds of kg P/ha 

in some crowded cities. In 2000 the global population of just over 6 billion people 

released almost 3Mt P in its wastes (Smil, 2000; Parsons and Smith, 2008). Despite the 

large amount, P input from municipal wastewater is relatively easy to monitor and control 

due to its concentrated and continuous discharge (Carpenter et al., 1998b; De-Bashan and 

Bashan, 2004; Bouwman et al., 2009). Chemical precipitation and biological processes 

can remove more than 90% of all influent P, leaving less than 1 mg L-1 P in water after 

treatment (Parsons and Smith, 2008). In addition, the sludge produced from wastewater 

treatment contains high concentrations of P, which is a potential source of P in fertilizers 

(De-Bashan and Bashan, 2004; Egle et al., 2016). In many developed countries and 

regions, municipal and industrial wastewater contribute only a small portion of total P 
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input due to the widespread adoption of water treatment practices. For instance, Powers 

et al. (2016) showed that the P export of the Thames River Basin in the UK declined by 

86% during the 2000s in association with a lowered P flux from sewage treatment. 

According to Cooper and Carliell-Marquet (2013), industrial applications accounted for 

only 5 % of total P input in the UK. Research on the transport of P in the Midwestern 

United States also showed that municipal sources contributed about 20% of P loading to 

Lake Erie during the period 1994-2008, and most of the rest came from the non-point 

agricultural soils through surface runoff and tile drainage (Dolan and Chapra, 2012; 

Smith et al., 2015). However, in developing regions where wastewater treatments are still 

lagging behind, municipal sewage and uncontrolled industrial waste discharge may make 

a larger contribution to total P loads. In China as of 2003, 91% of industrial wastewater 

was treated before discharge, as compared to only 32% of urban domestic sewage 

(National Bureau of Statistics, 2004).  Gao et al. (2016) analyzed nutrient release in the 

Yangtze River Basin around the Three Gorges Reservoir and reported an extremely high 

value (0.4 mg/L) of total P in Wulong City, which was mainly attributed to the 

inappropriate mining of phosphate rock resources. However, the export of P in the 

Yangtze River, which contributed 0.03 Mt P yr-1 to the East China Sea, was mainly 

derived from the increasing use of chemical fertilizers in drainage basins (Yao et al., 

2009; Wang et al., 2016). 

 

1.4. The concentration and speciation of P in agricultural waters 

P is an essential macro-element for all living organisms, and phosphorus fertilization 

is a common practice to ensure high production of crops (Bouwman et al. 2017; Lehr, 

1980; Suh and Yee, 2011). Although only a small fraction of P in fertilizers would be 

expected to be lost in drainage waters due to the strong adsorption by soil, particulate and 

colloidal P can also be transported into downstream waters (Sims et al., 1998; Filippelli, 

2008; Suh and Yee, 2011). Increases in the amounts of soluble and particulate P 

transported in agricultural drainage have been widely observed following the application 

of P fertilizer, and the release of fertilizer P was especially acute during periods of high 

rainfall and flood irrigation (Sharpley and Menzel, 1987; Kleinman and Sharpley, 2003; 

Kleinman et al., 2011).  



 

11 

1.4.1. The concentration and speciation of P 

P can be released from agricultural fields via soil erosion, surface runoff and/or tile 

drainage. Surface runoff was once believe to be the major pathway of P leaching from 

agricultural soils, but now tile drainage is recognized to be of great importance to 

agricultural P loss (Smith et al., 2015; Zhang et al., 2015; Van Esbroeck et al., 2016).  

According to a field study in the Midwestern United States, tile discharge accounted for 

48% of total P loss in the field (Smith et al., 2015). A concentrations of P in both surface 

runoff and tile drainage are highly variable, but can easily exceed the critical levels for 

accelerated eutrophication (0.02~0.03 mg/L) (King et al., 2015b). A concentration of 20 

mg P/L was even recorded in previous studies (Christianson et al., 2016). Numerous 

studies have been conducted on P loss via runoff and tile drainage with respect to water 

eutrophication. Many different forms of P were measured in these studies such as total P 

(TP), particulate P (PP), total dissolved P (DP), dissolved reactive P (DRP), dissolved 

unreactive P (DURP), etc. TP, PP, and DRP are most commonly collected and used to 

compare among different studies (Sims et al., 1998; Zhang et al., 2015). Christianson et 

al. (2016) analyzed drainage P losses from 91 agricultural drainage studies and reported 

that dissolved forms of P accounted for about 40% of total P load when both DP and TP 

were reported. Compared with surface runoff water, PP accounted for a larger proportion 

of TP in tile drainage water, even more than 80% of TP according to some studies (Tan 

and Zhang, 2011; Zhang et al., 2015). Laubel et al. (1999) reported 0.177~0.876 mg/L of 

PP loss via subsurface drainage whereas 0.042~0.103 mg/L of DP was lost in a controlled 

pot experiment. A number of studies reported colloidal P as an important component of P 

in agricultural runoff but its speciation and transport are still poorly understood. Turner et 

al. (2004) operationally defined colloidal molybdate-reactive phosphorus (MRP) as MRP 

associated with particles between 1 nm and 1 µm diameter and determined this 

component by ultrafiltration. They reported that concentrations of colloidal MRP ranged 

between 0.16 and 3.07 µM, accounting for 11~56% of the MRP in the 1 µm fraction in 

surface runoff from three calcareous soils. Heathwaite et al. (2005) evaluated colloidal P 

loss from agricultural soils and suggested that the mobilization of colloidal P significantly 

facilitates subsurface P transfer from soil solution and surface-applied fertilizers or 

manures. 
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1.4.2. Influencing factors  

The reported concentrations of P discharged from agricultural soils varies with a 

number of factors. The most important influence comes from fertilization events. Zhang 

et al. (2015) observed 159~444% increases of DRP in the tile drainage water of different 

cropping systems when comparing treatments with and without P fertilization. Regelink 

et al. (2013) reported TP lower than 21 μmol/L in drainage water in a field without 

manure for almost 7 months, and the P was almost evenly distributed among DRP, DUP 

and PP fractions. When cattle slurry or its solid fraction was applied, the concentrations 

of TP increased by 60 and 4 times, respectively, and the proportion of DRP increased to 

no less than 50%. The effect of fertilization on P concentrations in agricultural discharge 

will gradually decrease due to sorption of P by soil colloids and the decrease of total P 

from previous runoff (Kleinman and Sharpley, 2003). Gascho et al. (1998) observed 

more than 5 mg/L DRP in surface runoff after broadcast fertilization with 45 kg P/ha 

chemical fertilizers, which decreased to less than 1 mg/L after successive rainfall 

simulations. Daverede et al. (2004) reported average P runoff to be 5.6~10.3 mg DRP/L 

for simulated rainfall one month after fertilization, and about 1.3 mg DRP/L for six-

month rainfall simulation. While the runoff of P from fertilizers gradually declines after 

application, long-term P fertilization will cause P accumulation in soils, creating a 

chronic P source to drainage waters (Kleinman et al., 2011). Other factors influencing P 

loading of agricultural drainage, including the types and amount of P fertilizers applied, 

and the methods of applications used; the type of vegetation present, drainage 

management, etc. 

 

1.4.2.1 Types of P fertilizers 

P can be introduced to soil either through chemical fertilization or by the application 

of livestock and poultry manures. Either source can be dominant depending on the 

countries involved. In general, chemical fertilizer is the major contributor of agricultural 

P in the developed north and parts of India and China, while manure tends to dominate in 

the southern hemisphere (Potter et al., 2010). On a global scale, Bouwman et al. (2009) 

estimated the P supplied by chemical fertilizers and manures to be 13.8 Mt and 17.1 Mt 
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in 2000, while Potter et al. (2010) estimated that 14.3 Mt yr-1 and 24.3 Mt yr-1 of P were 

applied to soil through chemical fertilizers and manures respectively ( Potter et al., 2010).   

Some studies showed that P from chemical fertilizers has a higher potential for 

leaching loss than P from manure. Withers et al. (2001) surface-applied triple 

superphosphate (TSP) and liquid cattle manure both at rates of 60 kg P/ha and determined 

the P runoff during the first rainfall that occurred 3 weeks after the application. The DRP 

concentrations were 6.5 mg /L for the TSP treatment and 3.8 mg/L for the manure 

treatment. Eghball and Gilley (1999) also reported greater P runoff with chemical 

fertilizer than cattle manure application, but Daverede et al. (2004) observed higher 

concentrations of DRP in runoff from soils with liquid swine manure application at 33.1-

39.4 Mg P/ha than the soils with TSP application at 54 kg P /ha. Bertol et al. (2010) also 

reported that the application of manure led to a higher rate of P runoff than did mineral 

fertilization when 21.4 kg P/ha chemical fertilizer and 16.8 kg P/ha liquid swine manure 

were separately applied. Organic fertilizers from different sources also result in different 

magnitudes of P loss in runoff (Christianson et al., 2016). Kleinman and Sharpley (2003) 

observed a significant difference in DRP in the runoff from manured soils that decreased 

in the order, poultry manure (0.3–32.5 mg DRP/L) > swine manure (0.3–22.7 mg 

DRP/L) > dairy manure (0.4~2.2 mg/L DRP/L).   

 

1.4.2.2 Application rates and methods of P fertilizers 

In addition to the source of P fertilizers, the application rate and application method 

also affect the concentration of P in agricultural discharge. The positive relation between 

P loss from agricultural drainage and application rate has been reported for both chemical 

fertilizers and manures. For instance, Edwards and Daniel (1992) reported the 

concentrations of DRP in runoff to be 0.8, 16.2, and 34.5 mg/L following broadcast 

application of poultry manure slurry at 0, 76, and 304 kg P/ha, respectively. However, the 

rate effect of fertilizers on P loss may not become apparent if P fertilization is not 

excessive (Izuno et al., 1991; Christianson et al., 2016). 

A number of studies also explored the influence of fertilizer application methods. In 

general, broadcast application leads to a large P load in runoff from agricultural soils 

(Kleinman and Sharpley, 2003). Daverede et al. (2004) observed greater P runoff from 
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soils with surface-applied manure than from soils with injected manure during rainfall 

simulation one month after the manure application, although no significant difference 

was observed when the rainfall occurred after six months. Christianson et al. (2016) also 

recommended incorporating manure to disrupt the hydraulic conductivity of soil macro-

pores and thereby reduce P loss.  

 

1.4.2.3 Other factors 

Fertilization is the major event that influences the load and speciation of P loss from 

agricultural soils, but P runoff is also affected by some other factors such as agricultural 

strategies and drainage management (Sims et al., 1998). Zhang et al. (2015) studied P 

loss in tile drainage water in three different cropping systems (continuous corn, corn–

oats–alfalfa– alfalfa rotation, and continuous grass). The concentrations of DRP were 

0.105, 0.131, and 0.354 mg/L, respectively. The speciation of P also differed in different 

cropping systems. Particulate P accounted for 62~72% of TP in tile drainage from 

cropland under continuous cultivation, reflecting limited labile P in top soils, while 

dissolved P accounted for 72% of TP in tile drainage from >40 years continuous non-

native grass systems. Gaynor and Findlay (1995) compared P loss from surface runoff 

and tile drainage in a cornfield with different tillage practices (no-till, ridge till, and 

conventional tillage). They reported that the concentrations of ortho-P were 0.54, 0.34, 

and 0.24 mg/L, respectively, in tile drainage water, and 1.02, 0.55, and 0.29 mg/L in 

surface runoff. While conservation tillage can reduce P loss via soil erosion, it 

significantly increased P loss through runoff as compared with conventional tillage. This 

trend was also observed by Christianson et al. (2016), based on the findings that no-till 

caused a significant tripling of the P load in agricultural drainage, relative to the level of 

0.04 kg P/ha measured for conventional tillage. 

Different concentrations and speciation of P have also been observed in comparing 

different drainage systems. Valero et al. (2007) reported that drainage water management 

(DWM) effectively reduced tile drainage volume, but TP concentrations in the drainage 

water increased by 131% compared to the free drainage. Dissolved reactive P (DRP) 

concentration (0.053 mg/L) in the tile system was significantly greater than that in the 
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free drainage system. The overall P load in drainage increased with DWM, and DRP 

accounted for a larger proportion (~80%) of TP as compared with free drainage (67%).  

 

1.5. Reactive adsorbents for dissolved P 

In the last few decades, several methods have been suggested to measure the 

concentration of P in waters. The most common one is grab sampling, which obtains 

time-discrete records of the concentration of target substances (Müller et al., 2007; 

Rozemeijer et al., 2010; Worsfold et al., 2016). The precision and accuracy of grab 

sampling rely heavily on the sampling frequency, which is limited by manual labor 

especially for its application in long-term and large-scale monitoring (O’Brien et al., 

2009; Knutsson et al., 2013; Edenborn et al., 2017). The minimum detectable 

concentration is also limited by the volume of sampled water at each time. Other 

monitoring methods also have their own drawbacks. For example, automatic samplers 

and analyzers are expensive to purchase and maintain (Rozemeijer et al., 2010); paper-

based devices for in-site determination are convenient and cost-efficient, but the detection 

limit is relatively high and the accuracy is also affected temporal variation of the 

contaminant concentrations (Jayawardane et al., 2012; Almeida et al., 2018). Since the 

discharge of DRP from agricultural fields normally occurs at low concentration but can 

be intensive during heavy precipitation events (Müller et al., 2007; King et al., 2015b; 

Smith et al., 2015), the above monitoring methods are not ideal for the evaluation of P 

loss from agricultural fields. Passive sampling techniques rise as a promising alternative 

in this case. Passive sampling is based on the accumulation of target substances in 

reactive adsorbents that are deployed on-site. A time-weighted average concentration can 

be calculated according to the amount of the target substances on adsorbents after a 

certain period of deployment, which can be several days to months (Ahrens et al., 2015). 

Thus, the reactivity of adsorbents for P becomes a key factor in the passive detection 

method. Numerus attempts have been made to measure the concentration of DRP in 

water bodies using various adsorbents such as metal oxyhydroxides, anion exchange 

resins, layered double hydroxides, calcium and magnesium oxides, and zirconium and 

lanthanum oxides. The results of P adsorption capacity and adsorbent characteristics are 

summarized below.  
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1.5.1. Metal oxyhydroxides 

Metal (oxyhydr)oxides have been widely studied for the removal of phosphate in 

wastewater, including iron oxides that combine low cost and high efficiency in P 

removal. The results of P adsorption studies using different Fe-based adsorbents along 

with their experimental conditions and methods are summarized in Table 1.1.  

Since the 1970s, researchers have extensively studied the adsorption of phosphate on 

a variety of Fe minerals, such as goethite (e.g., Atkinson et al., 1974; Parfitt et al., 1975; 

Parfitt and Atkinson, 1976; Madrid and Posner, 1979; Parfitt, 1989; Tejedor-Tejedor and 

Anderson, 1990; Strauss et al., 1997; Ioannou et al., 1998; Antelo et al., 2005; Luengo et 

al., 2006), hematite (Barron et al., 1988; Elzinga and Sparks, 2007; Huang, 2004; Madrid 

and de Arambarri, 1985; Parfitt, 1989; Parfitt et al., 1975; Torrent et al., 1994), 

ferrihydrite (Arai and Sparks, 2001; Parfitt, 1989) and lepidocrocite (Madrid and de 

Arambarri, 1985; Parfitt et al., 1975) (Table 1.1). These Fe minerals differ in their P 

adsorption capacities. Parfitt (1989) reported that phosphate retention decreased in the 

order, ferrihydrite > goethite > hematite. A similar sequence was reported by McLaughlin 

et al. (1981) and Huang (2004), which was related to the crystallinity and specific surface 

area of different minerals. McLaughlin et al. (1981) found a positive linear relationship 

between hydroxyl buffering and P adsorption capacity, suggesting ligand exchange as the 

mechanism that was also explored in several other studies, especially for the coordination 

and protonation state of phosphate-iron complexes using infrared analyses and 

electrophoretic mobility measurements (Arai and Sparks, 2001; Atkinson et al., 1974; 

Elzinga and Sparks, 2007; Luengo et al., 2006; Parfitt et al., 1975; Parfitt and Atkinson, 

1976; Tejedor-Tejedor and Anderson, 1990). For instance, Arai and Sparks (2001) 

explored the in-situ phosphate adsorption mechanisms at the ferrihydrite–water interface. 

The results from adsorption envelopes, electrophoretic mobility measurements, and 

Attenuated Total Reflectance–Fourier Transform Infrared (ATR–FTIR) spectroscopy all 

supported an inner-sphere adsorption mechanism. Specifically, the complexes were 

proposed as non-protonated, bidentate binuclear species at pH ≥ 7.5, and protonated 

species at pH 4-6.  

Several studies were later conducted with Fe-bearing materials as adsorbents for P 

removal from wastewater. For use under field conditions, consideration must be given not 
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only to adsorption capacity, but also to a material’s stability, reusability, and stability 

under varying conditions. Yoon et al. (2014) studied magnetic iron oxide nanoparticles, 

which had an advantage for magnetic separation and reuse in water treatment but were 

relatively low in P sorption capacity (~162.3 mmol/kg). Lalley et al. (2016) tested a 

goethite-based commercial sorbent, Bayoxide@ E33, and three modified adsorbents for P 

removal from lake water. The maximum sorption capacity (~396.8 mmol /kg) was lower 

than expected from deionized water-based studies, possibly due to the influence of 

dissolved organic matter.   

To increase P adsorption capacity, Fe and other metals were combined with 

composite materials. Li et al. (2014) synthesized a Fe-Cu binary oxide with an Fe/Cu 

molar ratio of 2:1, for which the calculated maximum adsorption capacity was 

approximately 371.0 mmol/kg at pH 7 and 419.4 mmol/kg at pH 5. Zhang et al. (2009) 

synthesized an Fe-Mn binary oxide with an Fe/Mn molar ratio of 3:1, which provided an 

adsorption maximum of 1,161.3 mmol/kg at pH 5.6. The material showed high selectivity 

for phosphate compared with other common anions and had the advantage of low-cost. 

Lu et al. (2013) further added aluminum to the Fe-Mn binary oxide and obtained Fe-Al-

Mn tri-metal oxide with a Fe: Al: Mn molar ratio of 3:3:1. The sorption capacity for 

phosphate was ~1,558.1 mmol/kg at 25 ℃, which exceeded that of any single component 

oxide evaluated. 

Aluminum (oxyhydr)oxides are another type of metal oxide that can strongly adsorb 

phosphate. McLaughlin et al. (1981) examined the adsorption of phosphate by a range of 

Al-containing components and reported that adsorption capacity decreased in the order of 

allophane > A1 gel > Fe-coated kaolinite > gibbsite ~ ground kaolinite. Allophane can 

adsorb phosphate as high as 1,720 mmol/kg from solution with an initial P concentration, 

0.1 mM at pH 6.0, which was far greater than P adsorption by other Fe minerals (<100 

mmol/kg). Özacar (2003) studied the adsorption of phosphate on alunite, another mineral 

enriched with aluminum oxides that showed an adsorption maximum of 1,354.8 mmol/kg 

at pH 5, indicating good potential for economical and efficient P removal in wastewater. 

Li et al. (2015) studied the effect of Al3+ substitution in goethite on P adsorption. The 

result showed that P adsorption increased with the amount of Al substitution. It was 
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attributed to the effect of Al incorporation in causing structural defects that inhibited 

crystallization and increased the surface area and available active sites for P sorption. 

In the above laboratory studies of iron and aluminum (oxyhydr)oxides, a biphasic P 

sorption process was described as fast sorption at first followed by slow sorption before 

reaching pseudo-equilibrium (Lalley et al., 2016; Lǚ et al., 2013; Luengo et al., 2006). 

This process was best represented by a pseudo second-order kinetic model (Lalley et al., 

2016; Li et al., 2014; L. G. Yan et al., 2010; Yoon et al., 2014; Zhu et al., 2009). 

Freundlich and Langmuir models have been successfully used to fit P adsorption 

isotherm data (Barron et al., 1988; Andreas Ioannou et al., 1998; Torrent et al., 1994; 

Zelmanov and Semiat, 2015; Zhu et al., 2009).  

As for the factors affecting P adsorption by the metal (oxyhydr)oxides, pH, ionic 

strength and coexisting ions were commonly reported in different studies. Although the 

extent of dependence varies among different minerals, an alkaline pH will significantly 

suppress P adsorption on variable charge minerals because of stronger electrostatic 

repulsion from a negatively charged surface (Yan et al., 2010; Zhou et al., 2012). An 

increase in ionic strength has either no significant influence or a positive effect on 

phosphate adsorption, which is in agreement with inner-sphere complexation as the 

dominant mechanism (Antelo et al., 2005; Li et al., 2014; Mallet et al., 2013; Peleka and 

Deliyanni, 2009). Coexisting cations such as Ca and Mg can enhance phosphate 

adsorption because they form ion pairs and reduce the electrostatic repulsion between 

negatively charged groups on the particle surface and phosphate ion in solution (Gao and 

Mucci, 2003). Common anions such as chloride and nitrate usually have no influence on 

specific adsorption of phosphate, but carbonate and sulfate can affect P adsorption, 

depending on the ion concentration, the solution pH, and the composition of adsorbents 

(Chitrakar et al., 2006a; Li et al., 2014; Lǚ et al., 2013; Mallet et al., 2013). Li et al. 

(2014) also reported that coexisting silicate and fluoride significantly suppressed 

phosphate adsorption on Fe-Cu oxide.  

Temperature is another important factor influencing phosphate adsorption. 

According to most thermodynamic studies, P adsorption is an endothermic process that 

occurs spontaneously and is promoted by an increase in temperature (Li et al., 2014; Yan 

et al., 2010; Yoon et al., 2014); however, Yoon et al (2014) found that the capacity of 
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phosphate adsorption for goethite decreased with increasing temperature from 25 to 

65 ℃. 

To facilitate the practical utilization for wastewater treatment, some studies have 

combined iron or other metal (oxyhydr)oxide particles with bulk materials such as clay 

minerals and activated carbon. For instance, Zhou et al. (2012) immobilized nano-

particulates of hydrated ferric oxide (HFO) within macroporous activated carbon fibers, 

producing a hybrid adsorbent with maximum adsorption capacity of 414.8 mmol/kg. Yan 

et al. (2010) modified bentonite into hydroxy-aluminum, hydroxy-iron, and hydroxy-

iron–aluminum pillared bentonites, attaining phosphate adsorption maxima of 409.7, 

361.3, and 338.7 mmol/kg, respectively. Structural characterization showed that 

modification, especially with aluminum, increased the surface area and pore volume of 

bentonite. Similarly, other studies include montmorillonites and laterites modified with 

iron or aluminum (oxyhydr)oxides, which are also reported to be promising adsorbents 

for the removal of phosphate in wastewater (Borgnino et al., 2010, 2009; Huang et al., 

2013; Mahardika et al., 2018; Shin et al., 2004; Zhu et al., 2009). 

Figure 1.1 shows how P adsorption by metal (oxyhydr)oxides varies as a function of 

pH. Except for zero-valent iron (ZVI), most of the adsorbents, especially pure iron 

oxides, show stronger adsorption under acidic conditions, and P adsorption decreases 

with increasing pH. Considering these adsorbents for P removal at near-neutral pH, some 

adsorbents performed well. Among pure iron oxides, ferrihydrite and lepidocrocite 

performed best at near-neutral pH, and some of the composite materials (nanostructured 

Fe(III)-Cu(II) binary oxides, nanostructured Fe-Al-Mn tri-metal oxide, and a Fe-Mn 

binary oxide) also removed P effectively at pH~7.  

 

1.5.2. Zero-valent iron 

Zero-valent iron (ZVI), which refers to powdered or granulated elemental iron 

materials, is a well-studied adsorbent for the removal of P in wastewater (e.g., Li et al., 

2006; Giasuddin et al., 2007; Allred, 2011). Two mechanisms may account for the 

removal of P from solution by ZVI: 1) phosphate complexation with ferrous/ferric ion via 

partial oxidative dissolution and precipitation on the surface of particles due to the low 

solubility of the compounds, and 2) ligand exchange between phosphate and hydroxyl 
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functional groups of iron (oxyhydr)oxide minerals formed via surface oxidation of ZVI 

(Allred, 2012; Almeelbi and Bezbaruah, 2012; Yoshino et al., 2014). Since small particle 

size provides more surface area, colloidal- and nano-ZVI (NZVI) shows better 

performance than granular ZVI (Almeelbi and Bezbaruah, 2012; Liu et al., 2013).  Nano-

ZVI (average particle size <100 nm) has attracted more research attention for its high 

efficiency of P sorption (Bezbaruah et al., 2009; Giasuddin et al., 2007; Li et al., 2006). 

Nano-ZVI has a layered structure comprised of an elemental iron core and a shell of iron 

oxides, which provides both the reductive function of elemental iron and the sorptive 

characteristics of iron oxides (Sun et al., 2006; W. Yan et al., 2010) combined with a 

Brunauer–Emmett–Teller (BET) surface area as high as 61 m2/g (Eljamal et al., 2016). 

Due to different synthesis conditions and testing environments, the P sorption capacity of 

ZVI varies from 73 to 7,924 mmol/kg among various studies (Almeelbi and Bezbaruah, 

2012; Eljamal et al., 2016; Wen et al., 2014).  

The effects of pH, ionic strength, and coexisting ions on P sorption were explored by 

several researchers (Almeelbi and Bezbaruah, 2012; Eljamal et al., 2016; Sleiman et al., 

2017; Wen et al., 2014). Their findings show that the sorption of phosphate by ZVI is 

negatively influenced by increasing solution pH, but a considerable amount of adsorption 

capacity still remains at near-neutral pH. Common anions such as sulfate and nitrate 

generally did not affect the P sorption capacity, but there is divergence on the influence 

of ionic strength. While Almeelbi and Bezbaruah (2012) and Wen et al. (2014) reported 

that ionic strength did not have an appreciable effect on P sorption, Sleiman et al. (2017) 

observed that P sorption capacity increased from 281 to 503 mmol/kg as ionic strength 

was raided from 1 to 500 mM. Since the point of zero charge of ZVI is 7.5-8.5 (Almeelbi 

and Bezbaruah, 2012; Lenell and Arai, 2017; Sun et al., 2006; W. Yan et al., 2010), the 

particle surface is positively charged in acidic and neutral environments. Therefore, 

electrostatic attraction is also involved in the mechanism of phosphate adsorption by ZVI 

particles aside from inner-sphere complexation.  

Unfortunately, the small particle size of ZVI interferes with the field application by 

reducing stability, promoting the formation of agglomerates, and impeding separation 

from the working medium. Modifications of ZVI have therefore been developed, which 

involve mixing the ZVI with other metals, the use of coating materials or emulsifying 
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agents or deposition on a solid support (Fu et al., 2014; Jeong et al., 2014; Sleiman et al., 

2016). For instance, Khalil et al. (2017) synthesized nano-ZVI supported on treated 

activated carbon that was effective for P removal from wastewater. 

The P adsorption data of three ZVIs are shown in Figure 1.1. The studies by Wen et 

al. (2014) and Sleiman et al. (2017) showed promising results from using ZVI to remove 

P at near-neutral pH values, while most of the pure iron oxyhydroxides did not retain P at 

pH ~7.  

 

1.5.3. Anion exchange and hybrid resins 

Anion exchange resin is another important class of material that has been employed 

for removing P in wastewater (e.g., Yoshida and Galinada, 2002; Anirudhan et al., 2006, 

Sowmya and Meenakshi, 2014). The results are summarized in Fig. 1.2 and Table 1.2.  

Anion exchange resins consist of three-dimensional frameworks of macromolecular 

hydrocarbon chains and have positively charged functional groups such as amino groups 

(Awual et al., 2011b; Loganathan et al., 2014). Phosphate ions are adsorbed via exchange 

with chloride or other anions on the surface. However, the non-specific adsorption 

mechanism often leads to low selectivity between phosphate and anion exchange resins, 

as reported in early studies. Kunin and Myers (1947) found that several anions, including 

sulfate and nitrate, had higher exchange potentials than phosphate on a polyamine anion 

exchange resin, Amberlite IR4B (DuPont Co. Wilmington, DE, USA). Using an anion 

exchange resin, Dowex 1 x 8-50, Christensen and Posner (1980) reported that selectivity 

was higher for chloride than for either HPO4
2- or H2PO4

- . Boari et al. (1976) investigated 

a series of anion exchange resins for their selectivity for phosphate adsorption and 

identified hydrostatic interactions as a key factor in determining selectivity in the 

chloride-phosphate system. Weakly-basic anion exchange resins had a selectivity 

sequence of OH- > [H3-nPO4]-n ≥ C1-, whereas strongly-basic anion exchange resins 

followed the sequence of [H3-nPO4]-n ≥ C1- > OH-. However, Awual and Jyo (2011) 

found that selectivity for phosphate was higher for a weakly-basic resin Diaion WA20 

(Mitsubishi Chemical, Tokyo, Japan) than that for a strong-base resin Diaion SA10A. 

The P adsorption capacity of Diaion WA increased from 1,390 to 4,950 mmol/kg with 

decreasing pH from 7.6 to 2.25, and adsorption was not strongly affected by coexisting 
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chloride or nitrate. The P adsorption capacity of Diaion SA10A was stable at ~1,600 

mmol/kg between pH 3 and 7, but sharply dropped to 390 mmol/kg in the presence of 

coexisting anions like Cl-. Awual et al. (2011) concluded that the cross-linked 

poly(styrene) matrix of many anion exchange resins was disadvantageous to the selective 

adsorption of phosphate because of its hydrophobic nature. Thus, a new fibrous anion 

exchanger referred to as FVA was produced, which has primary amino groups that 

account for the hydrophilic property. Batch experiments showed that P removal by FVA 

decreased from 6,870 to 2,450 mmol/kg with an increase in pH from 2.3 to 7.1. Chloride 

and nitrate did not affect the P adsorption, but sulfate decreased P removal at low pH, 

consistent with preferential retention of ions with higher ionic charge (SO4
2- vs. H2PO4

-).  

The application of anion exchange resins for phosphate removal was also explored 

for simulated industrial wastewater (Nur et al., 2014; O’Neal and Boyer, 2013; Pan et al., 

2009), domestic wastewater (Bottini and Rizzo, 2012; O’Neal and Boyer, 2013; 

Sendrowski and Boyer, 2013), and stream water (Boyer et al., 2011). Johir et al. (2011) 

used anion exchange columns containing Purolite A500P and Purolite A520E (Purolite, 

Bala Cynwyd, PA, USA) as the post-treatment of a membrane bioreactor (MBR) to 

recover nutrients from wastewater. The MBR effluent contained 3.11-4.18 mg P/L, and 

85% of the phosphate was retained by the resin columns. In a subsequent study involving 

a strong base anion exchange resin (Dowex»21K-XLT) (Lenntech USA LLC, Miami 

Beach, FL, USA) in a membrane adsorption system, Johir et al. (2016) obtained high 

performance during a secondary P removal treatment. The durability of anion exchange 

resins and their affinity for phosphate have been utilized in soil testing for bioavailable P.  

For this purpose, the resin is brought into contact with the soil sample for a 

predetermined period after being transferred to a nylon bag or impregnated on a 

membrane. Resin P testing has an important advantage over direct measurements using 

soil extractions since resins work as dynamic exchangers that continually adsorb P from 

their vicinity (McGrath et al., 2000; Predotova et al., 2011; Richards et al., 1997; Yavitt 

and Wright, 1996). 

Das Gupta et al. (2012) assembled columns of anion exchange resin, Purolite A500P 

(Purolite, Bala Cynwyd, PA, USA), which is a macroporous polystyrene cross-linked 

with divinylbenzene, and hydrous ferric oxide (HFO) in series, and tested the capacity for 
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removal of nitrate and phosphate from wastewater. The P adsorption capacity of Purolite 

A500P was ~226 mmol/kg with an initial concentration of 0.5 mM, and the adsorption 

capacity of HFO was 452 mmol/kg. The concept of a mixed resin and HFO adsorbent 

was further applied in developing hybrid anion exchangers (HAIX) that consists of HFO-

coated anion exchange resins (Blaney et al., 2007; O’Neal and Boyer, 2013; Sendrowski 

and Boyer, 2013; Sengupta and Pandit, 2011). The use of anion exchange resins for P 

adsorption could be subject to interference by other anions, but the resin matrix provides 

an ideal loading space for small particles. Ferrihydrite or HFO can adsorb phosphate with 

high selectivity and efficiency, but the small size and physical weakness of HFO incur 

difficulties for application and recovery (Blaney et al., 2007; Johir et al., 2016a; Pan et 

al., 2009; Sengupta and Pandit, 2011). Thus, hybrid resins, i.e. HFO-loaded anion 

exchange resins, were proposed for P removal from wastewater.  

In the 1970s, Takeshita et al. (1979) investigated the adsorption of phosphate on a 

Fe(III) oxyhydroxide coated anion exchange resin. They found that the adsorption 

capacity increased with the content of Fe in the hybrid resin and that the maximum 

adsorption was ~820 mmol/kg. Yoshida et al. (1984) loaded Fe(III) oxyhydroxide on a 

resin, Amberlite IRC-50 (DuPont co., Wilmington, DE, USA), and the maximum 

adsorption capacity was 1,970 mmol/kg. The ligand-exchange reaction between 

phosphate and coordinated water on the resin-bound iron was considered as the dominant 

adsorption mechanism. Pan et al. (2009) immobilized nano-sized ferrihydrite within a 

macroporous anion exchange polystyrene resin D-201 (Sanyi, Anhui, China). The new 

adsorbent named HFO-201 has a maximum adsorption capacity of 574 mmol/kg, while 

the adsorption capacity of pure D-201 was 394 mmol/kg. The P removal in the hybrid 

resin is optimal at pH 6.5-8.0 and is resistant to interference from common monovalent 

anions. Although the addition of sulfate from 0 to 100 mg/L inhibited the adsorption of 

phosphate, an increase of sulfate concentration from 100 to even 1,500 mg/L did not lead 

to further reduction in P adsorption. Blaney et al. (2007) reported a similar result with 

HAIX composed of HFO impregnated in a strong-base anion exchange resin IRA-900 

(DuPont co, Wilmington, DE, USA). The adsorption of phosphate was favored at near-

neutral pH and showed relatively high selectivity.  
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In addition to HFO, other metal oxides have also been evaluated for combined use 

with anion exchange resins to increase P adsorption. Zhu and Jyo (2005) and Awual et al. 

(2011a) loaded Zr oxides on anion exchange resins, and the adsorption of phosphate was 

efficient over a wide pH range in the presence of common anions. Zhang et al. (2016) 

synthesized a different hybrid anion exchange resin (La-201) using hydrated La oxide 

within anion exchange resin D-201. The hybrid adsorbent has higher specific surface and 

smaller pore diameter than the original D-201. Batch adsorption experiments were 

conducted using La-201, D-201, and HFO-201. The result showed that La-201 had the 

highest adsorption capacity of 1852 mmol/kg at pH 6-7. The selectivity of P adsorption 

by La-201 was also better than by HFO-201. The influence of DOC was found to be 

negligible. Acelas et al. (2015) compared the following three hybrid anion exchange 

resins. IRA-400 (DuPont Co. Wilmington, DE, USA) loaded with HFO, hydrated 

zirconium oxide (HZrO) and hydrated copper oxide (HCuO) had the maximum P 

adsorption of 3584, 2959, and 2389 mmol/kg, respectively. Modeling of kinetic data 

showed that adsorption was best fitted by the pseudo second-order model, and the rate 

was limited by intra-particle diffusion. 

Figure 1.2 summarizes the P adsorption capacity of resins and hybrid resins as a 

function of pH. The data did not account for interference from other anions. It is 

important to note the scale of the y-axis is much greater than that in Figure 1.1, indicating 

some resin adsorbents showed much greater P adsorption capacity than metal 

oxyhydroxides and ZVI in Figure 1.1. The pH-dependent adsorption behavior is similar 

to that of iron oxyhydroxides. However, some metal-loaded resins showed an adsorption 

capacity of 2,000-3,000 mmol/kg at near-neutral pH values. This is an important property 

of hybrid resins for application under the field conditions. 

 

1.5.4. Layered double hydroxides 

Layered double hydroxides (LDHs), also named as hydrotalcite-like compounds 

(HTLc), is an anionic clay material that can be represented as Mଵି୶
ଶା M୶

ଷା(OH)ଶ(A୬ି)୶/୬ ∙

yHଶO (Hang-Sik et al., 1996; Ookubo et al., 1993). Layered double hydroxides have a 

structure of brucite-like hydroxide layers that are positively charged by partial 

substitution of M3+ for M2+. Anions and water molecules are intercalated in the interlayer 
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space and balance the structural charge (Das et al., 2006; Luengo et al., 2017; Ookubo et 

al., 1993). The interlayer anions are exchangeable with other anions in water 

environments, which makes LDH an excellent candidate for the removal of anion 

pollutants such as phosphate (Ashekuzzaman and Jiang, 2014; Goh et al., 2008). 

Numerous studies have been conducted to evaluate the P adsorption efficiency by various 

LDH phases. The efficiencies of selected LDHs are compared in Fig. 1.3 and Table 1.3. 

Seida and Nakano (2002) synthesized Mg/Fe-LDH, and Ca/Fe LDH, and reported the 

maximum phosphate adsorption capacity of 500 and 929 mmol/kg, respectively. The 

removal efficiency was further evaluated using real drain water containing ~0.2 mg/L of 

P. More than 80 % of phosphate was removed in a column filled with 0.2 g Mg/Fe-LDH. 

Ashekuzzaman and Jiang (2014) reported the maximum adsorption capacity of 2,287 

mmol/kg in Ca/Mg-based LDHs. Several Mg/Al LDHs or LDHs with other metal 

composition have also been reported to have high P adsorption capacities (> 2,000 

mmol/kg) (Hang-Sik et al., 1996; Kuzawa et al., 2006; Luengo et al., 2017; Novillo et al., 

2014; Tsuji and Fujii, 2014; Yang et al., 2014). 

The high P retention of LDHs is accounted for by the following three adsorption 

mechanisms; 1) ion exchange process with anions in interlayers, 2) ligand exchange on 

the surface of metal hydroxide layers, and 3) electrostatic attraction of phosphate on the 

surface  (Badreddine et al., 1999; Khitous et al., 2015; Luengo et al., 2017; Novillo et al., 

2014; Ookubo et al., 1993; Yang et al., 2014). For instance, XRD analysis showed that 

the interlayer distance of Mg/Al-LDH originally loaded with chloride anions increased 

from 0.30 to 0.37 nm after phosphate adsorption (Ookubo et al.,  1993). Novillo et al. 

(2014) observed the anionic exchange reaction of phosphate with nitrate in the interlayer 

of Mg/Al-LDH using FTIR analysis. In addition, due to the high PZC of LDHs (~9-12), 

LDHs are positively charged in water (Goh et al., 2008; He et al., 2010; Novillo et al., 

2014; Yang et al., 2014). Thus, electrostatic attraction plays an important role in the 

initial adsorption process.  

Aside from anion exchange, surface complexation, and electrostatic attraction, 

another mechanism has been proposed when Ca is involved in the composition of LDHs. 

Zhou et al. (2011) reported P removal of 1,819 mM/kg in Ca/Fe-LDH. X-ray diffraction, 

XPS, and FTIR analyses showed that the high P sorption capacity of Ca/Fe-LDH is due 
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to partial dissolution that released Ca ions. Similarly, Tsuji and Fujii (2014) found that 

the adsorption capacity of Ca/Fe-LDHs was much higher when the Ca:Fe ratio in the 

adsorbent was increased. The adsorption capacity was more than 2,900 mmol/kg when 

the Ca:Fe ratio was 3, and it decreased to less than 1,300 mM/kg with a Ca:Fe ratio of 1 

because LDH with high Ca:Fe ratio would partially undergo dissolution in aqueous 

environments with precipitation as hydroxyapatite. The coagulation process helps to 

remove phosphate in solutions, especially when the reaction is promoted at alkaline pH. 

Other studies by Seida and Nakano (2002), Ashekuzzaman and Jiang (2014), and Novillo 

et al. (2014) suggested the phosphate-LDHs interaction as a combination of anion 

exchange and precipitation processes. A combination of Ca2+ and Mg2+ as precursors led 

to new LDH phases that had higher P adsorption capacity than either Ca- or Mg-based 

LDHs (Ashekuzzaman and Jiang, 2014; Zhou et al., 2011). 

The elemental composition of LDHs is one of the major factors that influences their 

P adsorption capacity. Both the species of metal ions and interlayer anions can affect the 

interaction of LDHs with phosphate (Cheng et al., 2009; He et al., 2010; Zhou et al., 

2011). Das et al. (2006) investigated LDHs with various compositions, including Mg/Al, 

Zn/Al, Ni/Al, Co/Al, Mg/Fe, Zn/Fe, Ni/Fe and Co/Fe for the adsorption of phosphate. 

Calcined Mg/Al-LDH was the most effective in removing P with a maximum adsorption 

capacity of 1,368 mmol/kg, and the adsorption capacity decreased with increasing Mg:Al 

ratios.  

The pH-dependence of P adsorption also varies with the metal composition of 

LDHs. Ashekuzzaman and Jiang (2014) reported that the extent of P adsorption by a Ca-

based LDH could remain steady over a broader pH range as compared to Mg/Fe LDH. 

Seida and Nakano (2002) observed the opposite pH trend for Mg/Fe LDH and Ca/Fe 

LDH, in that acidity promoted phosphate adsorption on Mg/Fe LDH, whereas Ca/Fe 

LDH removed more phosphate under alkaline conditions. In general, alkaline pH is 

disadvantageous to P adsorption in LDH as well as other adsorbents, due to the 

deprotonation of functional groups and competition between phosphate and hydroxyl ions 

(Das et al., 2006). Acidic solutions promote dissolution of LDHs and may thereby reduce 

their effectiveness for P removal (Luengo et al., 2017; Seida and Nakano, 2002). Several 

researchers observed a decrease in P adsorption at low pH values (Cheng et al., 2009; 
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Luengo et al., 2017; Ookubo et al., 1993; Tezuka et al., 2004). However, a few studies 

reported that dissolved metal ions could react with phosphate at low pH, promoting 

coagulation. For instance, Novillo et al. (2014) found P adsorption maximized for Mg/Al 

LDH when the initial pH was 3.0, which is consistent with the previous work by  Seida 

and Nakano (2002) showing a negative correlation between phosphate removal and the 

initial solution pH. On the contrary, the study of Zn/Al LDH by Cheng et al. (2009) 

described a sharp decrease in P adsorption at acidic pH due to LDH dissolution. 

Despite having a high adsorption capacity, the retention of phosphate by LDHs is 

generally not highly selective, which can be accounted for by the ion exchange process 

between phosphate and adsorbed anions on the surface (Drenkova-Tuhtan et al., 2013; He 

et al., 2010). Hang-Sik et al. (1996) showed that bicarbonate and sulfate significantly 

reduced P adsorption in Mg/Al LDH. Das et al. (2006) reported that Cl-, NO3
-, SO4

2- and 

SeO3
2- all decreased the efficiency of P removal by calcined Mg-Al, Zn-Al, Ni-Al, Co-

Al, Mg-Al, Zn-Fe, Ni-Fe and Co-Fe LDH. Novillo et al. (2014) also observed that the 

amount of P removal decreased when other anions are present in equal concentrations. 

Interference was highest by NO3
-, followed by HCO3

-, Cl- and SO4
2-. Other influencing 

factors, such as temperature have also been explored by previous studies. According to 

Cheng et al. (2009), the adsorption of phosphate by Zn/Al LDH was an endothermic 

process, but Das et al. (2006) reported that the adsorption of phosphate by calcined 

Mg/Al LDH was exothermic in nature. In addition, calcination of LDH was proposed as 

an effective treatment to enhance the P adsorption because of its structural memory effect 

(Goh et al., 2008; Hang-Sik et al., 1996; He et al., 2010; Tezuka et al., 2004). For 

instance, Das et al. (2006) showed higher P adsorption by calcinated Mg/Al LDH (~1,368 

mmol/kg) than the uncalcinated material. Cheng et al. (2009) also observed a significant 

increase in P adsorption capacity after calcinating Zn/Al LDH at 300 ℃ for 4h.  

Overall, LDH is a promising adsorbent because of its high capacity to remove P and 

low cost to manufacture (Luengo et al., 2017; Tsuji and Fujii, 2014; Yang et al., 2014). 

The field application of LDH, however, is not generally recommended in acidic 

environments because it is highly soluble at low pH. Therefore, recent studies have been 

focusing on the reusability of LDH materials to increase their application in water 



 

28 

treatment at near-neutral pH (Drenkova-Tuhtan et al., 2013; Goh et al., 2008; Kuzawa et 

al., 2006; Luengo et al., 2017).  

Figure 1.3 shows the P adsorption capacity of different LDH phases reviewed in this 

section. The data correspond to P adsorption in the absence of interfering ions. Compared 

to the limited P adsorption capacity of metal oxyhydroxide and resins (Figures 1.1 and 

1.2), many LDHs are promising adsorbents to effectively retain P at pH 6-8.  

 

1.5.5. Zirconium and lanthanum oxides 

To improve P removal from wastewater, the adsorption capacity of zirconium (Zr) 

oxide (Chitrakar et al., 2006b; Huang et al., 2015a; Johir et al., 2016b; Lin et al., 2017; H. 

Liu et al., 2008; Su et al., 2013), lanthanum (La) oxide (Huang et al., 2015b; Rashidi 

Nodeh et al., 2017; Xie et al., 2014; Zhang et al., 2012) and lithium (Li) (Wang et al., 

2007) oxide have been evaluated in recent years. The P adsorption characteristics of these 

adsorbents are summarized in Fig. 1.4 and Table 1.4.   

Compared with Fe and Al (oxyhydr)oxides, Zr oxides have a higher selectivity for 

phosphate in the presence of common anions in water (Chitrakar et al., 2006b; Johir et 

al., 2016b; Su et al., 2013). Su et al. (2013) reported that the P adsorption capacity of 

amorphous Zr oxide nanoparticles was as high as 1,042 mmol/kg at pH ~6, similar to 

what was reported by Liu et al. (2008) using mesoporous Zr oxide (~958 mmol/kg). In 

the study by Chitrakar et al. (2006), amorphous Zr hydroxide retained ~320-550 mmol/kg 

of P in phosphate-enriched (~0.01 mM phosphate) seawater and synthetic wastewater 

containing 0.065 mM phosphate.  

As for influencing factors such as pH, temperature, ionic strength, and coexisting 

ions, different studies reported similar results. P adsorption by Zr oxides is generally 

decreased with increasing pH. For instance, Johir et al. (2016b) reported at P removal by 

Zr hydroxide decreased from 981 to 597 mmol/kg with increasing pH from 4 to 7. The P 

adsorption was an endothermic process. Ionic strength had either no significant influence 

or positive influence on P adsorption. Common anions such as chloride and nitrate did 

not affect the adsorption, but several studies reported that P removal was deceased by 

sulfate (Chitrakar et al., 2006b), bicarbonate (Zhang et al., 2017), and acetate (Long et al., 

2011). Lin et al. (2017) studied the effect of Ca ions on P adsorption in hydrous 
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zirconium oxide. The result showed that the maximum adsorption capacity increased 

from 545 to 1,135 mmol/kg when 1 mM Ca2+ was added to the solution. The formation of 

Zr-P-Ca ternary complexes on the adsorbent surface was suggested as an enhanced 

adsorption mechanism. Since PZC of Zr oxides/hydroxides is 3-5 (Johir et al., 2016b; Lin 

et al., 2017; H. Liu et al., 2008), the adsorbent surface is negatively charged in neutral or 

alkaline solutions. Thus the P adsorption mechanisms in  Zr oxides were explained by 

inner-sphere complexation (Xie et al., 2014; Zhang et al., 2017).  

One of the major disadvantages of Zr oxide as a P adsorbent is the cost-efficiency. 

The cost of Zr hydroxide in technical grade is about 5-20 U.S. dollar per kg (Johir et al., 

2016b). Zirconium material is more expensive than Fe or Al materials, but it is cheaper 

than ion exchange resins, and Zr-adsorbent can be reused since the adsorbed phosphate 

can be efficiently recovered in alkaline solution (Johir et al., 2016b; Long et al., 2011). In 

addition, the cost is lower when Zr is made into composite materials with other metals or 

minerals. Long et al. (2011) synthesized a magnetic Fe–Zr binary oxide, and its 

maximum adsorption capacity for phosphate was 440 mmol/kg at pH 4. The material was 

reported to be an excellent adsorbent for phosphate because of good adsorption capacity 

and ease of recovery due to its magnetic property. Zhang et al. (2017) studied magnetic 

Fe-Zr oxide nanoparticles with different Fe/Zr molar ratios for their phosphate removal 

effect. The results showed that specific surface area increased from 124 to 282 m2/g with 

increasing Zr content, and the adsorption capacity was maximized when the Zr ratio was 

high. Huang et al. (2015a) synthesized intercalated Zr ions into the interlayer of 

montmorillonite. The Zr-pillared montmorillonite had a maximum P adsorption capacity 

of 555 mmol/kg and showed high selectivity for phosphate in the presence of common 

anions except for carbonate.  

Lanthanum, as a rare earth metal, also attracted research attention for the P removal 

adsorbent technology due to its ability to form La-phosphate complex even at low P 

concentrations (i.e., high selectivity for P) (Huang et al., 2017; Xie et al., 2014; Zhang et 

al., 2016). Common anions such as chloride, nitrate, sulfate, and bicarbonate only have a 

slight (<5%) influence on phosphate removal. Xie et al. (2014) studied the adsorption of 

phosphate from wastewater using two kinds of La hydroxides, a commercially available 

La hydroxide that had a lower P adsorption capacity as compared to the other that was 
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synthesized (584 and 1,132 mmol/kg). The difference was attributed to a difference in 

surface area. The commercially available La hydroxide had only 31.1 m2/g, while the 

synthesized La hydroxide had 153.3 m2/g. The most significant advantage of La oxide is 

that the La hydroxide maintained high adsorption efficiency at acidic to alkaline pH 

values. It also has excellent recyclability. The adsorbed phosphate is removed by 

hydrothermal treatment in a NaOH solution. These features make La hydroxide a 

promising adsorbent for industrial applications.  

A representative material is La-modified bentonite (LMB) that was first developed 

in the 1990s. Haghseresht et al. (2009) reported that the maximum P adsorption capacity 

of Phoslack, a novel LMB, was 329 mmol/kg. In a field test, four metric tons of Phoslack 

were put into a reservoir, and the phosphate concentration decreased from 0.98 mg/L to 

0.16 mg/L. Another lake-scale test was conducted in Lake De Kuil in the Netherlands 

where LMB was applied in combination with Fe-flocculant to mitigate cyanobacterial 

blooms. As a result, the total P concentration in summer decreased from 0.05 mg/L to 

0.02 mg/L (Waajen et al., 2016). Other field research on the management of 

eutrophication using La modified bentonite were reviewed by Copetti et al. (2015). The 

high efficiency of LMB for P binding was pointed out, although P removal could be 

suppressed by humic substances and competing oxyanions. Some other La-containing 

materials such La-doped activated carbon and La-loading silica were also tested, showing 

good potential for P removal in wastewater (Huang et al., 2015b; Rashidi Nodeh et al., 

2017; Zhang et al., 2012). 

Figure 1.4 summarizes the P adsorption capacity of various Zr and La oxides. 

Although they have a good P adsorption capacity at a wide pH range (3-10), the overall P 

adsorption capacity of Zr oxides and La oxides is less than those in metal oxyhydroxides, 

ZVI, or resins (Figures 1.1-1.3). 

 

1.5.6. Calcium and magnesium oxides 

In addition to metal (oxyhydr)oxides, Ca/Mg-containing materials are also 

commonly tested for P removal from wastewater. The efficiencies of selected Ca/Mg 

containing adsorbents for P removal are summarized in Fig. 1.5 and Table 1.5. Due to the 
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common occurrence of Ca minerals in nature, more studies have utilized natural Ca 

minerals instead of synthetic products.  

Karageorgiou et al. (2007) studied the removal of phosphate using natural calcite 

(98.2% CaCO3 purity, <0.2 mm fraction). The trend of P removal was pH-dependent. At 

pH 12, ~40 mg/L phosphate was completely retained within 15 min. Dolomite was also 

tested by several researchers for P removal efficiency. According to Karaca et al. (2004), 

103-558 mmol/kg phosphate was adsorbed by 2 g/L dolomite from solution with 10-60 

mg/L initial phosphate concentration. The adsorption data were successfully modeled 

using pseudo second-order and intraparticle diffusion equations. The reaction was 

identified as an endothermal process. An increase in the initial solution pH from 1 to 11 

slightly enhanced P adsorption. However, Mangwandi et al. (2014) reported that the P 

adsorption capacity of dolomite considerably decreased with increasing pH from 2 to 10. 

An increase in ionic strength from 0.05 to 0.3 M NaCl had a positive effect on the P 

adsorption because of co-adsorption of Na ions that may have reduced the charge 

repulsion between the phosphate ions and negatively charged mineral surfaces. They also 

conducted a long-term (7 days) adsorption experiment at high initial P concentrations 

(100-2,000 mg P/L) at acidic pH and found the monolayer adsorption capacity of 12,187 

mmol/kg at pH ~ 2.0. X-ray powder diffraction and FT-IR analyses indicated a formation 

of Mg3(PO4)2 and Ca3(PO4)2 through surface precipitation.  

Other Ca-containing minerals such as opoka, wollastonite, and limestone were 

previously evaluated for P removal efficiency (Westholm, 2006; Vohla et al., 2011). 

Opoka is a kind of silica-calcite sedimentary rock that is enriched in CaCO3 and SiO2. 

Jóźwiakowski et al. (2017) conducted column experiments using opoka as a filtration 

material for P removal from biologically treated domestic wastewater. The removal 

efficiency was ~97 % after nine weeks of the hydraulic load at 0.72 L/day. Wollastonite 

is also a Ca-rich metasilicate mineral. Brooks et al. (2000) reported 90 % removal from 

secondary wastewater after 12 hrs (initial [P]: 10 mg/L, 0.05 mg/L wollastonite). Vohla et 

al. (2011) conducted a review of adsorbent technology to remove P from wastewater in a 

constructed wetland. A positive correlation was found between P retention and the 

content of Ca in natural Ca-containing materials.  
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Calcination can increase the performance of Ca minerals for P removal since CaCO3 

is partially transformed into the more reactive CaO during heating (Vohla et al., 2011). 

For instance, Brogowski and Renman (2004) conducted P adsorption experiments using 

opoka (particle size: < 0.25 mm) and reported that the opoka after heating at over 900 ℃ 

could retain P as high as 1,235 mmol/kg. A commercial P filter material Polonite® is 

produced from heated opoka (particle size: 2-6 mm), and has been widely tested for the 

removal of P in different studies. Gustafsson et al. (2008) reported that > 95% of 

phosphate (~7.39 g P/kg) was removed from synthetic wastewater with an initial P 

concentration of 0.16 mM.  Renman and Renman (2010) proved the long-term (67-92 

weeks) effectiveness of P removal in Polonite in column experiments. They suggested 

that 1-2 kg of the material was needed to treat a 1m3 of wastewater with the target of 90% 

P removal.  

It is worth mentioning that apatite, which is characterized by high Ca and P content, 

has also been proposed as an effective P adsorbent. Song et al. (2007) conducted batch 

experiments for P recovery from wastewater using a natural apatite (AKA: Jordan 

phosphate rock, the average particle size of 1.5 mm). Approximately 98% of P was 

removed after 48 hrs from synthetic hard water containing 0.32 mM phosphate. Other 

studies also observed that the P recovery process was favored under pH>7, as well as by 

increased contact time and a high Ca/P molar ratio (Bellier et al., 2006; Chen et al., 2009; 

Zoltek, 1974). Bellier et al. (2006) modeled the P removal process in apatite at pH 8 

using the Langmuir isotherm. The calculated P-retention capacity of apatite was ~10 

mmol/kg, but Molle et al. (2005) reported a higher maximum adsorption capacity of 154 

mmol/kg for a similar adsorbent. The mechanism of P removal by apatite seems to be 

different from the removal by other adsorbents (e.g., metal oxyhydroxides) Surface 

precipitation is an important driving force in addition to adsorption. When a Ca-P 

solution is metastable, further addition of Ca or P ions does not form bulk precipitates. 

Instead, precipitation may occur on the surface (Joko, 1984; Molle et al., 2005). The 

presence of P-crystal in apatite lowers the activation energy between the mineral surfaces 

and adsorbed phosphate on the surface, facilitating the nucleation of hydroxyapatite on a 

seed crystal (Bellier et al., 2006; Song et al., 2007; Vohla et al., 2011). In fact, the 

formation of hydroxyapatite has been commonly observed during P removal at water 
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treatment plants ( Duc et al., 2003; Fernane et al., 2008; Dybowska et al., 2009; Kim and 

Lee, 2014). Because the point of zero charge for hydroxyapatite is about 7.6-8.6 (Bellier 

et al., 2006), hydroxyapatite is positively charged at neutral pH and provides sorption 

sites for phosphate ions. The adsorption and crystallization during the removal of 

phosphate by apatite are difficult to distinguish. They are considered to be concomitant, 

and the adsorption process could enhance the crystallization of hydroxyapatite (Molle et 

al., 2005; Vohla et al., 2011). Troesch et al. (2016) reported a field-scale application of 

apatite in constructed wetlands and demonstrated efficient P removal from wastewater. 

However, a limitation was reported that apatite could be partially dissolved and release P 

under acidic conditions (Molle et al., 2005). Kuo et al. (2009) found that apatite 

dissolution was a major factor controlling P release from soils in phosphate mine 

reclamation areas, and stated that natural apatite in soils is a long-term P source instead of 

a sink for P. In addition to apatite, several other minerals can also serve as a seed for P 

crystallization (e.g., Zoltek, 1974; Kaneko and Nakajima, 1988; Le Corre et al., 2009; 

Moriyama et al., 2001). For example, Berg et al. (2006) tested P removal from 

wastewater using the tobermorite(calcium silica hydrate)-seeded crystallization method. 

Nearly 100 % of P was removed with the initial phosphate concentration of 25 mg/L. 

Chen et al. (2009) used xonotlite as a seed crystal and achieved 137 mg/g of P removal 

under the same reaction condition. Although the P removal capacity is relatively small, 

the crystallization method was advantageous over chemical precipitation because the 

need for sludge disposal is eliminated.  

In addition to Ca-bearing minerals mentioned above, other minerals such as zeolite, 

bauxite, and laterite have been tested for P removal (Wood and McAtamney, 1996; 

Altundoan and Tmen, 2002; Westholm, 2006; Onyango et al., 2007; Karapinar, 2009). 

Jiang et al. (2013) assessed the P removal efficiency of zeolite (chemical composition: 

5% Al2O3 and 95% SiO2, the specific surface area: 500-800 m2/g). The adsorption 

capacity calculated from the Langmuir model was approximately 10 mmol/kg. The 

adsorption was considered to be driven by ion exchange. Chen et al. (2006) synthesized 

zeolite from industrial fly ash and evaluated its phosphate adsorption capacity. The 

hydrothermal conversion from fly ash to zeolite increased specific surface area by ~26-90 

times and increased the P sorption capacity. Phosphate removal was most efficient at 
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pH~4, and the maximum sorption capacity varied from 380 to 1,522 mmol/kg with fly 

ash sources having different chemical compositions. Wu et al. (2006) further enhanced 

the P sorption capacity of a synthesized zeolite via salt treatments. The original Na-

zeolite was converted into Al-, Ca-, Fe-, and Mg-zeolites. Al- and Fe-zeolites were the 

most effective for P removal. Nearly 100% of phosphate at an initial concentration of 0.8 

mM was removed by Al- or Fe-zeolites. In addition, modified zeolite (e.g., chitosan 

modified, a cationic surfactant named hexadecyltrimethylammonium bromide) is known 

to have high P adsorption capacity (Bansiwal et al., 2006; Xie et al. 2013).  

In summary, dolomite and modified zeolite showed high P adsorption capacity 

(>1000 mmol/kg) like resins (Figures 1.2 and 1.5) while pure zeolite has low P 

adsorption capacity (< 700 mmol/kg). These adsorbents did not show pH-dependent P 

adsorption behavior except for one of the dolomitic materials (Mangwandi et al., 2014). 
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1.6. Figures  

Fig. 1.1. P adsorption capacity of Fe-containing materials with the change of pH in 
different studies  

Note: Ref. 1 Parfitt et al. (1975);  Ref. 2 Strauss et al. (1997);  Ref. 3 Parfitt (1989);  Ref. 4 
Ioannou et al. (1998);  Ref. 5 Madrid and Posner (1979);  Ref. 6 McLaughlin et al. (1981);  Ref. 7 
Luengo et al. (2006);  Ref. 8 Tejedor-Tejedor and Anderson (1990);  Ref. 9 Peleka and Deliyanni 
(2009);  Ref. 10 Chitrakar et al. (2006a);  Ref. 11 Barron et al. (1988);  Ref. 12 Huang (2004);  
Ref. 13 Madrid and de Arambarri (1985);  Ref. 14 Arai and Sparks (2001);  Ref. 15 Mallet et al. 
(2013);  Ref. 16 Almeelbi and Bezbaruah (2012);  Ref. 17 Wen et al. (2014);  Ref. 18 Sleiman et 
al. (2017);  Ref. 19 Li et al. (2014);  Ref. 20 Zhang et al. (2009);  Ref. 21 Lǚ et al. (2013)   
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Fig. 1.2. P adsorption capacity of anion exchange resins with the change of pH in 
different studies  

Note: Ref. 1 Anirudhan et al. (2006);  Ref. 2 Pan et al. (2009);  Ref. 3 Awual et al. (2011b);  Ref. 
4  Awual and Jyo (2011);  Ref. 5 Takeshita et al. (1979);  Ref. 6 Yoshida et al. (1984);  Ref. 7 
Blaney et al. (2007);  Ref. 8 Sengupta and Pandit (2011);  Ref. 9 O'Neal and Boyer (2013);  Ref. 
10 Nur et al. (2014);  Ref. 11 Acelas et al. (2015);  Ref. 12 Zhang et al. (2016) 
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Fig. 1.3. P adsorption capacity of LDHs with the change of pH in different studies  

Note: Ref. 1 Ookubo et al. (1993); Ref. 2 Hang-Sik et al. (1996); Ref. 3 Das et al. (2006); Ref. 4 
Kuzawa et al. (2006); Ref. 5 Novillo et al. (2014); Ref. 6 Luengo et al. (2017) ; Ref. 7 Khitous et 
al. (2015); Ref. 8 Seida and Nakano (2002); Ref. 9 Zhou et al. (2011); Ref. 10 Drenkova-Tuhtan 
et al. (2013); Ref. 11 Ashekuzzaman and Jiang (2014); Ref. 8 Seida and Nakano (2002); Ref. 9 
Zhou et al. (2011); Ref. 12 Tsuji and Fujii (2014); Ref. 13 Cheng et al. (2009); Ref. 14 He et al. 
(2010); Ref. 15 Tezuka et al. (2004) 
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Fig. 1.4. P adsorption capacity of Zr and La-containing materials with the change of pH 
in different studies  

Note: Ref. 1 Lin et al. (2017); Ref. 2 Johir et al. (2016b); Ref. 3 Liu et al. (2008); Ref. 4 Long et 
al. (2011); Ref. 5 Zhang et al. (2017); Ref. 6 Xie et al. (2014); Ref. 7 Haghseresht et al. (2009) 
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Fig. 1.5. P adsorption capacity of Ca and Mg-containing minerals with the change of pH 
in different studies  

Note: Ref. 1 Onyango et al. (2007); Ref. 2 Wu et al. (2006); Ref. 3 Chen et al. (2006); Ref. 4 
Bellier et al. (2006); Ref. 5 Molle et al. (2005); Ref. 6 Karageorgiou et al. (2007); Ref. 7 Karaca 
et al. (2004); Ref. 8 Mangwandi et al. (2014) 
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Reference/adsorbents Methods Reaction conditions Adsorption capacity 
Effects of pH and co-existing 

ions 
Mechanism and other findings 

Parfitt et al. (1975) 
Goethite  
SSA: 80 m2/g 
Lepidocrocite 
SSA: 108 m2/g 
Hematite 
SSA: 22 m2/g 

Adsorption isotherm 
experiment. 
Infrared 
spectroscopic 
analysis 

Background electrolyte: 
100 mM KCl 

pH: 3.5 

Goethite:  
    210 mmol/kg 
Lepidocrocite:  540 

mmol/kg 
Hematite:  
    170 mmol/kg 

/ The adsorption of P on all of the iron oxides 
is via a strongly bonded binuclear 
complex to Fe3+ ions in the mineral 
surface. 

Parfitt and Atkinson 
(1976) 

Goethite  
PZC: 8.9 
SSA: 80 m2/g 

Infrared spectroscopic 
analysis 

pH: 3.6~9.7 197 mmol/kg at pH 
3.3 

/ Confirmed the formation of a binuclear 
complex on goethite. 

Examined the coordination and protonation 
state of absorbed phosphate. 

Madrid and Posner (1979) 
Goethite 
PZC: 8 
SSA: 84 m2/g 

Batch adsorption and 
desorption 
experiments with 
gradient pH, ionic 
strength and 
reaction time.  

Adsorbent dosage:          
2.1 g/L 

Background electrolyte: 
0.01~0.1 M NaCl / 
LiCl 

pH: 4~10 

180 mmol/kg at pH 
4; 

165 mmol/kg at pH 
7; 

110 mmol/kg at pH 
10 

P adsorption was faster and 
had higher capacity at lower 
pH. 

Increasing the ionic strength 
depresses the P adsorption 
when pH<PZC, whereas 
raising ionic strength 
enhanced the P adsorption 
when pH>PZC. 

A slow reaction stage followed by rapid 
initial reactions was observed for both 
adsorption and desorption processes. 

McLaughlin et al. (1981) 
Hematite 
SSA: 18 m2/g 
Goethite 
SSA: 17 m2/g 
Akaganeite 
SSA: 29.4 m2/g  
Fe gel 
SSA: 280 m2/g 

Batch adsorption 
experiments with 
different adsorbents 

Initial phosphate 
concentration: 0.1 
mM 

Adsorbent dosage: 1.875 
g/L 

Background electrolyte: 
100 mM NaClO4 

pH: 6 
Reaction time: 7 days 

Hematite:                 
95 mmol/kg 

Geothite:                       
78 mmol/kg 

Akaganeite:            
69 mmol/kg 

Fe gel:                   
1130 mmol/kg   

                                                                                  
 

/ P sorption capacity of the adsorbents was 
found linear related (R2 = 0.98) to the 
amount OH- sorbed per unit increase in 
pH value. 

 

1.7. Tables 

Table 1.1. Summary of P adsorption studies on Fe-containing P adsorbents 
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Table 1.1. (cont.) 

 

Madrid and de Arambarri 
(1985) 
Lepidocrocite 
SSA: 116 m2/g 
Hematite 
SSA: 44 m2/g 

Batch adsorption and 
desorption 
experiments with 
gradient pH. 
Isotopic exchange. 

Isotherm experiment 
with 0~2 mM 
phosphate 

Adsorbent dosage: 4 g/L 
pH: 4~10 
Background electrolyte: 

0.1 M NaCl 
Reaction time: 2 days 

Lepidocrocite:      
220 mmol/kg at pH 
4.92; 

 140 mmol/kg at pH 
7.14; 
95 mmol/kg at pH 
9.48 

P adsorption decreased with 
the increase of pH.  

P was adsorbed more easily with hematite 
than with lepidocrocite, as indicated by 
the different proportions of rapidly and 
slowly exchangeable P, which could be 
explained by the different kinds of 
mesoporosity in the two oxides. 

Hematite:               
90 mmol/kg at pH 
4.46; 
70 mmol/kg at pH 
6.95; 
50 mmol/kg at pH 
9.09        

 

Barron et al. (1988) 
Aluminous hematite 

Batch adsorption 
experiments with 
different kinds of 
hematites. 

Isotherm experiments 
with the equilibrium 
concentration range 0 
to 0.32 mM 

Adsorbent dosage: 14.3 
g/L 

Background electrolyte: 
100 mM KCl 

pH: 6 
Reaction time: 24 h 

0.19~3.33 µmol/m2 
with different 
shapes and Al 
fractions  

/ The phosphate adsorption capacities of 
hematites per unit surface were generally 
lower than that of goethite. 

Parfitt (1989) 
Hematite 
Goethite 
SSA: 310 m2/g 
Ferrihydrite 
SSA: 380 m2/g 

Batch experiments 
with different 
particle size, pH 
and reaction time. 

Initial phosphate 
concentration: 0~0.08 
mM 

Adsorbent dosage: 28.6 
~57.1 g/L 

Background electrolyte: 
0.002 M CaCl2 

pH: ~7 
Reaction time: 16 h 

Hematite:              
~30 mmol/kg 

/ The adsorption reactions involved a rapid, 
strong ligand exchange, followed by 
weaker ligand exchange, and, probably, 
by a relatively slow penetration at defect 
sites and pores. 

The extent of phosphate uptake during the 
slow penetration reactions probably 
depends on the degree of crystallinity or 
porosity of iron oxides. 
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Table 1.1. (cont.) 

 

  

Tejedor-Tejedor and 
Anderson (1990) 
Goethite  
SSA: 81 m2/g 

Batch adsorption 
experiments. 
CIR-FTIR analysis. 

Isotherm experiment 
with  0~6 mM 
phosphate. 

Adsorbent dosage: 30 
g/L 

Background electrolyte: 
10 mM NaCl 

pH: 4~8.4 
Reaction time: 20 h 

200 mmol/kg at pH 
5; 

150 mmol/kg at pH 
8.4. 

/ CIR-FTIR analysis provided evidence for the 
formation of three different types of 
complexes: protonated and nonprotonated 
bridging bidentate and a nonprotonated 
monodentate.  

The speciation of these complexes is a 
function of pH and phosphate surface 
coverage. 

Strauss et al. (1997) 
Goethite 
SSA: 18~132 m2/g 

Batch experiments 
with different 
particle size, pH 
and reaction time. 

Initial phosphate 
concentration: 0.8 
mM 

Adsorbent dosage: 2 g/L 
Background electrolyte: 

0.01 M NaNO3 
pH: 2~11 
Reaction time: 0.5 h~6 

weeks 

45 mmol/kg P adsorption decreased with 
the increase of pH.  

The crystallinity of the goethite affects the 
duration and extent of the P adsorption 
reaction. 

Phosphate ions were bound on external 
surface sites first and then penetrated into 
meso- and micro-pores between the 
domains of the goethite crystals. 

Arai and Sparks (2001) 
Ferrihydrite 
SSA: 260 m2/g 

Batch experiments 
with gradient pH 
and ionic strength. 
ATR–FTIR 
analysis. 

Initial phosphate 
concentration: 0.7 
mM. 

Background electrolyte: 
10~800 mM NaCl 

Adsorbent dosage: 2 g/L 
pH: 3~10 
Reaction time: 24 h 

480.6 mmol/kg at pH 
4; 

209.7 mmol/kg at pH 
9.5 

P adsorption decreased with 
the increase of pH. 

The P adsorption was 
insensitive to changes in 
ionic strength between pH 
3.5 and 7.5, whereas the 
adsorption increased with 
increasing ionic strength at 
pH>7.5.  

Inner-sphere adsorption mechanisms.  
Based on ATR-FTIR analysis, the 
predominant formation of the 
nonprotonated bidentate binuclear species 
at pH>7.5 was proposed.  

At pH 4–6, protonated inner-sphere 
complexes were proposed. 
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Gao and Mucci (2003) 
Goethite 
SSA: 33.5 m2/g 

Batch experiments 
with gradient pH 
and coexisting 
anions 

Background electrolyte: 
700 mM NaCl / 
artificial sea water 

Adsorbent dosage: 2.4 
g/L  

pH: 2~10 
Reaction time: 1 week 

/ P adsorption decreased with 
the increase of pH in the 
background 0.7 M NaCl 
solution. 

The pH dependence 
in seawater is different from 
that in the 0.7 M NaCl 
solution. Most noteworthy 
is enhanced adsorption at 
pH 4.5~6.5. 

Ca2+ and Mg2+ increased 
phosphate adsorption.  
SO42- decreases phosphate 
adsorption at pH < 4.5. 

Phosphate forms strong ion pairs with Ca2+ 
and Mg2+. The formation of these ion pairs 
increases phosphate adsorption because of 
the electrostatic repulsion  

Huang (2004) 
Hematite 
PZC: 7.3 
SSA: 9.12 m2/g 

Adsorption isotherm 
experiments with 
different pH. 

Isotherm experiment 
with 0.1~0.65 mM 
phosphate 

Adsorbent dosage: 20 
g/L 

Background electrolyte: 
100 mM NaCl and 60 
mM NaAc 

pH: 3.4~6.7 
Reaction time: 3 h 

15.8 mmol/kg at pH 
3.4; 

13.8 mmol/kg at pH 
6.7 

P adsorption decreased with 
the increase of pH.  

The adsorption isotherms of phosphate on 
hematite at pH 5.63 and 6.71 intersected 
those at pH 4.16 and 5.10 because of the 
changes of protonation state and the 
electric potential at the surface. 

Antelo et al. (2005) 
Goethite 
PZC: 9.3 
SSA: 70.8 m2/g 

Batch experiments 
with gradient pH 
and ionic strength. 

Isotherm experiment 
with 0~0.15 mM 
phosphate 

Background electrolyte: 
10, 100 mM KNO3 

pH: 4.5~10 
Reaction time: 15~18 h 

177 mmol/kg at pH 
4.5; 

92 mmol/kg at pH 10 

P adsorption decreased with 
the increase of pH. 
The p adsorption capacity 
was larger with higher ionic 
strength.  

Postulated three inner-sphere surface 
complexes (monodentate nonprotonated, 
bidentate nonprotonated, and bidentate 
protonated) for phosphate on goethite. 

 

Table 1.1. (cont.) 
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Chitrakar et al. (2006a) 
Goethite 
PZC: 9.5  
Akaganeite 
PZC: 8 

Batch experiments 
with gradient pH 
and coexisting 
anions 

Adsorption experiments 
were conducted in 
0.01 mM phosphate-
enriched sea water 
and 1.6 mM pure 
phosphate solution, 
respectively. 

Adsorbent dosage: 1 g/L 
Reaction time: 24 h 

Goethite:      320 
mmol/kg at pH 7.8 
in seawater; 936 
mmol/kg at pH 2 in 
pure phosphate 
solution.                      

Akaganeite:      270 
mmol/kg at pH 7.8 
in seawater; 

 807 mmol/kg at pH 
2 in pure 
phosphate solution  

In seawater, the uptake of 
phosphate increases with 
the increase of pH to about 
7, and then decreases. 

In pure phosphate solution, the 
adsorption capacity 
decreases with the 
increased pH from 2 to 9.  

The adsorbents have higher 
selectivity to phosphate 
than other common anions 
except for carbonate. 

Electrostatic attraction and the formation of 
the inner-sphere complex. 

Luengo et al. (2006) 
Goethite  
SSA: 57 m2/g 

Batch experiments 
with gradient initial 
phosphate 
concentration and 
pH. 
ATR–IR analysis. 

Initial phosphate 
concentration: 
0.0068~0.055 mM 

Adsorbent dosage: 12.5 
g/L 

Background electrolyte: 
100 mM KNO3 

pH: 4.5~10.5 
Reaction time: 5 h 

97 mmol/kg at pH 
4.5;   

57 mmol/kg at pH 
7.5  

P adsorption decreased with 
the increase of pH.  

Two surface complexes, the bidentate 
nonprotonated (FeO)2PO2 and the 
bidentate protonated (FeO)2(OH)PO 
complexes are formed at the surface at pH 
4.5.  

At pH 7.5 and 9, the dominating surface 
species is (FeO)2PO2. 

Zhang et al. (2009) 
Iron-manganese  
oxide 
PZC: ~6.6 
SSA: 309 m2/g 
Particle size: 10~30 
µm   

Batch adsorption 
experiments with 
gradient pH, ionic 
strength and 
coexisting anions 

Isotherm experiment 
with 0.06~1.3 mM 
phosphate 

Adsorbent dosage: 0.2 
mg/L 

pH: 5.6  
Background electrolyte: 

10 mM NaNO3 
Reaction time: 24 h 

1161 mmol/kg P adsorption decreased with 
the increase of pH from 3 to 
10. 

The adsorption of phosphate 
was slightly enhanced by 
the increase of ionic 
strength from 1 to 100 mM. 

Anions such as Cl-, SO4
2-, and 

CO3
2- had no significant 

effect on phosphate 
removal.  

The replacement of surface hydroxyl groups 
by the phosphate species and formation of 
inner-sphere surface complexes at the 
water/oxide interface.  

 

Table 1.1. (cont.) 
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Table 1.1. (cont.) 

  Peleka and Deliyanni 
(2009) 
Geothite 
Particle size: <70 µm 
SSA: 316 m2/g 

Batch experiments 
with gradient 
sorbent dosage, pH, 
ionic strength, and 
temperature 

Isotherm experiment 
with initial 0~2.1 mM 
phosphate 

Adsorbent dosage: 
0.1~1 g/L 

pH: 5, 6.7 
Reaction time: 24 h 

The calculated 
maximum capacity 
was 1516.1 
mmol/kg. 

Actual 105.2 mmol/kg 
was obtained with 
an initial 10 mg/L 
phosphate at pH 5 

P adsorption decreased with 
the increase of pH. 

The sorption of phosphate 
increased with increasing 
ionic strength.  

The surface hydroxyl groups play an 
important role in phosphate adsorption. 

The sorption of phosphates onto goethite was 
exothermic. 

Almeelbi and Bezbaruah 
(2012) 
ZVI 
Particle size: 0.016 
µm 
PZC: 7.7 
SSA: 30~35 m2/g 

Batch adsorption 
experiment with 
gradient pH, ionic 
strength and 
particle size 

Initial phosphate 
concentration: 
0.03~0.32 mM 

Adsorbent dosage: 0.4 
g/L 

Background electrolyte: 
0~10 mM CaCl2 

pH: ~4 
Reaction time: 10~60 

min 

73 mmol/kg when 
the initial P 
concentration was 
0.03 mM 

786 mmol/kg when 
the initial P 
concentration was 
0.32 mM 

P adsorption decreased with 
the increase of pH.  

Sulfate, nitrate, and humic 
substances showed a 
statistically significant 
impact on P removal, but 
they may not have practical 
significance in P removal in 
the field. 

Ligand exchange and also electrostatic 
attraction when pH is less than PZC. 

Das Gupta et al. (2012) 
Hydrous Ferric Oxide 
Particle size: 
177~595 µm 

Batch adsorption 
experiment and 
column tests 

Initial phosphate 
concentration: 0.5 
mM 

Background electrolyte: 
50 mM KNO3 

Reaction time: 72 h 

451.6 mmol/kg / The adsorption of phosphate by HFO was 
specific adsorption. 

Both batch and column experiments showed 
that HFO selectively removed phosphate.  

Mallet et al. (2013) 
Ferrihydrite 

Batch experiments 
with gradient pH, 
ionic strength and 
coexisting anions 

Initial phosphate 
concentration: 
0.5~5.3 mM 

Adsorbent dosage: 2 g/L 
pH: 4 
Background electrolyte: 

100 mM NaCl 
Reaction time: 24 h 

1103.2 mmol/kg P adsorption capacity 
significantly increased with 
a decrease of pH. 

Phosphate removal increases 
with the enhancement of 
ionic strength. 

. 

Inner-sphere complexes 
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Liu et al. (2013) 
ZVI 
Particle size: 75~96 
µm 
SSA: 22 m2/g  

Batch adsorption 
experiments 
with gradient 
initial P 
concentration, 
adsorbent 
dosage, pH and 
reaction time 

Initial phosphate 
concentration: 0.16 
mM 

Adsorbent dosage: 0.6 
g/L 

pH: 4~7 
Reaction time: 2 h 

/ P removal decreased with the 
increase of pH. 

NZVI was oxidized into Fe2+ or Fe3+. 
Then, P was removed mainly by the 
formation of FePO4. 

NZVI had an evident predomination in 
removing P in oxic solutions than that in 
anoxic solutions  

Lǚ et al. (2013)  
Iron-aluminum-
manganese oxide 
Isoelectric point: ~9 
SSA: 303 m2/g 
Particle size: 1~20 

µm 

Batch adsorption 
experiments with 
gradient pH, ionic 
strength and 
coexisting anions 

Isotherm experiment 
with  0~2.6 mM 
phosphate 

Adsorbent dosage: 0.2 
mg/L  

pH: 6.8 
Background electrolyte: 

10 mM NaCl 
Reaction time: 24 h 

1558 mmol/kg P adsorption decreased with 
the increase of pH from 4 to 
10.5. 

In alkaline condition, 
phosphate removal 
increased slightly with 
increasing ionic strength. 

Sulfate and bicarbonate shows 
little influence on P 
removal, but silicate 
significantly decreased P 
adsorption  

Electrostatic attraction (positively charged 
when pH<9) and inner‐sphere 
complexation 

Wen et al. (2014) 
ZVI 
SSA: 27.65 m2/g 

Batch adsorption 
experiments with 
gradient pH, ionic 
strength and 
coexisting anions 

Initial phosphate 
concentration: 
0.1~10.5 mM 

Adsorbent dosage: 1 g/L 
Background electrolyte: 

5~100 mM NaCl 
pH: 3~12 
Reaction time: 2 h 

7924 mmol/kg 
according to the 
Langmuir model 

3194 mmol/kg was 
actually obtained at 
pH 3 and about 
1740 mmol/kg at 
pH 8 

The P removal efficiency 
decreased with increasing 
pH and dropped sharply 
between 7~8. 

Ionic strength did not affect 
phosphate removal. 

Coexisting chloride, nitrate, 
and sulfate did not affect 
phosphate removal, but 
carbonate significantly 
impacted the P adsorption. 

Phosphate is mainly sequestrated within 
nZVI by adsorption and co-precipitation  

Yoon et al. (2014) 
Magnetic iron oxide 
PZC: 7.6 
SSA: 82.2 m2/g 

Batch experiments 
with gradient initial 
P concentration, 
adsorbent dosage, 
pH and temperature 

Isotherm experiment 
with initial 0.06~0.6 
mM phosphate 

Adsorbent dosage: 0.6 
g/L 

pH: 2~6 
Reaction time: 24 h 

162.3 mmol/kg The phosphate removal was 
relatively constant at an 
acidic solution pH, whereas 
the phosphate removal 
decreased sharply as the 
solution pH approached a 
highly alkaline condition  

Ligand exchange process and electrostatic 
attraction when pH>PZC. 

The adsorption capacity increased with 
increasing temperature 

 

Table 1.1. (cont.) 

  



 

47 

Li et al. (2015) 
Al-doped goethite 
SSA: 98 to 279 m2/g 
with increasing Al 
content. 

Batch adsorption 
experiments using 
Al-doped goethite 
with different Al 
content. 

Initial phosphate 
concentration: 
0.125~0.625 mM 

Adsorbent dosage: 0.375 
g/L 

Background electrolyte: 
37 mM KCl 

Reaction time: 24 h 

The adsorption 
capacity by pure 
goethite is 326.8 
mmol/kg, which 
increases sharply 
to 712 mmol/kg for 
Al-doped goethite 
with increasing Al 
content. 

/ Al incorporation causes structural defects in 
goethite and inhibits the crystal growth of 
goethite, leading to higher P adsorption 
capacity.  

Eljamal et al. (2016) 
ZVI 
Particle size: ~0.04 
µm 
SSA: 61 m2/g 

Batch experiments 
with gradient pH, 
sorbent dosage and 
copper chloride 
concentration 

Initial phosphate 
concentration: 0.53 
mM 

Adsorbent dosage: 1 g/L 
pH: 2~12 

294 mmol/kg with 
NZVI alone and 
526 mmol/kg in 
the presence of 
copper chloride 

The phosphate removal 
efficiency decreased with 
increasing pH. 

Copper chloride largely 
promotes the sorption of P 
by NZVI. 

Copper chloride increased iron corrosion, 
speeding up electron transfer rate and 
providing iron (hydr)oxide layer which aid 
in phosphorus adsorption. 

The recovery of phosphorus from spent 
NZVI or NZVI/CuCl2 can reach 100% 
with 1 M NaOH. 

Aerobic condition accelerated sorption 
process compared with the anaerobic 
condition. 

Lalley et al. (2016) 
Goethite-based 
adsorbent 
PZC: 9.5 
SSA: 140.4 m2/g 

Batch adsorption 
experiment. 
Column experiment 

Adsorption experiments 
were conducted in 
lake water containing 
0.1 mM phosphate 

Adsorbent dosage: 1~15 
g/L 

pH: 7  
Reaction time: 3 weeks 

396.8 mmol/kg No significant change in 
phosphate adsorption onto 
E33 after adding equimolar 
sulfate or nitrate 

Phosphate ion reacts with two singly 
coordinated Fe–OH groups, forming a 
bridging, binuclear, bidentate complex. 

Sleiman et al. (2017) 
ZVI 
Particle size: 250 µm 
Obtained from Sigma-
Aldrich and Jeulin 

Batch experiments 
with gradient aging 
time, ionic strength, 
coexisting anions 
and aging time. 

Initial phosphate 
concentration: 
0.1~6.5 mM 

Adsorbent dosage: 2.5 
g/L 

Background electrolyte: 
10 mM NaCl 

pH: 7.2 
Reaction time: 4 h 

1129 mmol/kg The P removal was highly 
dependent on ionic strength 
mostly due to chloride, but 
not dependent on nitrate or 
sulfate. 

ZVI oxides in water and the oxidation 
products react with phosphate. 

Aging time significantly affected the P 
sorption capacity of ZVI and 8h is the best 
aging time. 

 

Table 1.1. (cont.) 
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Anirudhan et al. (2006) 
BS-DMAHP 
(a weak-base anion 
exchanger produced 
from banana stem) 
PZC: 7.8 
Surface area: 111.3 
m2/g ; 
Duolite A-7 
(a commercial weak 
base anion exchange 
resin as reference) 

Batch adsorption 
experiment 

 Initial phosphate 
concentration: 0.1~3.2 
mM 

Adsorbent dosage: 2 g/L 
pH: 2~10 
Background electrolyte: 1 

M KCl 
Reaction time: 2 h 

BS-DMAHP: 
763 mmol/kg at pH 
5 

Duolite A-7: 
334 mmol/kg 

The adsorption capacity 
increased first and then 
dropped with the increase of 
pH. 

Maximum was obtained at pH 
5~7.  

The adsorption was endothermic 
process and followed reversible 
second-order kinetics. 

The effectiveness of BS- DMAHP was 
confirmed by treating real phosphate 
fertilizer industry wastewater 
collected from a fertilizer industry.  

The wastewater contained PO4 3- 
(74.13 mg L-1) and many other ions.  
92.5% of the phosphate was removed 
with 5 g/L adsorbent. 

Blaney et al. (2007) 
HFO-loaded IRA-900 
(HAIX, consists of 
impregnated hydrated 
ferric oxide 
nanoparticles with 
anion-exchange resin) 

Batch adsorption 
experiments and 
column study 

 Initial phosphate 
concentration: 0.008 mM 

pH: 7~7.5 
Background electrolyte: Cl-

90 mg/L, HCO3- 100 
mg/L, SO42- 240 mg/L 

Reaction time: 4~5 days 

81 mmol/kg Doubling concentration of 
sulfate had practically no 
effect on the phosphate 
sorption capacity of HAIX. 

Adsorption mechanism includes Lewis 
acid-base interaction accompanied 
by the electrostatic attraction. 

Temperature did not show significant 
influence on P sorption by HAIX. 

Pan et al. (2009) 
D-201; HFO-201 
(HFO-loaded D-201) 
Particle size: 0.6~1 
mm 
Obtained from 
Zhengguang Electrical 
Resin Co. Ltd., 
Hangzhou, 
China. 

Batch adsorption 
experiment 

 Initial phosphate 
concentration: 0.32 mM 

Adsorbent dosage: 0.5 g/L 
pH: 6.5~8 
Reaction time: 3 h 

D-201:  
394 mmol/kg; 

HFO-201: 
574 mmol/kg 

The adsorption capacity 
increased first and then 
dropped with the increase of 
pH. Maximum was obtained 
at pH 7. 

 Sulfate anion strongly 
competed for ammonium 
groups, which bind 
phosphate through 
electrostatic interaction. 
However, it does not affect 
the inner-sphere 
complexation with HFO. 

HFO-201 possesses two types of 
adsorption sites for phosphate 
removal: the ammonium groups 
bound to the D-201 matrix and the 
loaded HFO nanoparticles. 

Temperature has a significant effect on 
outer-sphere interaction and has 
much less effect on inner-sphere 
complexation.  

HFO-201 is easy to regenerate without 
any significant capacity loss. 

 

Table 1.2. (cont.) 
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Awual and Jyo (2011) 
Diaon WA20 
(Weak-base anion 
exchange resin);  
Diaion SA10A  
(Strong-base anion 
exchange resin) 
Obtained from 
Mitsubishi 
Chemical Corporation, 
Tokyo, Japan. 

Batch adsorption 
experiments and 
column study 

 Initial phosphate 
concentration: 10 mM 

Adsorbent dosage: 1 g/L 
pH: 2.25~6.94 
Reaction time: 24 h 

Diaon WA20: 
1390~4950  
mmol/kg from pH 
7.6 to pH 2.25 

Diaion SA10A: 
1550~1650 from 
pH 3 to pH 7 

Diaon WA20: 
P adsorption decreased 
sharply from pH 2.5 to 7.5. 
The adsorption process was 
not strongly affected by 
chloride and nitrate, but 
strongly affected by sulfate. 

Diaion SA10A: 
P adsorption capacity 
basically stable between pH 
3~7, but the adsorption was 
markedly affected by 
chloride, nitrate, and sulfate.  

Inner-sphere complexation with amine 
groups was the dominant mechanism. 

Different temperatures, namely 10, 20 
and 30 °C did not have a significant 
effect on P adsorption. 

Weak-base anion exchange resin 
Diaion WA20 showed higher kinetic 
performances opposed to Diaion 
SA10A and was able to use 
repeatedly for phosphate removal 
from water for a long time.  

Sengupta and Pandit 
(2011) 
LayneRT 
(HAIX) 
DOW- HFO; 
DOW-HFO-Cu 
(Cu(II)-loaded resins) 
Particle size: 0.3~1.2 
mm; 

Obtained from 
Solmetex Co.  

Batch adsorption 
experiments and 
column study 

 Initial phosphate 
concentration: 0.16~2.42 
mM 

pH: 5, 9 
Reaction time: 24 h 

742 mmol/kg at both 
pH 5 and pH 9 

The resins showed high 
selectivity towards 
orthophosphate when 
compared to competing 
anions, especially sulfate.  

Adsorption mechanism includes Lewis 
acid-base interaction accompanied 
by the electrostatic attraction. 

The resins can be efficiently 
regenerated with 2.5 % sodium 
chloride and 2.0% sodium hydroxide. 

Intra-particle diffusion is the rate-
limiting step for the phosphorus 
sorption by HAIX. 

Das Gupta et al. (2012) 
Purolite A500P 
Particle size: 0.3~0.42 
mm 

Batch adsorption 
experiments and 
column study 

 Initial phosphate 
concentration: 0.5 mM 

Adsorbent dosage: 0.5~10 
g/L 

Background electrolyte: 50 
mg/L KNO3 

Reaction time: 72 h 

226 mmol/kg / Purolite A500P has the functional group 
R-(CH3)3N+ for adsorption of 
anions. 

It showed a higher sorption selectivity 
to nitrate than to phosphate 

 

 Table 1.2. (cont.) 
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O’Neal and Boyer (2013) 
LayneRT 
(HAIX) 
Obtained from 
Solmetex, 
Northborough, MA.  

Batch adsorption 
experiment 

 Initial phosphate 
concentration: 0~20 mM 
pH: 6~7 
Background solution: 
Synthetic urine with 
multiple ions 
Reaction time: 2 h 

291 mmol/kg / Adsorption mechanism includes Lewis 
acid-base interaction accompanied 
by the electrostatic attraction. 

HAIX was used for the recovery of P 
from urine and other wastewater 
streams. Dilution of urine with tap 
water decreased the phosphate 
loading on HAIX resin. 

Nur et al. (2014) 
Purolite FerrIX A33E  
(a Fe-loaded strong 
base anion exchange 
resin) 
Particle size: 0.3–1.2 
mm  
Obtained from 
Purolite, U.S.A.  

Batch adsorption 
experiment 

 Initial phosphate 
concentration:  0.32 mM 

Adsorbent dosage: 0.1~10 
g/L 

pH: 7.2~7.6 
Reaction time: 72 h 

1548 mmol/kg / Inner-sphere adsorption by surface 
complexation on iron oxide as well as 
outer-sphere adsorption by 
coulombic forces with the quaternary 
ammonium functional group. 

The highly porous nature of the resin 
bead allows for maximum utilization 
of the impregnated iron oxide.  

Acelas et al. (2015) 
HFO-loaded resin; 
HZrO-loaded resin; 
HCuO-loaded resin 
(Strong-base anion 
exchange resin IRA-
400, from Amberlite, 
Dow Chemicals, was 
utilized as host resin) 

Batch adsorption 
experiment 

 Initial phosphate 
concentration: 0.16 mM 

Adsorbent dosage: 0.2~2 
g/L 

pH: 6~7 
Reaction time: 4 h 

HFO-loaded resin:  
3584 mmol/kg; 

HZrO-loaded resin: 
2959 mmol/kg; 

HCuO-loaded resin: 
2389 mmol/kg 

Sulfate reduced P sorption 
capacity, but HFeO and 
HZrO were still capable of 
reducing more than 80% of P 
in a real wastewater matrix 

Electrostatic interactions accompanied 
by Lewis acid-base interactions 
(formation of inner-sphere 
complexes) between phosphate and 
loaded metals. 

Chemisorption was the determining 
step of the adsorption process. The 
sorption was rate limited by intra-
particle diffusion overall. 

Zhang et al. (2016) 
La-201 
(Hydrated La(III) 
oxide-loaded D-201) 
Particle size: 0.6~0.9 
mm 

Batch adsorption 
experiments and 
column study 

 Initial phosphate 
concentration: 1 mM 

Adsorbent dosage: 0.5 g/L 
pH: 3~11 
Reaction time: 96 h 

1852 mmol/kg at pH 
6~7 

Phosphate adsorption varied 
insignificantly at acidic pH, 
and it dropped with pH 
dropping to alkaline region. 

With the addition of SO42-, Cl-, 
NO3-, HCO3-, and SiO32-, 
the adsorption capacity loss 
was observed, especially for 
silicate.  

The formation of LaPO4·xH2O was 
the dominant pathway for selective 
phosphate adsorption by the 
immobilized nano-HLO.  

La-201 exhibited drastically enhanced 
phosphate removal from synthetic 
solution as compared to a well 
recognized Fe(III) oxide 
nanocomposite HFO-201 

 

 Table 1.2. (cont.) 

 

 

  



 

52 

Reference/adsorbents Methods Reaction conditions Adsorption capacity Effects of pH and co-existing ions Mechanism and other findings 

Ookubo et al. (1993) 
Mg/Al LDH 
Interlayer Cl- 

Batch adsorption 
experiments 

Initial phosphate 
concentration: 
8.7~53 mM; 

Adsorbent dosage: 
10 g/L 

pH: 7.53 
Reaction time: 5 h 

2370 mmol/kg The adsorption capacity was increased 
with the increase of pH from 1 to 7 
then decreased with a further 
increase of pH up to 9. 

The significant decrease of phosphate 
uptake when pH < 5 is due to DLH 
dissolution. 

Ion exchange with interlayer Cl- is 
the major adsorption mechanism. 

The ion-exchange properties of 
hydrotalcite depend strongly on its 
chemical composition. 

Hang-Sik et al. (1996) 
Mg/Al LDH 
Interlayer Cl- 

Batch adsorption 
experiments 

Initial phosphate 
concentration: 
6.45 mM; 

Adsorbent dosage: 
 1 g/L 

pH: 7.5 
Reaction time:  

2.5 h 

1650 mmol/kg Nitrate had little influence on 
phosphate adsorption. Sulfate 
reduced P adsorption by 12%-13%. 

Bicarbonate interfered the P adsorption 
most. 

Mg/Al LDH with interlayer Cl- had 
better P adsorption ability than the 
LDH with interlayer CO32-.  

The possibility of LDH's recycle is 
promising. 

Seida and Nakano 
(2002) 
(Mg, Ca)/Fe LDH 
Interlayer CO32- 

Batch adsorption 
experiments and 
column study 

Initial phosphate 
concentration: 
0~48 mM; 

Adsorbent dosage: 5 
g/L 

pH: 8.4 
Reaction time: 24 h 

Mg/Fe LDH 
500 mmol/kg 
Ca/Fe LDH 
929 mmol/kg 

The P adsorption capacity of Mg/Fe 
LDH decreased with the increase of 
initial pH, whereas that of Ca/Fe 
LDH increased with the increase of 
initial pH. 

Adsorption mechanism includes ion 
exchange between phosphate and 
interlayer carbonate ions and 
dissolution–coagulation process.  

The amount of phosphate removal is 
considered to depend on both the 
ion exchange capacity and the 
buffering property of the 
compounds. 

Das et al. (2006) 
M2+/M3+ LDH 
with multiple metal 
species. 
Calcined Mg/Al 
LDH was further 
studied as the most 
effective P 
adsorbent.  
SSA: 210 m2/g  

Batch adsorption 
experiments 

Initial phosphate 
concentration: 1.6 
mM 

Adsorbent dosage: 
0.4 g/L 

pH: 6 
Reaction time: 4 h 

Calcined Mg/Al 
DLH 
1368 mmol/kg 

Uncalcined Mg/Al 
DLH 
323 mmol/kg 

The adsorption of phosphate on 
calcined Mg/Al LDH was promoted 
with the increase of initial pH from 
3 to 5, then steadily decreased with a 
further increase of pH up to 11. 

Coexisting Cl-, NO3-, SO42- and 
SeO32- decreased P adsorption 
capacity in different degrees.  

Divalent anions have a stronger 
interfering effect than monovalent 
anions. 

The percentage of adsorption 
decreases with increasing Mg-Al 
molar ratio.  

Calcination significantly increased 
the P adsorption ability of Mg/Al 
LDH. 

Phosphate adsorption was decreased 
with increasing temperature from 
303 to 333K. 

Maximum desorption (80%) was 
achieved using 0.1M NaOH and 4 
M NaCl. 

 

Table 1.3. Summary of P adsorption studies on DLHs 
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Kuzawa et al. (2006) 
Mg/Al LDH 
Interlayer CO32-          
Obtained from 
Tomita 
Pharmaceutical Co. 
Ltd., Japan   
Granular particle 
size: 0.5~1.7 mm 

Batch adsorption 
experiments 

Initial phosphate 
concentration: 
6.45 mM; 

Adsorbent dosage: 1 
g/L 

pH: 8.6 
Reaction time: 48 h 

1526 mmol/kg / The material has high P adsorption 
capacity even at low phosphate 
concentration. 

Adsorbed phosphate could be 
effectively desorbed with alkaline 
NaCl solutions and the material 
was regenerated with 25 w/v% 
MgCl2 solution. 

Cheng et al. (2009) 
M2+/M3+ LDH 
with multiple metal 
species. 
Zn/Al LDH was 
further studied as the 
most effective P 
adsorbent.  

Batch adsorption 
experiments 

Initial phosphate 
concentration: 
0.65 mM; 

pH: 8 
Reaction time: 72 h 

Calcined Zn/Al 
LDH 
1315 mmol/kg 

Uncalcined Zn/Al 
LDH 
871 mmol/kg 

An acidic or highly alkaline 
environment adversely affected 
phosphate adsorption. 

The Zn/Al LDH could be an effective 
adsorbent for phosphate recovery 
with pH ranging from 5 to 10. 

The adsorption of phosphate by 
Zn/Al LDH is an endothermic 
process. 

The absorbed phosphate can be 
effectively desorbed by a 5 wt% 
NaOH solution.  

The regeneration rate of used LDHs 
was ∼60% after six cycles of 
adsorption-desorption–
regeneration. 

He et al. (2010) 
Zn/Al LDH 
Interlayer Cl-, NO3-, 
CO32- 

Batch adsorption 
experiments 

Initial phosphate 
concentration: 4 
mM 

Adsorbent dosage: 5 
g/L 

pH: 5.09 
Reaction time: 3 

days 

516 mmol/kg Zn/Al DLH showed high selectivity 
toward phosphate, especially when 
NO3- is the interlayer anion. 

Phosphate ions exchange with OH 
groups and complex with Zn on 
the surface by outer-sphere 
complexation or electrostatic 
attraction. 

Calcination can increase P adsorption 
capacity by structural memory 
effect and brings selectivity. 

Zhou et al. (2011)  
(Mg, Ca)/Fe LDH 
Interlayer Cl- 

Batch adsorption 
experiments 

Initial phosphate 
concentration: 
0~1.45 mM; 

Adsorbent dosage: 
0.2 g/L 

pH: 8 
Reaction time: 24 h 

Mg/Fe LDH  
339 mmol/kg 

Ca/Fe LDH 
1819 mmol/kg 

Mg0.5Ca1.5/Fe 
LDH 
2716 mmol/kg 

0.1 M NaCl had little effect on the 
removal of triphosphate by LDHs. 

Mg/Fe LDH removed triphosphate 
mainly by surface adsorption and 
near-edge intercalation. 

Ca/Fe LDH removed triphosphate 
mainly by LDH dissolution and 
precipitation as Ca-TPP 
compounds. 
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Drenkova-Tuhtan et al. 
(2013) 
Mg/Fe-Zr LDH 
Interlayer NO3-, Cl- 

Batch adsorption 
experiments and 
pilot-scale test 

Initial phosphate 
concentration: 
0.32 mM; 

Adsorbent dosage: 
0.4 g/L 

pH: 4.5~5 
Reaction time: 24 h 

1129 mmol/kg Phosphate adsorption increased with 
decreasing pH, but in a highly acidic 
environment (pH < 3) the LDH shell 
started to dissolve. 

The affinity for anions of LDHs is 
decreasing in the order of HCO3-, 
H2PO4-, NO3-, SO42-. 

LDH incorporated with magnetic 
particles made it easy for 
separation and recovery of 
phosphate. 

Good reusability was obtained for 15 
adsorption-desorption cycles on a 
lab-scale without a significant 
drop in performance. 

Novillo et al. (2014) 
Mg/Al LDH 
Interlayer NO3- 

Batch adsorption 
experiments 

Initial phosphate 
concentration: 3.2 
mM; 

Adsorbent dosage: 
0.6 g/L 

pH: 3 
Reaction time: 4 h 

2297 mmol/kg The adsorption capacity of the Mg/Al 
LDH decreased with the increase of 
initial pH. 

Coexisting anions inhibited the P 
adsorption in the order of NO3- < 
HCO3- < Cl- < SO42-.  

Adsorption mechanism includes 
electrostatic attraction, ion 
exchange between phosphate and 
interlayer nitrate and dissolution–
coagulation process.  

Phosphate adsorbed on the LDH can 
be desorbed at both acid and basic 
pH values. 

Yang et al. (2014) 
Mg/Al LDH 
SSA: 104 m2/g 
PZC: 7.46 
Zn/Al LDH 
SSA: 135 m2/g 
PZC: 10.26 
Interlayer CO32- 

Batch adsorption 
experiments 

Phosphate 
concentration: 
0~0.3 mM; 

Adsorbent dosage: 
0.8~6.4 g/L 

pH: 2~12 

Mg/Al LDH 
1010 mmol/kg 

Zn/Al LDH 
2206 mmol/kg 

The ratio of phosphate changed 
insignificantly in the pH range of 2–
6 for Mg-Al LDH and 2–10 for Zn–
Al LDH. With further increase of 
pH up to 12, there is a drastic 
decrease. 

Adsorption mechanism includes ion 
exchange between phosphate and 
interlayer carbonate ions and 
ligand exchange between 
phosphate and surface hydroxyl 
groups. 

Tsuji and Fujii (2014) 
Ca/Fe LDH 
Interlayer Cl- 

Batch adsorption 
experiments 

Initial phosphate 
concentration: 
0.65~3.2 mM; 

Adsorbent dosage: 
0.4 g/L 

pH: 11 
Reaction time: 2 h 

2900 mmol/kg when 
Ca:Fe=3 

High pH activates the generation of 
hydroxyapatite from phosphate and 
dissolved Ca. 

Precipitation reaction between 
phosphate and dissolved Ca is the 
major mechanism, and the 
contribution of ion exchange is 
weak. 
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Ashekuzzaman and 
Jiang (2014) 
(Ca, Mg)/(Al, Fe) 
LDH 
Interlayer Cl-, NO3- 

Batch adsorption 
experiments 

Initial phosphate 
concentration: 
0.32 mM 

Adsorbent dosage: 
0.3 g/L 

pH: 7 
Reaction time: 2 h 

Ca1.5Mg0.5/Al 
(NO3-) LDH 
2287 mmol/kg 

Ca/Al (NO3-) LDH 
2152 mmol/kg 

Mg/Fe (Cl-) LDH 
316 mmol/kg  

The rate of P adsorption for Ca- and 
CaMg-based LDHs was almost 
steady (~98%) in the range of pH 
between 3.5~10.5, whereas for Mg–
Fe(Cl-) LDH, it was at pH between 
3~7.5.  

The P adsorption decreased with 
further increase in pH up to 12.0. 

The P uptake process is expected as a 
combination of anion exchange 
and precipitation. 

Real testing using effluent from a 
wastewater treatment plant 
showed good P removal rate (> 
90%).  

Desorption-regeneration performance 
of Ca-based LDHs was improved 
when synthesized with both Ca 
and Mg as divalent precursors. 

Luengo et al. (2017)  
Mg/Al LDH 
Interlayer Cl- 

Batch adsorption 
experiments 

Initial phosphate 
concentration: 
0.056~3.2 mM; 

Adsorbent dosage: 
0.3 g/L 

pH: 5 
Background 

electrolyte: 0.1M 
NaCl 

Reaction time: 4 h 

2250 mmol/kg P adsorption decreased with the 
increase of initial solution pH from 
5 to 9. 

Adsorption mechanism includes 
anion exchange, electrostatic 
attraction, and surface 
complexation. 
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Reference/adsorbents Methods Reaction conditions Adsorption capacity Effects of pH and co-existing ions Mechanism and other findings 

Long et al. (2011) 
Iron-zirconium oxide 
SSA: 106.2 m2/g 

Batch adsorption  
experiments 

Initial phosphate 
concentration:     
0~3.2 mM 

Adsorbent dosage:       
1 g/L 

pH: 4 
Background electrolyte:  

1~100 mM NaCl 
Reaction time: 24 h 

440 mmol/kg P adsorption efficiency decreased with 
the increased of pH from 1.5 to 10. 

P adsorption decreased in the presence 
of nitrate, sulfate, and citrate due to 
the competition of adsorption sites.  

Acetic increased P adsorption because 
it lowered the solution pH. 

The adsorption of phosphate was ion 
exchange reaction. 

About 86% of P were adsorbed 
within the first 2 h, followed by a 
slow stage until the equilibrium 
state was reached after 24 h. 

The material was magnetic, easy to 
separate. 

Zhang et al. (2017) 
Iron-zirconium oxide 
SSA: 124~282 m2/g 
with decreasing Fe: Zr 
ratio from 12:1 to 2:1 
PZC: 8~9                                                                          

Batch adsorption  
experiments 

Initial phosphate 
concentration:  
0.16~3.2 mM 

 Adsorbent dosage:      
2 g/L 

pH: 4 
Reaction time: 24 h 

377~687 mmol/kg  
with decreasing 
Fe:Zr ratio from 
12:1 to 2:1    

P adsorption decreased with the 
increase of pH from 1.5 to 10. 

Phosphate sorption slightly enhanced 
with the increase of the solution 
ionic strength. 

Chloride, sulfate, and nitrate had no 
obvious impact on P removal. 

Bicarbonate restrained the phosphate 
adsorption due to the strong 
competition for the adsorption sites 

Inner-sphere complexation was the 
dominant adsorption mechanism. 

Lin et al. (2017) 
Hydrous zirconium 
oxide 
PZC: 3.3  

Batch adsorption  
experiments 

Initial phosphate 
concentration:  
0.05~0.5 mM 

Adsorbent dosage:    
0.4 g/L 

pH: 7 
Reaction time: 24 h 

545 mmol/kg In the absence of Ca2+, P adsorption 
showed little pH dependence from 4 
to 6, but decreased sharply from 6 
to 9. 

In the presence of Ca2+, no significant 
influence of pH was observed from 
4 to 9. 

Ca2+ significantly increased P removal 
capacity in alkaline solution.  

The replacement of the surface 
chloride and –OH groups by the 
phosphate species and the 
formation of inner-sphere 
phosphate complexes at the 
solid/solution interface.  

Most of the adsorbed phosphate 
could be easily desorbed using 
the 1.0 M NaOH solution. 

 

Table 1.4. Summary of P adsorption studies on Zr and La oxides   
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Table 1.4. (cont.) 

 

Johir et al. (2016b) 
Zirconium hydroxide  
Particle size: 0.1~35 
µm  

Batch adsorption  
experiments 
and lab-scale 
reactor test 

Initial phosphate 
concentration:     
0.32 mM 

Adsorbent dosage: 
0.1~3 g/L 

pH: 7 
Reaction time: 72 h 

597 mmol/kg P adsorption decreased with the 
increase of pH from 4 to10. 

The phosphate adsorption capacity 
slightly decreased in the presence of 
sulfate but not in the presence of 
nitrate. 

The adsorption was via inner-sphere 
complexing. 

Liu et al. (2008) 
Mesoporous 
Zirconium oxide 
SSA: 232 m2/g 
Isoelectric point: 4.9 

Batch adsorption  
experiments 

Initial phosphate 
concentration:   
0~9.7 mM 

Adsorbent dosage:    
1.2 g/L 

pH: 6.7~6.9 
Background electrolyte: 

10 mM KNO3 
Reaction time: 24 h 

958 mmol/kg P adsorption decreased with the 
increase of pH from 3 to11. 

The P adsorption was slightly affected 
by ionic strength from 0.001 to 
0.1M KNO3. 

Inner-sphere complexing was the 
dominant mechanism. 

Coulombic attraction was also 
involved at low pH. 

Xie et al. (2014) 
Lanthanum 
hydroxides (LH) 
Amorphous/crystalline 
SSA: 153.3 m2/g for 
amorphous LH and 
31.1 for crystalline LH 

Batch adsorption  
experiments 

Initial phosphate 
concentration:  
0.05~5.3 mM 

Adsorbent dosage:    
2.5 g/L 

Reaction time: 24 h 

Amorphous LH: 
1132 mmol/kg 

Crystalline LH: 
584 mmol/kg 

The performance for phosphate 
removal by LHs decreased sharply 
when pH > 9.0 for crystalline LH 
and > 12.0 for amorphous LH. 

The coexistence of chloride, nitrate, 
sulfate and hydrogen carbonate 
anions only had slight effect on 
phosphate removal by LHs.  

The adsorption was via ligand 
exchange mechanism. 

The amorphous phase and higher 
specific surface area of 
synthesized LH resulted in its 
greater adsorptive capability than 
commercial LH.     

Haghseresht et al. (2009) 
lanthanum-modified 
bentonite (Phoslock) 
Particle size: 22 µm 

Batch adsorption  
experiments 
and field test 

Initial phosphate 
concentration:      
0.32 mM 

Adsorbent dosage: 
0.05~5 g/L 

Reaction time: 5 h 

329 mmol/kg P adsorption decreased with the 
increase of pH from 5 to 9. 

Ionic strength did not have significant 
influence on the rate of phosphate 
uptake. 

The adsorption was a chemical 
process. 

It was an endothermal reaction that 
the adsorption rate increased at 
higher temperatures.  
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Reference/adsorbents Methods Reaction conditions Adsorption capacity Effects of pH and co-existing ions Mechanism and other findings 

Jiang et al. (2013) 
Zeolite 
Particle size:        
0.85 mm 
SSA: 500~800 m2/g 

Batch experiments 
and column 
study 

Initial phosphate 
concentration:  
0.1~1.3 mM 

Adsorbent dosage:      
100 g/L 

Reaction time: 48 h 

10 mmol/kg / The adsorption was via electrostatic 
attraction or ion-exchange. 

Onyango et al. (2007) 
Al-activated Zeolite 
Si/Al ratio: 
2.75~3.25 
PZC: 7.5 
SSA: 642 m2/g  

Batch adsorption 
experiments 

Initial phosphate 
concentration:  
0.5~3.2 mM 

Adsorbent dosage:       
1 g/L 

pH: 4.5 
Reaction time: 7 days 

806 mmol/kg The uptake of phosphate decreased 
with the increase of pH from 2.5 
to 10. 

Nitrate, sulfate, and chloride 
improved slightly the phosphate 
removal efficiency while fluoride 
reduced P removal capacity. 

The adsorption was via Coulombic 
attraction and ligand exchange 
reaction  

It was the terminal aluminol sites that 
were responsible for phosphate 
sorption. 

Wu et al. (2006) 
Modified zeolite 
Synthesized from fly 
ash with Ca, Mg, Al, 
and Fe salt treatment 

Batch adsorption 
experiments 

Initial phosphate 
concentration:        
32.3 mM 

Adsorbent dosage:       
10 g/L 

pH: ~5 
Reaction time: 24 h 

1139 mmol/kg / The P immobilization was due mainly 
to ligand exchange by positively 
charged iron and aluminum phases. 

The solution pH was lifted during the 
P sorption. 

Al3+-ZFA was the best form for 
phosphate removal at low 
concentrations 

Chen et al. (2006) 
Modified zeolite 
Synthesized from 
different sources of 
fly ash. 

Batch adsorption 
experiments 

Initial phosphate 
concentration:       
32.3 mM 

Adsorbent dosage:        
10 g/L 

pH: ~4 
Reaction time: 24 h 

380~1522 mmol/kg The amount of adsorbed phosphate 
first increased then dropped with 
the increase of initial pH. 

Zeolite with high Ca content have the 
best performance in P removal 
when 3.5<pH<9, while the pH 
range for low Ca zeolite is 
3.5<pH<5.5 

The mechanism of P removal appears 
to be the formation of calcium 
phosphate precipitate and the 
sorption through ligand exchange.  

Sorption capacity of all fly ashes 
increased markedly after the 
conversion to zeolite because of 
larger specific surface area and 
more dissociated Fe2O3. 

 

Table 1.5. Summary of P adsorption studies on Ca and Si minerals  
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Bellier et al. (2006) 
Apatite 
Particle size:           
2.5~10 mm 
PZC: 7.6~8.6 

Batch experiments 
and column 
study 

Initial phosphate 
concentration: 
0.16~4.8 mM 

Adsorbent dosage:      
50 g/L 

pH: 8 
Background 

electrolyte: 1000 
µS/cm by adding 
NaCl 

Reaction time:         
24, 96 h 

10 mmol/kg / Adsorption occurred almost 
instantaneously and was rapidly 
followed by precipitation.  

Apatite also contributed as a source of 
Ca, which is essential for Ca–P 
precipitation  

Molle et al. (2005) 
Apatite 
Particle size:     
0.2~0.9 mm 

Batch experiments 
and column 
study 

Initial phosphate 
concentration:       
16.1 mM 

Adsorbent dosage:      
40 g/L 

pH: 7 
Background 

electrolyte: 1000 
µS/cm by adding 
NaCl 

Reaction time: 24 h 

154 mmol/kg The adsorption showed good pH 
stability. 

Adsorption was predominant as long 
as the surface state was far from a 
saturated state.  

Retention in the column study was not 
governed by adsorption (for long-
term removal) but by surface 
precipitation. 

Karageorgiou et al. 
(2007) 
Calcite 
Particle size:            
< 0.2 mm 
PZC: 8.2 

Batch adsorption 
experiments 

Initial phosphate 
concentration:      
0.63 mM 

Adsorbent dosage:      
1 g/L 

pH: 12 
Background solution: 

tap water with low 
hardness 

100 mmol/kg With the pH increased from 7.6, the 
P uptake increased and became 
complete in the vicinity of pH 12. 

Specific adsorption of orthophosphate 
species onto the calcite surface 
seemed to be the driving 
mechanism. 

 

Table 1.5. (cont.) 
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Table 1.5. (cont.) 

 

Karaca et al. (2004) 
Dolomite 
SSA: 0.14 m2/g 
Composition: 
CaMg(CO3)2  

Batch adsorption 
experiments 

Initial phosphate 
concentration:      
0.63 mM 

Adsorbent dosage:      
2 g/L 

pH: 1~11 

558 mmol/kg The amount of phosphate adsorbed 
increased with increase in pH 
from 1 to 11. 

The P removal was via chemisorption 
and intraparticle diffusion. 

The adsorption of phosphate onto 
dolomite is an exothermically 
activated process. 

Mangwandi et al. 
(2014) 
Dolomite 
Particle size: 
0.05~0.1 mm 
SSA: 0.146 m2/g 
PZC: 8.55 
Composition: 
Ca3(PO4)2 and/or 
Mg3(PO4)2 

Batch adsorption 
experiments 

Initial phosphate 
concentration:       
3.2, 64.5 mM 

Adsorbent dosage:      
4 g/L 

pH: 2 
Reaction time: 7 days 

7332 mmol/kg The adsorption capacity decreased 
considerably with the increase of 
solution pH from 2 to 10. 

Adsorption of phosphate increased as 
the ionic strength increased from 
0.05 to 0.3 M NaCl. 

Precipitation and ion exchange 
reaction was the dominant 
adsorption mechanism. 
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RESEARCH JUSTIFICATION 

Phosphorus (P) loss from agricultural fields has long been an environmental issue 

due to its negative impact on aquatic ecosystems such as eutrophication and hypoxia 

(Sharpley et al., 1994; Carpenter et al., 1998). Compared to nitrogen, little P is typically 

lost from fields (Gentry et al., 2007). Larger amounts of P can be lost during major 

erosion events, and recently dissolved reactive P (DRP) losses at high concentrations 

have been reported through tile drainage in the Lake Erie watersheds of northwestern 

Ohio (King et al., 2015a). Concentrations of DRP can range from just detectable to many 

tenths of a mg L-1 in tile lines, and can be many mg L-1 in surface runoff (King et al., 

2015a). These concentrations and loads of DRP are more than enough to lead to 

eutrophication in downstream water bodies. For the control of P loss from agricultural 

fields, it is a prerequisite to monitor the loads of P from a large number of agricultural 

waterways and identify the major pathways of P loss in each field. However, it is not 

feasible to install large numbers of automated samplers in agricultural drainage ditches 

and tile lines throughout the United States agricultural lands because of the cost. A more 

practical alternative would be a quick, easy, and economical technique that can be used to 

monitor the P concentrations in eutrophic waters during critical wet seasons when a large 

quantity of P is discharged from agricultural fields. 

Several methods have been suggested to monitor the concentration of P in waters. 

The most common one is grab sampling, which obtains time-discrete records of the 

concentration of target substances (Müller et al., 2007; Rozemeijer et al., 2010; Worsfold 

et al., 2016). The precision and accuracy of grab sampling rely heavily on the sampling 

frequency, which is limited by manual labor especially for its application in long-term 

and large-scale monitoring (O’Brien et al., 2009; Knutsson et al., 2013; Edenborn et al., 

2017). The minimum detectable concentration is also limited by the volume of sampled 

water at each time. Another disadvantage is that the discrete (i.e., snapshot) measurement 

may miss specific discharge events (Vrana et al., 2005; Ahrens et al., 2015). Other 

monitoring methods also have their own drawbacks. For example, automatic samplers 

and analyzers are expensive to purchase and maintain (Rozemeijer et al., 2010); paper-

based devices for in-site determination are convenient and cost-efficient, but the detection 
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limit is relatively high and the accuracy is also affected temporal variation of the 

contaminant concentrations (Jayawardane et al., 2012; Almeida et al., 2018). Since the 

discharge of DRP in agricultural fields has been reported to be usually at low 

concentration but occurs during heavy precipitation events (Müller et al., 2007; King et 

al., 2015b; Smith et al., 2015), the above monitoring methods are not ideal for the 

evaluation of P loss from agricultural fields. A passive sampling technique rises as a 

promising alternative in this case. It is based on the accumulation of target substances in 

adsorbents in a permeable containment like mesh bags that are deployed on-site. A time-

weighted average concentration can be calculated according to the amount of the target 

substances on adsorbents after a certain period of deployment, which can be several days 

to months (Ahrens et al., 2015). 

As reviewed above, different adsorbents exhibit various P adsorption capacities. The 

retention of P in these adsorbents is affected by the physical and chemical conditions of 

wastewater. However, it is safe to say that some adsorbents are reactive enough (e.g., 

hybrid anion exchange resins and alkaline earth-based materials) that they have potential 

to be used in the passive detection method to monitor P in agricultural drainage water. In 

contrast to the water treatment facilities, temporal variations exist in agricultural drainage 

water. The variations in environmentally relevant conditions such as P concentration, 

interfering ions, and flow rate should be accounted for when a proper adsorbent is 

selected. Eutrophic waters in agricultural systems are generally at near-neutral pH, and 

this makes the removal of P via adsorption difficult because P adsorption capacity for 

most inorganic adsorbents at near-neutral pH is lower than under acidic pH. Adsorbent 

specific selectivity for P in the presence of interfering ions at neutral pH values should be 

prioritized. The stability of adsorbents also becomes important for field application. The 

adsorbents must be large enough to be entrapped in mesh bags and should withstand 

seasonally fluctuating flow rate and temperature without sacrificing P removal efficiency. 

For the passive detection technique, adsorbent materials should be economical and 

provide maximal for ease of recovery. Considering all criteria, reactive hybrid anion 

exchange resins have the greatest potential for the use in passive sampling techniques to 

monitor P flux in agricultural wastewaters. The objective of this study was to evaluate the 
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passive detection technique with reactive hybrid anion exchange resins to monitor P in 

agricultural tile waters.  
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RESEARCH HYPOTHESES 

Based on the research justification above, the following three hypotheses were 

developed.  

 

1. The concentration of P and common anions (e.g., sulfate and nitrate) affect the 

maximum P retention capacity of reactive (hybrid) anion exchange resins. 

 

2. Iron hydroxide-loaded anion exchange resins is a reactive adsorbent that can 

adsorb phosphate efficiently and irreversibly. 

 

3. The passive detection technique with reactive hybrid anion exchange resins can 

be used to monitor dissolved P in agricultural tile waters. 

 

To test these three hypotheses, the work reported in the following three research 

chapters was conducted.  



 

 

 

94 

CHAPTER 2: EVALUATION OF PHOSPHATE REMOVAL 

PERFORMANCE IN ANION EXCHANGE RESINS AFFECTED BY 

SURFACE ACIDITY, POLYMER MATRICES AND REACTION 

CONDITIONS 

 

Abstract 

Anion exchange resins have been widely used for the removal of anionic pollutants 

from wastewaters. However, the effects of resin types and surface properties on the 

removal of phosphate (P) from water have not been clearly understood. In this study, 

three anion exchange resins with different polymer matrices (polystyrene and 

polyacrylic) and resin functional groups (strong-base and weak-base) were used in batch 

P adsorption experiments to explore the P adsorption capacity in the presence of common 

surface water anions such as nitrate and sulfate. And the effect of surface modification 

with iron hydroxides (i.e., hybrid resin) on P adsorption was studied. Results showed that 

the P adsorption capacity of the strong-base polystyrene resin, the weak-base polystyrene 

resin and the weak-base polyacrylic resin was 13.16, 5.17 and 21.19 mg/g, respectively. 

The hybrid resins loaded with iron hydroxides showed better resistance to the influence 

of co-existing nitrate and sulfate in the P adsorption process than the resins without iron 

hydroxides-coating. The decrease of P adsorption capacity caused by the presence of 

nitrate reduced from 0.8-6.4 % to 0.4-2.3 %. The kinetic processes of P adsorption by 

both pure resins and hybrid resins were successfully modeled using the pseudo-second-

order equation. Overall, the iron-loaded hybrid resins showed higher affinity for 

phosphate compared with the respective pure resins, suggesting that hybrid resins can be 

promising adsorbents for the removal of P in aquatic environments. 
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2.1. Introduction 

Anion exchange resin is an important class of adsorbent material applied for the 

removal of phosphate from wastewater. Anion exchange resins is composed of covalently 

cross-linked frameworks of macromolecular hydrocarbon chains and have positively 

charged functional groups (Awual et al., 2011; Loganathan et al., 2014). There are 

different types of anion exchange resin matrix, among which are polystyrene resins that 

the most common type in practical applications because of good resistance to physical 

and chemical stresses (Boari et al., 1976; Zagorodni, 2006). However, the hydrophobic 

property of the polymer matrix could have a negative effect on the interaction with 

hydrated polar compounds (Awual et al., 2011). Polyacrylic resins are another important 

type of anion exchange resin for environmental research. Polyacrylic resins are made 

from alkyl acrylates and methacrylates as polymers, which could provide better 

hydrophilic properties than polystyrene resins. They have the advantages of easier 

regeneration and a better resistance to organic fouling (Zagorodni, 2006; Pan et al., 

2009a). The hydrophilic nature of polyacrylic resins could provide a better affinity for 

phosphate than polystyrene resins, which could make polyacrylic resins more suitable as 

the adsorbents for the removal of phosphate from water, but this needs laboratory 

verification and comprehensive comparison with other resins. Anion exchange resins can 

also be categorized by the surface functional group, such as strong-base and weak-base. 

The former contains quaternary amine as the functional group, while tertiary (or 

secondary or primary) amine is present in the latter. Weak-base anion exchange resins 

usually have higher exchange capacity and regeneration efficiency than strong-base anion 

exchange resins (Zagorodni, 2006; Awual and Jyo, 2011).   

Anion exchange resins can serve as a sorbent for phosphate in wastewater because 

phosphate ions can be exchanged with chloride or other anions that are pre-loaded on the 

resin surfaces. But, due to the non-specific adsorption mechanism of anion exchange 

resins, P removal is subject to interference by other environmental prevalent anions like 

sulfate in environments. In general, oxyanions with higher charges would have stronger 

competition with phosphate for the adsorption sites (Das et al., 2006; Awual and Jyo, 

2011). With a few exceptions (Boari et al., 1976; Awual and Jyo, 2011), there is little 
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comparative study of different types of anion exchange resins for resistance to the 

interference by common oxyanions on P removal effect  

To improve P adsorption specificity, the surface matrix of resins has often been 

modified with secondary coating materials. Hydrated ferric oxides (HFO) are one of the 

most extensively studied loading materials for the synthesis of hybrid anion exchanger 

(HAIX) to remove anionic pollutants. Iron (hydr)oxides as Lewis acids can form inner-

sphere complexation with phosphate as a Lewis base, thus phosphate can be adsorbed 

with high affinity and efficiency. However, the small size and physical weakness of HFO 

incur difficulties for application and recovery (Blaney et al., 2007; Pan et al., 2009b; 

Sengupta and Pandit, 2011; Johir et al., 2016). Anion exchange resins loaded with HFO 

are expected to combine the advantages of both materials to enhance the removal of 

phosphate from wastewater (Sengupta and Pandit, 2011; O’Neal and Boyer, 2013; 

Sendrowski and Boyer, 2013), but the most efficient combination of resin type and 

surface loading to optimize P removal is not clearly understood.  

Based on previous investigations, there are several knowledge gaps that need to be 

addressed to optimize P removal efficiency: 1) effects of resin matrix (polystyrene and 

polyacrylic) including functional groups (strong-base and weak-base), 2) effects of 

interfering anions, and 3) effects of surface modification of resin to form hybrid resins. 

Accordingly, the objective of this study is to compare the three (hybrid) anion exchange 

resins for P removal, relative to differences in surface acidity, polymer matrix, and 

reaction conditions (e.g., interfering anions). 

 

2.2. Materials and Methods 

2.2.1. Materials 

All chemicals were ACS-reagent grade, and ultra-pure water (18.2 M) was used 

unless otherwise stated.  

Three anion exchange resins were tested in this study, among which were a strong-

base polystyrene-DVB resin AMBERLITE™ HPR9200, a weak-base polystyrene-DVB 

resin AMBERLITE™ HPR9600, and a weak-base polyacrylic resin AMBERLITE™ 

IRA67, (Du Pont Co., Wilmington, USA). Resins were cleaned using the following acid-
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base treatments. For all resins, 100 g moist resin was added in a 1-L polypropylene bottle 

containing 1.0 L of 1 M HCl. The bottle was agitated on an orbital shaker at 80 rpm for 

24 h. After washing three times with water, the resin was treated with 1-L of 1 M NaOH 

in the bottle, and then shaken on an orbital shaker at 80 rpm for 24 h. Washing with water 

was subsequently repeated, followed by air-drying and storage of the resin at room 

temperature. The appearance of the anion exchange resins are shown in Fig. 2.1 and the 

physicochemical characteristics of the three anion exchange resins are summarized in 

Table 2.1, as provided by (Staicu et al., 2017; Dupont, 2019; Purolite, 2019). 

A commercially available product - FerrIX™A33E (Purolite, USA), which is an 

iron-loaded strong-base polystyrene-DVB hybrid resin, was also used. The basic 

physicochemical properties are present in Table 2.1.  

 

2.2.2. Synthesis of iron-loaded hybrid anion exchange resins 

The synthesis of iron-loaded hybrid resins principally consists of 1) the loading of 

ferric ions and 2) the precipitation and transformation of iron hydroxide. The detailed 

protocol is as follows. Firstly, 20 g of parent resin was weighted into a 500-mL 

polypropylene bottle, treated with 250 mL of 1 M HNO3 then shaken on an orbital shaker 

at 75 rpm for 1 hr. After washing three times with DI water, the resin was treated with 

100 mL of 0.5 M Fe(NO3)3 and shaken at 75 rpm for 1 hr.; secondly, 90 mL of 5 M 

NaOH was added to the bottle, immediately followed by adding ultra-pure water to dilute 

the suspension to 500 mL; finally, the resin was heated in an oven at 70 °C for 60 hrs to 

convert the loaded iron into goethite. After the incubation, the hybrid resin was rinsed 

twice with ultra-pure water. The resin was treated with 250 mL of 0.5 M NaHCO3 

solution and shaken at 75 rpm for 2 hrs, followed by a treatment with 250 mL of 0.5 M 

NaCl and shaken for 2 hr, to exchange the hydroxyl ion on the resin surface. After the 

final washing with ultra-pure water, the hybrid resin was air-dried and stored at room 

temperature for future use. 
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2.2.3. Characterization of hybrid resins 

The content and the mineralogical information of the iron loaded on hybrid resins 

was studied after the synthesis of the hybrid resins. 

The total iron content of the hybrid resins was determined after acid digestion. To be 

specific, 0.1 g of the hybrid resin was added into a 125-mL screw-capped polypropylene 

bottle with 100 mL of 5% hydroxylamine and 5 M HCl for the digestion of iron in the 

hybrid resin (Upping et al., 1986; Sager, 1992). The mixture was shaken in an ultrasonic 

bath (Bransoic, CPX2800) for 5 min and then with an orbital shaker at 80 rpm for 48 hr. 

The digest was filtered with Whatman No.2 filter paper and the total iron concentration in 

the filtrate was measured in triplicate by a spectrophotometric method using 1, 10-

phenanthroline (Tamura et al., 1974).   

The mineralogy of the iron loaded on hybrid resins was analyzed using Fe K-edge 

X-ray absorption spectroscopy (XAS) at ID12 at Advanced Photon Source (Argonne, IL, 

USA). A monochromator consisting of a double-crystal Si (220) at Phi=0o was used. An 

incident beam of X-ray energy was calibrated using Fe foil at the first inflection point 

(7112 eV) and detuned 50% at 7770eV. Beam size was 2mm in width x 1mm in height. 

The calibration energy was monitored using Fe foil during the scan. The transmission 

measurements were performed in air at room temperature. Spectra were recorded with 

three regions: 10 eV steps from 6880 to 7090 eV with 1sec. dwell, 0.25 eV steps over the 

pre-edge from 7090 to 7140eV with 1sec. dwell, and 0.25 eV steps from k of 1.62 to 14 

Å-1 with 1sec. dwell. Three spectra were recorded. Acquiring multiple spectra across 

time allows us to quantitative evaluation of reproducibility. Reference spectra of 

synthetic pure ferrihydrite, goethite, hematite, and lepidocrocite were also collected. 

Spectra were normalized with standard features of the ATHENA software package 

(Ravel and Newville, 2005), and a linear combination of XAS reference spectra fit 

analysis was conducted. 

The iron (oxyhydr)oxide mineralogical analysis of hybrid resins was also conducted 

using X-ray diffraction methodology. The resin powder was placed in the 25-stage 

sample holder provided on the instrument (Bruker D-5000 XRD) and positioned the 

goniometer was positioned to start its angular scan at 45 kV and 30 mA. The lower limit 
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for 2θ was set to 5° and the upper limit to 80°. The scanning rate was set at 2.0°/min. The 

value for 2θ was calculated using Bragg’s Law (2dsinθ = nλ). 

In addition, the surface area of the hybrid resins as well as the pure anion exchange 

resins was measured using ethylene glycol monoethyl ether (EGME) method (Klute et 

al., 1986). Resins were first dried in an oven at 40 ℃. About 0.5 g of dried resin samples 

were then placed in petri dishes, and transferred to a vacuum desiccator with another petri 

dished containing 10 mL of EGME. The desiccator was connected to laboratory vacuum 

and evacuated for 10 minutes, and the samples were subsequently left in the isolated 

desiccator overnight before re-weighing. The evacuation-stabilization-weighting cycle 

was repeated until the weights were relatively constant. At this point, monolayer 

coverage is assumed and the specific surface area was calculated using the equation 

(Klute et al., 1986): 

𝐴 = 𝑊௚/(𝑊௦ · 0.000286) 

where A = specific surface (m2/g), Wg = difference of weight of resin before and 

after EGME equilibration (g), and Ws = weight of the dried resin (g); 0.000286 is the 

mass of EGME required to form a monolayer on 1 m2 of surface. 

 

2.2.4. Phosphorus adsorption isotherm in anion exchange resins and hybrid resins 

To compare maximum P adsorption capacities of the anion exchange resins with 

different resin matrix, functional groups and surface modifications, P adsorption isotherm 

experiments were conducted.  

A 100 mg /L phosphate stock solution was prepared by dissolving disodium 

phosphate in 10 mM NaCl. Then the stock solution was diluted to 3, 10, 20, 30, 40, 50 

mg/L for the isotherm experiment. Duplicate resin samples (0.1 g) were added to a 50-

mL Nalgene high-speed centrifugation tube treated with 30 mL of phosphate solution and 

then mixed on an orbital shaker at 80 rpm for 24 hrs. After 24 hrs, the suspensions were 

sampled and filtered using a 0.45 µm syringe filter. Aliquots were analyzed for P 

concentration colorimetrically (He et al., 1998). The solution pH was kept at 7.5 by 

manually adding diluted HCl or NaOH and the temperature was maintained at 21℃ 

throughout the experiment. 
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Isotherm data of the adsorption experiments was fitted by the Freundlich and 

Langmuir model. 

For the Freundlich model 

𝑞 = 𝐾௙ · 𝐶
ଵ

௡ൗ  

 

where q is the amount of phosphate adsorbed (mg P/g) ; C is the final equilibrium 

concentration of phosphate (mg P/L) ; Kf is a parameter related to the adsorption 

capacity; and n is a parameter related to the intensity of adsorption. 

 

For the Langmuir model 

𝐶

𝑞
=

1

𝑄௠ · 𝐾௠
+  

𝐶

𝑄௠
 

 

where q is the amount of P adsorbed (mg P/g); C is the final equilibrium 

concentration of phosphate (mg P/L); Qm represents the maximum adsorption capacity 

(mg P/g); and Km is a parameter related to the bonding strength (L/mg). 

 

2.2.5. Effects of sulfate and nitrate on phosphate adsorption isotherm 

To study the interference of coexisting anions on P adsorption in (hybrid) resins, the 

adsorption isotherm experiments were also conducted in the presence of sulfate and 

nitrate.  

Sulfate and nitrate were added as sodium nitrate and sodium sulfate at the 

concentration of 1 mM during the preparation of phosphate solution. The following steps 

of the isotherm experiment were same with Section 2.3 and the P concentration was 

measured colorimetrically (He et al., 1998). In addition, the nitrate concentration after 

adsorption was also measured colorimetrically (Collos et al., 1999; Patey et al., 2008), 

and the sulfate concentration was tracked using ion chromatographic analysis (Mulik et 

al., 1976; Tabatabai and Dick, 1983). 
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2.2.6. Phopshate adsorption kinetics in anion exchange resins and hybrid resins 

Kinetic experiments were conducted as described below using the three anion 

exchange resins (Pan et al., 2009b; Sengupta and Pandit, 2011) and three respective 

hybrid resins. Two P stock solutions at the concentration of 10 and 20 mg/L were 

prepared by dissolving disodium phosphate in 0.01M NaCl solution. The solution pH was 

adjusted to 7.5 by adding diluted HNO3 or NaOH, which were buffered by 10 mM 3-(N-

morpholino) propanesulfonic acid (MOPS). The temperature was maintained at 21oC 

throughout the experiment.  

The hybrid resin (0.1 g) was added to 30 mL of phosphate solution in a 50-mL 

centrifugation tube. It was stirrer on an orbital shaker at 80 rpm for different periods (3 

min, 10 min, 30 min, 1 hr., 4 hrs, 8 hrs, 16 hrs, and 24 hrs). After shaking, the supernatant 

was quickly sampled and filtered through a 0.45 µm syringe filter. The phosphate 

concentrations in the samples were determined colorimetrically (He et al., 1998). 

The data from kinetic experiments were fitted to pseudo-first order model (Ho and 

McKay, 1999), pseudo-second order model (Ho and McKay, 2000), Elovich model (Low, 

1960), and intra-particle diffusion model (Weber and Morris, 1963). 

For the Pseudo-first order model, the following equation will be used.  

 

𝑞௧ =  𝑞௘(1 − 𝑒ି௞భ௧) 

 

which can be expressed in linear form: 

 

ln(𝑞௧ −  𝑞௘) = ln(𝑞௘) − 𝑘ଵ𝑡 

 

where 𝑞௧ is the amount of phosphate adsorbed per unit weight of adsorbents (mg  P 

g-1) at time t (hr). 𝑞௘ is the adsorption capacity of the adsorbent (mg P/g) at equilibrium, 

and 𝑘ଵ (g/mg/hr) is the first order rate constant. The terms 𝑞௘ and 𝑘ଵ were calculated by 

linear regression of ln(𝑞௧ −  𝑞௘) vs. 𝑡. 

 

For the Pseudo-second order model, the following equation was used. 
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𝑡

𝑞௧
=

1

𝑘ଶ𝑞௘
ଶ +

1

𝑞௘
𝑡 

 

where 𝑞௧ is the amount of phosphate adsorbed per unit weight of adsorbent (mg P/g) 

at time t (hr), 𝑞௘ is the adsorption capacity of adsorbents (mg P/g) at equilibrium, and 𝑘ଶ 

(g/mg/hr) is the second order rate constant. The terms 𝑞௘ and 𝑘ଶ were calculated by the 

linear regression of  
௧

௤೟
 vs. 𝑡 where the slope and intercept correspond to 

ଵ

௤೐
 and 

ଵ

௞మ௤೐
మ, 

respectively. 

 

For the Elovich model, the following equation was used. 

 

𝑞௧ =
ln(αβ)

β
+

1

β
ln(t) 

 

 where 𝑞௧ is the amount of phosphate adsorbed per unit weight of adsorbent (mg 

P/g) at time t (hr), α (mg/mL/min) is the initial adsorption rate constant, and the 

parameter b (mL/mg) is related to the extent of surface coverage and activation energy 

for chemisorption. The terms α and β were calculated by linear regression of 𝑞௧ vs. ln(t) 

where the slope and intercept correspond to 
ଵ

ஒ
 and 

୪୬(஑ஒ)

ஒ
, respectively. 

 

For the intra-particle diffusion model, the following equation was used. 

 

𝑞௧ = 𝑘ௗ𝑡ଵ/ଶ + 𝐶 

 

where 𝑞௧ is the amount of phosphate adsorbed per unit weight of adsorbent (mg P/g) 

at time t (min).  𝑘ௗ is the intra-particle diffusion constant, and C is a parameter related to 

the thickness of the boundary layer, which were calculated by linear regression of 𝑞௧ 

vs.𝑡ଵ/ଶ. 
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2.3. Results and Discussion 

2.3.1. Material characterization 

2.3.1.1. Physical and chemical properties of pure anion exchange resins and hybrid resins  

To compare the influence of physicochemical properties of resins on P adsorption 

capacity, the following three anion exchange resins were chosen. AMBERLITE™ 

HPR9200 is a strong-base polystyrene-DVB resin, representing the most common type of 

polymeric adsorbent in environmental applications. The macroporous structure is 

featured by relatively high mechanical stability and opaque appearance. AMBERLITE™ 

HPR9600 is a weak-base polystyrene-DVB resin with macroporous structure. Another 

anion exchange resin tested in this study was AMBERLITE™ IRA67, which is a weak-

base polyacrylic resin. Because of the polar and hydrophilic characteristics from acrylic 

ester groups, this type of resin has been successfully applied for wastewater removal of 

highly water-soluble compounds in wastewater such as reactive and sulfonated 

compounds (Boari et al., 1976; Zagorodni, 2006; Pan et al., 2009a). Within the same 

weak-base resin group, P adsorption capacity of the polyacrylic resin, IRA67, was 

compared with that of the polystyrene-DVB based resin, HPR9600. 

To improve P adsorption capacity, hybrid resins (i.e., iron oxide coated resins) were 

prepared by loading the pure anion exchange resins with iron hydroxides. FerrIX™A33E 

is a commercially available hybrid resin that is produced from a strong-base polystyrene-

DVB resin, HPR9200. Although the particle size of FerrIX™A33E varies, the average 

particle size of all three hybrid resins (i.e., FerrIX™A33E, Hybrid HPR9600 and hybrid 

IRA7) is similar. The P adsorption capacity of resins was compared before and after the 

surface modification (i.e. iron loading).   

Total surface area (TSA) of the three anion exchange resins varies substantially 

despite the similar particle sizes (Table 2.1). It is important to note that EGME-based 

TSA gives much larger surface area than the BET-based specific surface area. Because of 

the temperature-sensitive stability of polymer resins, the BET method, which requires 

heating at >90oC to remove moisture before the N2 adsorption analysis, was not a suitable 

method for polymer resins with limited thermal stability. The weak-base polyacrylic 

resin, IRA67, has the highest surface area at 3515 ± 21 m2/g, followed by HPR9200 at 
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1625 ± 21 m2/g, and HPR9600 at 672 ± 40 m2/g. The TSA of hybrid HPR9600 is similar 

to that of its parent resin, which makes sense because of the lowest loading level of iron 

oxides on the resin (~5.5 mg/g). The total surface area of FerrIX™A33E (i.e., hybrid 

HPR9200) was found to be significantly lower than that of HPR9200, which could be 

explained by a decrease in microporosity as a result of the penetration of small goethite 

particles in the porous structure. However, the iron loading treatment in IRA67 increased 

its TSA from 2084 ± 7 m2/g to 3515 ± 21 m2/g. The effects of surface modification on the 

surface area of the resin are highly debated. Zhang et al. (2016) showed that the specific 

surface area of an anion exchange resin increased from 10.5 to 27.5 m2/g after iron 

loading. The influence of iron loading/coating on the surface area of anion exchange 

resins is related to specific interactions between the iron oxide coating and the gel-type 

resin matrix. In the case of the iron loaded IRA67, polyacrylic properties were interacting 

with ferric ions within the surface porous structure during the synthesis, increasing iron-

loading level.  

 

2.3.1.2. Iron content in hybrid resins 

As shown in Table 2.1, the total iron content of the commercially available product - 

FerrIX™A33E was 196.0 ± 3.0 mg Fe/g resin, while the iron loading levels of the two 

synthesized hybrid resins, hybrid HPR9600 and hybrid IRA67, were 5.5 ± 0.4 and 13.4 ± 

0.8 mg/g, respectively. Although the resin matrix is polystyrene-DVB in both 

FerrIX™A33E and the hybrid HPR9600, the parent resins have different functional 

groups (strong-base vs. weak-base). These functional groups played a critical role in the 

coating process of iron oxides.  

On the other hand, the comparison between hybrid HPR9600 and hybrid IRA67 

clearly showed that IRA67 was a better parent resin in terms of iron loading. Although 

both were weak-base resins, the polyacrylic resin retained more iron oxides than the 

polystyrene-DVB resin. The better iron loading result could be explained by the 

hydrophilic property of polyacrylic resins. Hydrated ferric ions could be relatively easier 

to diffuse into the polyacrylic structure compared with polystyrenes, thus more iron 

oxides were fixed at the porous structure of the resin. Most of the research published on 

iron-loaded hybrid resins used polystyrene-DVB resins as the parent matrix since it is the 
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most common type of anion exchange resin (Cumbal and SenGupta, 2005; Pan et al., 

2009b; Sarkar et al., 2011; Acelas et al., 2015). Our result showed that polyacrylic resins 

could be adopted to improve the effect of iron loading on hybrid resins. 

 

2.3.1.3. Mineralogy of iron in hybrid resins 

The result of iron oxide mineralogic analysis of hybrid resins is shown in Fig. 2.2 

and Table 2.2. FerrIX™A33E contains goethite. This result was also confirmed by a 

conventional powder X-ray diffraction analysis. The subsequent XAS analysis confirmed 

that goethite is the dominant species in hybrid HPR9600 and hybrid IRA67. 

 

2.3.2. Phosphate adsorption isotherm and effects of co-existing anions 

2.3.2.1. P adsorption isotherm of pure anion exchange resins and hybrid resins 

2.3.2.1.1. Comparison among pure anion exchange resins 

The P adsorption isotherms obtained for anion exchange resins are shown in Fig. 

2.3. Comparing the isotherm curves of the three pure resins, it is shown that the P 

adsorption capacity follows the order of IRA67 > HPR9200 > HPR9600. Both the three 

isotherm curves were fitted well by the Freundlich model (R2 > 0.98) and the Langmuir 

model (R2 > 0.97) (Table 2.3, Figs. 3 and 4). The maximum P adsorption capacity 

parameter (Qm) derived from the Langmuir model was 21.19, 13.16, 5.17 mg/g of resin 

for IRA67, HPR9200, HPR9600, respectively. The order follows the total surface area of 

the three resins. The highest TSA of IRA (10.17 m2/g) adsorbed P most and followed by 

HPR9200 (8.09 m2/g), and HPR9600 (7.69 m2/g). 

Since HPR9200 and HPR9600 are both polystyrene-DVB resins, the comparison of 

the two resins indicates that strong-base resin functional groups (quaternary ammonium) 

could provide a stronger P adsorption ability than weak-base resin functional groups 

(tertiary or secondary amine). A similar result was reported in Awual and Jyo (2011), 

where a strong-base resin Diaion SA10A showed a slightly higher P adsorption at pH ~7 

than a weak-base resin Diaon WA20. The weak-base polyacrylic resin IRA67 showed the 

highest P adsorption ability among the three anion exchange resins, indicating polyacrylic 

resins are a better material than polystyrene-DVB resins in terms of P adsorption. Anion 
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exchange resins have already attracted research attention as a possible adsorbent for P 

removal in wastewater treatment since phosphate can be attracted by the positively 

charged resin functional groups and trapped through ion exchange with other anions 

loaded on the resins (Awual et al., 2011; Loganathan et al., 2014). Several studies have 

already shown anion exchange resins to be effective for P removal from wastewaters 

(Yoshida and Galinada, 2002; Anirudhan et al., 2006; Sowmya and Meenakshi, 2014). 

Resin performance varies in different studies and cannot readily be compared because of 

different experimental conditions. Boari et al. (1976) compared the P adsorption 

performance of 30 types of anion exchange resins with different properties and reported 

that polyacrylic resins are best suited for phosphate removal because of their hydrophilic 

properties. 

 

2.3.2.1.2. Comparison between pure resins and their respective hybrid resins 

In contrast to our common expectation that iron oxide coating enhances P 

adsorption, the hybrid resins did not show a greater P adsorption as compared to their 

respective pure resins. The performance of each pair is discussed below.   

The P adsorption isotherm curves of HPR9200 and FerrIX™A33E (i.e., Hybrid 

HPR9200) crossed at the point with Ceq at ~13 mg/L (Fig. 2.3a). The hybrid resin 

adsorbed more P than the pure resin at low initial P concentrations, but its P adsorption 

became less than that of the pure resin at Ceq higher than 13 mg/L. The P adsorption 

capacity of FerrIX™A33E in the Langmuir model was 7.69 mg/g, which is lower than 

that of HPR9200 (Table 2.3, Figs. 3 and 4).  

Fig. 2.3b shows the isotherm curves of HPR9600 and the respective hybrid resin. 

The P adsorption of Hybrid HPR9600 was lower than its parent resin at each initial P 

concentration (Fig. 2.3b). Although the maximum adsorption capacity of the hybrid resin 

calculated from the Langmuir model was greater than HPR9600 (6.33 mg/g vs. 5.17 

mg/g), R2 of the Langmuir model fit for the data of hybrid HPR9600 is relatively low (R2 

= 0.90), making the comparison less convincing. For the polyacrylic resin IRA67, the 

effect of iron loading on P adsorption performance was relatively small. The P adsorbed 

by Hybrid IRA67 was slightly greater for IRA67 in the range of P concentrations. But the 

Langmuir maximum adsorption capacity of the hybrid resin was lower than its parent 
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resin (19.84 mg/g, R2 = 0.98). A similar trend was also observed in the comparison 

between HPR9200 and the respective hybrid resin.  

The synthesis of hybrid resins by loading iron oxide on anion exchange resins has 

already been used for industrial applications (Blaney et al., 2007; Sengupta and Pandit, 

2011; O’Neal and Boyer, 2013; Sendrowski and Boyer, 2013; Nur et al., 2014). Several 

studies compared the P adsorption of newly synthesized hybrid resins with their parent 

resins. They reported that P adsorption increased after the parent materials were loaded 

with iron oxide (Takeshita et al., 1979; Pan et al., 2009b; Acelas et al., 2015). However, 

the hybrid resins did not show a greater P adsorption capacity in this study. This 

difference could be explained by the difference in the mineralogy of the loaded iron oxide 

in the hybrid resins. In this study, the synthesis of hybrid resin included a heating 

procedure at 70 °C for 60hr after the iron loading, to convert amorphous iron 

oxyhydroxide into goethite. Previous studies usually did not include thermal treatment. In  

several cases the loading process produced amorphous iron hydroxides that were nano-

sized which could provide a higher reactivity (Sengupta and Cumbal, 2007; Pan et al., 

2009b; Ren et al., 2012; You et al., 2016). Although goethite is more stable and could be 

more strongly attached to the resin particles, it should be less reactive and, therefore may 

not provide a significant increase in P adsorption capacity. The goethite coating could 

also block the micropores of resins, reducing the reactive surface area. The total surface 

area of FerrIX™A33E was measured to be only half of that for HPR9200. After 

converting the P adsorption capacity into the mass of P per area of resins, a higher 

capacity was obtained for the hybrid resin (9.49 g/m2) than the pure resin (8.09 g/m2).  

Nevertheless, although the iron loading showed a different influence on the P 

adsorption of the resins, the P adsorption ability of the three hybrid resins still followed 

the order of hybrid IRA67 > hybrid HPR9200 > hybrid HPR9600. The same order was 

observed in their respective pure resins, indicating that the properties of parent resin itself 

had a greater influence on the P adsorption ability than did the iron-loading treatment 

evaluated in this study. 
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2.3.2.2. Effect of nitrate and sulfate on P adsorption 

The P adsorption isotherm of the resins were repeated in the presence of interfering 

ions. The initial concentration of nitrate and sulfate was 1 mM, which is just above the 

common range of nitrate and sulfate concentration in agricultural drainage water in the 

Midwestern U.S. (Baker et al., 1975; Ahiablame et al., 2011; Zimmerman, 2016).  

The isotherm curves from the above isotherm experiments are shown in Fig. 2.4. It 

can be seen that for all resins, the addition of sulfate significantly lowered the amount of 

P adsorbed, while nitrate had a much smaller effect or no influence on P adsorption. To 

accurately assess the influence of interfering ions on P adsorption in different resins, % P 

adsorption by the six resins at each initial P concentration was compared (Table 2.4). The 

percentage of the P adsorbed decreased with increasing the initial P concentration for 

almost every resin. On average, the addition of nitrate led to a decrease in P adsorption by 

5.3%, 6.4%, and 0.8% for HPR9200, HPR9600 and IRA67, respectively, while the 

addition of sulfate led to a decrease by 12.3%, 32.4%, and 5.4%, respectively. Therefore, 

IRA67 has the most resistance to the influence of co-existing ions among the three resins. 

HPR9600 not only has the lowest P adsorption capacity, but also has a low affinity for P 

since it is easily interfered by other anions.  

For hybrid resins, the addition of nitrate led to a decrease in P adsorption by 2.3%, 

1.8%, and 0.4% for FerrIX™A33E, Hybrid HPR9600 and Hybrid IRA67, respectively, 

while the addition of sulfate led to a decrease in P adsorption by 4.2%, 30.0%, and 5.3%, 

respectively. Compared with their respective pure resins, the iron-loading process 

significantly reduced the influence of nitrate on P adsorption. For HPR9200 and its 

respective hybrid resin FerrIX™A33E, the influence of sulfate also reduced from 12.3% 

to 4.2%. The other two pairs did not show a significant influence of the iron-loading on 

the resistance of co-existing sulfate, possibly because the loaded iron content was too 

low.  

The result of the interference effect of nitrate and sulfate on P adsorption in this 

study is in accordance with the previous research. It is generally known that anion 

exchange resin could not have a very high affinity for a specific anion due to the non-

specific adsorption mechanism. Kunin and Myers (1947) found that several anions, 

including nitrate and sulfate, had higher exchange potentials than phosphate on a 



 

 

 

109 

polyamine anion exchange resin, Amberlite IR4B. Other studies like Christensen and 

Posner (1980) and Kunin and Myers (1947) also showed a similar result with greater 

retention of other anions over phosphate. Boari et al. (1976) investigated a series of anion 

exchangers for their selectivity for P adsorption and concluded that hydrostatic 

interactions had great importance in determining resin adsorption selectivity. They found 

a direct correlation between resin basicity and P affinity, where weak-base resins had a 

higher affinity for P than did strong-base resins.  

An increase in the affinity for P after iron-loading is also observed in other hybrid 

resin studies. For example, Blaney et al. (2007) synthesized a hybrid anion exchanger by 

impregnating iron oxides in a strong-base anion exchange resin IRA-900. The hybrid 

resin showed a high affinity for P in the presence of other commonly encountered anions 

like chloride and bicarbonate. The P uptake was also not noticeably influenced by 

competing sulfate ions. Pan et al. (2009) reported a similar result that an iron-loaded 

hybrid resin was resistant to interference by common monovalent anions. Although the 

addition of sulfate from 0 to 100 mg/L inhibited P adsorption, the further increase in 

sulfate concentration from 100 to even 1,500 mg/L did not lead to a further negative 

influence. Since the mechanism of P adsorption on hybrid resins is a combination of 

electrostatic interactions of the functional groups of resins and P inner-sphere 

complexation in loaded iron hydroxides, it is reasonable to say that the iron-loading 

treatment provides a higher preference for P adsorption in the resin and better resistance 

to interference by other co-existing anions (Cumbal and SenGupta, 2005; Sengupta and 

Pandit, 2011; O’Neal and Boyer, 2013; Acelas et al., 2015). 

 

2.3.3. Kinetics of P adsorption in pure anion exchange resins and hybrid resins 

2.3.3.1. Kinetics of P adsorption in pure anion exchange resins 

For all three resins, the P adsorption was shown as a biphasic process. P adsorption 

increased with time in the first 240 minutes as shown in Fig. 2.5 and Fig. 2.6, after which 

an equilibrium reached as indicated by a flatted kinetic curve (not shown in the figures). 

The kinetic data of the P adsorption were fitted with different kinetic models, including 

the pseudo-first-order model (Ho and McKay, 1999), pseudo-second-order model (Ho 
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and McKay, 2000), Elovich model (Low, 1960), and intra-particle diffusion model 

(Weber and Morris, 1963). The linear fitting plot of each model is shown in Fig. 2.11-14 

(a-c). The parameters of these kinetic models are summarized in Table 2.5. 

 

(1) Pseudo-first-order model and pseudo-second-order model 

The Pseudo-first-order model (also known as the Lagergren rate equation) is the 

most widely used rate equation for the sorption of a solute from a liquid solution (Ho et 

al., 2000). The model describes non-reversible sorption processes governed by the first-

order rate equation, assuming that the rate of chemisorption controls the overall sorption 

kinetics, sorption only occurs on a monolayer localized sites, and the sorbed ions do not 

interact with each other (Largitte and Pasquier, 2016). The pseudo-second-order model 

describes sorption processes governed by the second-order rate equation.  

For all three anion exchange resins, the pseudo-first-order model did not fit well 

with the kinetic data (Fig. 2.11, R2 < 0.5 for both HPR9200 and IRA67) except for 

HPR9600 at 20 mg/L initial P concentration (R2 = 0.926). However, the pseudo-second-

order model showed a very high R2 for the kinetic data obtained with all the three resins 

(Fig. 2.12, R2 > 0.999). In addition, the term 𝑘ଶ𝑞௘
ଶ from the pseudo-second-order model 

is considered to be an indication of the initial rate of a sorption process (Lalley et al., 

2016). While the rate constant 𝑘ଶ decreased when the initial P concentration increases 

from 10 mg/L to 20 mg/L, the initial sorption rate increased from 1.11, 0.17, 0.97 mg/(g 

min) to 2.55, 0.253, 3.628 mg/(g min) for HPR9200, HPR9600 and IRA67, respectively. 

Therefore, the initial sorption increased with the higher initial P concentration in solution, 

and the sequence of initial sorption rates among the three resins is consistent with their 

phosphate adsorption capacities.  

 

(2) Elovich model and intra-particle diffusion model 

The Elovich model, first proposed by Roginsky and Zeldovich in 1934, is another 

common kinetic model that describes chemisorption well. The model assumes that there 

are interactions between the sorbed ions and the energy of adsorption increases linearly 

with the surface coverage (Haerifar and Azizian, 2013; Largitte and Pasquier, 2016). 
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The Elovich model did not fit well for HPR9200 and IRA67 with either 10 or 20 

mg/L initial P concentration (Fig. 2.13, R2 < 0.652), and relatively better for HPR9600 

(R2 = 0.861, 0.879 for the initial 10 and 20 mg P/L). The R2 value of the Elovich model 

was greater than that of the pseudo-first-order model except for the data of HPR9600 at 

initial 20 mg P/L, but it was not as good as the fitting results of the pseudo-second-order 

model. However, a much better fitting by the Elovich model could be obtained (R2 > 

0.807) when the fitting is conducted only for the first 60 minutes. It also indirectly 

indicates a rapid chemisorption mechanism of the P adsorption process.  

In addition to the adsorption process within the adsorptive and the external surface 

of a sorbent, an overall sorption process also includes the mass transfer of solutes from 

the bulk solution to the sorbent surface (film diffusion) and the internal diffusion of the 

adsorptive to the sorption sites (pore diffusion). Due to the operation of rapid mixing, the 

film diffusion process tends not to become the rate-limiting step in a batch experimental 

system (Assumptions, 1971; Ho et al., 2000; Tan and Hameed, 2017). To further evaluate 

the diffusion process, the kinetic sorption data of this experiment were also modeled 

using the intra-particle diffusion model (Weber and Morris, 1963). 

The intra-particle diffusion model did not fit well with the kinetic data in this 

experiment as shown in Fig. 2.13. However, the fitting curves showed an apparent 

biphasic feature, indicating that two steps occurred during the sorption process. A good 

fitting was obtained (R2 > 0.807) when the model fitting is conducted using only the data 

of first 60 minutes. It indicated that the rate of initial sorption process is controlled by 

pore diffusion. The subsequent flatted phase in the kinetic curves reflects a slower 

diffusion into micropores and the final equilibrium stage.  

Overall, the modeling of the kinetic data provided meaningful information about the 

controlling mechanism of the sorption of phosphate in anion exchange resins. Different 

initial P concentrations did not have a strong influence on the R2 values of different 

models. No matter at 10 or 20 mg/L initial P concentration, the kinetic data of the three 

resins were best fitted by the pseudo-second-order model. This fitting result indirectly 

suggests that the mechanism of phosphate adsorption by anion exchange resins is primary 

chemisorption, which is in agreement with the rapid removal of water pollutants by ion 

exchangers in previous studies (Ho et al., 2000; Paul Chen et al., 2002; Awual and Jyo, 
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2011; Awual et al., 2011). As for the comparison of kinetic performance between the 

three kinds of resins, no large difference was found in this study, since the adsorption of 

P by all three resins was fast even at high initial P concentration. The second-order rate 

constant of the strong-base polystyrene resin HPR9200 (0.136 g/(mg min)) was relatively 

higher than for the weak-base polyacrylic resin IRA67 (0.111 g/(mg min)) or the weak-

base polystyrene resin HPR9600 (0.106 g/(mg min)). For comparison,  it was reported in 

previous studies that polyacrylic resins could have faster kinetics on P adsorption due to 

its hydrophilic property (Boari et al., 1976), and Awual and Jyo (2011) demonstrated a 

higher kinetic performance of a weak-base resin Diaion WA20 than a strong-base resin 

Diaion SA10A. 

 

2.3.3.2. Kinetics of P adsorption in hybrid resins 

The kinetic data of P adsorption in the three hybrid resins with initial P 

concentrations at 10 and 20 mg/L are shown in Fig. 2.9 and Fig. 2.10. The results are 

similar to those in their respective pure resins (Fig. 2.7 and Fig. 2.8). The P adsorption 

process was biphasic. The kinetics of the adsorption process was also studied by fitting 

the four kinetic models: pseudo-first-order model, pseudo-second-order model, Elovich 

model, and intra-particle diffusion model. The linear fitting plot of each model is shown 

in Fig. 2.11-14 (d-f). The parameters of these kinetic models are summarized in Table 

2.6. 

Judging from R2 of the fitting with different models, the kinetic data of the hybrid 

resins were also best fitted by the pseudo-second-order model (R2 > 0.999), followed by 

the Elovich model and the pseudo-first-order model (0.412 < R2 < 0.887), and least fitted 

by the intra-particle diffusion model (R2 < 0.578), regardless of whether the initial P 

concentration was 10 or 20 mg/L. Therefore, P adsorption in hybrid resins is also 

dominantly a chemisorption process. Other conclusions drawn from the kinetic models 

were also similar to that of pure resins. For example, the higher 𝑘ଶ𝑞௘
ଶ of the pseudo-

second-order model at 20 mg/L initial P concentration indicated a stronger initial sorption 

than for the 10 mg/L group. The two-phase linearity correlation in the fitting plot of the 

intra-particle diffusion model indicated a fast diffusion process in the initial stage of P 

adsorption.  
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The iron-loading treatment increased the kinetic performance of HPR9600 since the 

second-order rate constant (k2) increased from 0.106 to 0.127 g/(mg min) and from 0.050 

to 0.067 g/(mg min) at the initial P concentration of 10 and 20 mg/L, respectively. 

However, Hybrid HPR9200 and Hybrid IRA67 showed decreased kinetic rates in both P 

concentration groups compared with their respective pure resins. The k2 of Hybrid 

HPR9200 was 0.080 g/(mg min) while that of HPR9200 was 0.136 g/(mg min) at the 

initial P concentration of 10 mg/L. The k2 of Hybrid IRA67 was 0.066 g/(mg min) while 

that of IRA67 was 0.104 g/(mg min) at the initial P concentration of 20 mg/L. The 

adsorption of phosphate ions could be slowed if the reactive sites of resins are partly 

blocked by iron oxide coatings.  

Although there was little comparative study of the kinetics of P adsorption before 

and after metal oxide-loading treatment in previous research, several studies have been 

reported involving kinetic analysis of the P adsorption of hybrid resins. For instance, 

Ding et al. (2012) conducted P adsorption experiments with an iron oxide-loaded 

polyacrylic resin. They reported a sharp increase of P adsorption in the first 10 minutes 

and then a slight increase after 30 minutes, which was similar to the kinetic data in this 

study. The kinetic data were also fitted well with the pseudo-second-order model. 

Likewise, Sendrowski and Boyer (2013) also reported a rapid initial P adsorption and the 

best fitting of the pseudo-second-order kinetic model in the study of phosphate removal 

from urine using a hybrid anion exchange resin. Acelas et al. (2015) modified an anion 

exchange resin with three kinds of metal loading - hydrated ferric oxide, hydrated 

zirconium oxide, and hydrated copper oxide. The kinetic performance of the three hybrid 

resins were both fitted well in the pseudo-second-order model, indicating the 

chemisorption mechanism. And their linear fitting of the intra-particle diffusion model 

also showed multi-linearity as observed in this study. Overall, hybrid resins can maintain 

highly efficient performances of P removal, demonstrating that they can be a promising 

adsorbent for the removal of P in aquatic environments. 
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2.4. Conclusions 

This study showed that the type of resin matrix, resin functional groups, and iron-

loading treatment influence the P adsorption performance of anion exchange resins. 

The polyacrylic resin had the highest P adsorption capacity among the three tested 

anion exchange resins. It also had a higher affinity with phosphate compared with the 

polystyrene resins, which was reflected by the better resistance to the interference of co-

existing nitrate and sulfate ions. Polyacrylic resins were also a better parent material to 

synthesize hybrid resin since iron loading was greater than with polystyrene resins under 

a same synthesis condition. The comparison between a strong-base resin and a weak-base 

resin indicated that the former could provide a higher P adsorption capacity and affinity. 

The effects of iron oxide-loading treatment on P adsorption performance were 

similar in all three resins. The P adsorption capacity was slightly decreased because 

goethite particles blocked the micropores of parent resins, resulting in a decrease in total 

surface area. But hybrid resins showed better resistance to the interference of co-existing 

nitrate and sulfate than did respective pure resins. 

The P adsorption kinetics in the pure resins and the hybrid resins are biphasic, 

characterized by fast adsorption during the first 30 minutes followed by slow adsorption 

with increasing time. Regardless of initial P concentration and resin types, the kinetics of 

P adsorption were best fitted by the pseudo-second-order model. 

Overall, polyacrylic matrix, strong-base resin functional groups, and iron oxide-

loading treatment are properties of anion exchange resins to increase P adsorption. The 

iron oxide loading treatment might be one of the best surface modifications to enhance 

the P adsorption process, suggesting potential application for P removal in aquatic 

environments. 
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2.5. Figures 

 

Fig. 2.1. Photo of anion exchange resins. First row (left to right): HPR9200; HPR9600; 
and IRA67. Second row (left to right): hybrid HPR9200; hybrid HPR9600; and hybrid 
IRA67.  
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Fig. 2.2. Results of linear combination of reference compound X-ray absorption 
spectroscopy (XAS) spectra fit of hybrid HPR9200 (i.e., FerrIX™A33E), hybrid 
HPR9600, and hybrid IRA67. Black solid line and dashed line represent the normalized 
k3 weighted XAS spectra and fit, respectively. The parameters of the fit are shown in 
Table 2. 
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Fig. 2.3. Phosphate adsorption isotherms at pH 7.5 for anion exchange resins and 
respective hybrid resins: (a) HPR9200 and FerrIX™A33E (i.e., hybrid HPR9200), (b) 
HPR9600 and Hybrid HPR9600, and (c) IRA67 and Hybrid IRA67. 
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Fig. 2.4. Linear fitting plot of Langmuir model for the isotherm data shown in Fig. 2.3. 
(a) HPR9200 and FerrIX™A33E (i.e., hybrid HPR9200), (b) HPR9600 and Hybrid 
HPR9600, and (c) IRA67 and Hybrid IRA67. 
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Fig. 2.5. Linear fitting plot of Freundlich model for the isotherm data shown in Fig. 2.3 
(a) HPR9200 and FerrIX™A33E (i.e., hybrid HPR9200), (b) HPR9600 and Hybrid 
HPR9600, and (c) IRA67 and Hybrid IRA67. 
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Fig. 2.6. Phosphate adsorption isotherm in anion exchange resins and respective hybrid 
resins in the presence of interfering ions (nitrate and sulfate).  (a) HPR9200, (b) 
HPR9600, (c) IRA67; and their corresponding hybrid resins (d) FerrIX™A33E (i.e., 
hybrid HPR9200), (e) Hybrid HPR9600, (f) Hybrid IRA67. 
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Fig. 2.7. Phosphate adsorption kinetics in anion exchange resins under initial P 
concentration of 10 mg/L. The curves are presented for the first 240 minutes, after which 
the adsorption reached equilibrium as indicated by flatted curves. 

 

Fig. 2.8. Phosphate adsorption kinetics in anion exchange resins under the initial P 
concentration at 20 mg/L. The curves are presented for the first 240 minutes, after which 
the adsorption reached equilibrium as indicated by flatted curves. 
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Fig. 2.9. Phosphate adsorption kinetics in hybrid resins under the initial P concentration 
at 10 mg/L. The curves are presented for the first 240 minutes, after which the adsorption 
reached equilibrium as indicated by flatted curves. 

 

 

Fig. 2.10. Phosphate adsorption kinetics in hybrid resins under the initial P concentration 
at 20 mg/L. Kinetic curves are presented for the first 240 minutes, after which the 
adsorption reached equilibrium as indicated by a flatted phase. 
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Fig. 2.11. Pseudo first-order model fit of kinetic data of P adsorption in (a) HPR9200, (b) 
HPR9600, (c) IRA67, (d) FerrIX™A33E, (e) Hybrid HPR9600, and (f) Hybrid IRA67. 
The fitness and model parameters are summarized in Table 2.5 and Table 2.6. 
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Fig. 2.12. Pseudo second-order model fit of kinetic data of P adsorption in (a) HPR9200, 
(b) HPR9600, (c) IRA67, (d) FerrIX™A33E, (e) Hybrid HPR9600, and (f) Hybrid 
IRA67. The fitness and model parameters are summarized in Table 2.5 and Table 2.6. 

  

(a) 

(b) 

(c) 

0 200 400 600 800 1000120014001600
0

100

200

300

400

500

 10 mg/L
 20 mg/L

t/q
t (

m
in

/(
m

g
/g

))

t (min)

(d) 

0 200 400 600 800 1000120014001600
0

200

400

600

800

1000

1200

 10 mg/L
 20 mg/L

t/q
t (

m
in

/(
m

g
/g

))

t (min)

(e) 

0 200 400 600 800 1000120014001600
0

100

200

300

400

500

 10 mg/L
 20 mg/L

t/q
t (

m
in

/(
m

g
/g

))

t (min)

(f) 



 

 

 

125 

Fig. 2.13. Elovich model fit of kinetic data of P adsorption in (a) HPR9200, (b) 
HPR9600, (c) IRA67, (d) FerrIX™A33E, (e) Hybrid HPR9600, and (f) Hybrid IRA67. 
The fitness and model parameters are summarized in Table 2.5 and Table 2.6. 
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Fig. 2.14. Intra-particle diffusion model fit of kinetic data of P adsorption in (a) 
HPR9200, (b) HPR9600, (c) IRA67, (d) FerrIX™A33E, (e) Hybrid HPR9600, and (f) 
Hybrid IRA67. The fitness and model parameters are summarized in Table 2.5 and Table 
2.6. 
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2.6. Tables 

Table 2.1. General characteristics of anion exchange resins and their respective hybrid resins used in this study. 

Resin Matrix Structure type 
Type of functional 

groups 
Physical form 

Particle size 

(µm) 

Iron content 

(mg/g) 

Total surface 

area 

(m2/g) 

AMBERLITE™ HPR 

9200 
Polystyrene-DVB Macroporous Strong-base 

White, opaque, 

spherical beads 
640 ± 50 0 

 

1625 ± 21 

FerrIX™A33E 

(Hybrid HPR 9200) 
Polystyrene-DVB Macroporous Strong-base 

Brown, opaque, 

spherical beads 
750 ± 450 196.0 ± 3.0 

 

810 ± 38 

AMBERLITE™ HPR 

9600 
Polystyrene-DVB Macroporous Weak-base 

Cream, opaque, 

spherical beads 
550 ± 50 0 

 

672 ± 40 

Hybrid HPR9600 Polystyrene-DVB Macroporous Weak-base 
Reddish cream, 

spherical beads 
550 ± 50 5.5 ± 0.4 

 

668 ± 14 

AMBERLITE™ IRA67 Polyacrylic Gel Weak-base 
White, translucent, 

spherical beads 
625 ± 125 0 2084 ± 7 

Hybrid IRA67 Polyacrylic Gel Weak-base 
Reddish brown, 

spherical beads 
625 ± 125 13.4 ± 0.8 3515 ± 21 
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Table 2.2. Linear combination reference compound fit of Fe K-edge XAS spectra of 
hybrid resins. 

 
Samples Goethite Hematite R-factor 

FerrIX™A33E 

(Hybrid HPR9200) 
1.00 (0) --- 0.010 

Hybrid HPR9600 0.94 (0) 0.06 (0) 0.036 

Hybrid IRA67 0.82 (4) 0.18 (2) 0.060 

 

 

 

Table 2.3. Parameters of isotherm models in phosphate adsorption by resins. Qm and Km 
represent the maximum adsorption (mg P/g) and a parameter related to the bonding 
strength (L/mg) in the Langmuir model, respectively. Kf and n are a parameter related to 
the adsorption capacity and a parameter related to the intensity of adsorption in the 
Freundlich model, respectively. 

 

  

Resin 

Langmuir model Freundlich model 

Qm 

(mg/g) 

Km 

(L/mg) 
R2 n 

Kf 

(mg1–1/n 

L1/n/g) 

R2 

HPR9200 13.158 0.083 0.983 1.442 1.117 0.993 

HPR9600 5.173 0.036 0.976 1.429 0.248 0.997 

IRA67 21.186 0.570 0.988 1.392 6.790 0.989 

FerrIX™A33E 7.686 0.948 0.983 4.435 3.759 0.983 

Hybrid HPR9600 6.329 0.012 0.897 1.142 0.087 0.991 

Hybrid IRA67 19.841 0.719 0.983 1.467 7.263 0.993 
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Table 2.4. Percentage P adsorption in anion exchange resins and respective hybrid resins 
as a function of  initial P concentrations. The experiments were conducted in 10 mM 
NaCl with or without 1 mM NaNO3/Na2SO4. 

Resin Interference ions 
Initial P concentration (mg/L) 

3.33 10 20 30 40 50 

HPR9200 

Control 79.74 75.93 70.69 65.27 61.41 58.45 

With 1 mM 

nitrate 
73.60 71.47 70.19 62.48 57.23 54.70 

With 1 mM 

sulfate 
67.17 66.62 61.89 58.55 54.32 51.71 

HPR9600 

Control 39.55 32.49 28.59 24.56 23.36 20.66 

With 1 mM 

nitrate 
37.31 32.69 25.66 23.57 21.22 18.66 

With 1 mM 

sulfate 
22.17 22.93 19.03 17.85 16.21 14.58 

IRA67 

Control 97.66 97.30 96.75 95.69 94.62 93.80 

With 1 mM 

nitrate 
97.93 97.17 96.08 94.82 93.53 91.96 

With 1 mM 

sulfate 
94.59 93.59 91.98 90.88 88.51 85.46 

FerrIX™A33E 

(Hybrid 

HPR9200) 

Control 99.90 97.70 83.47 68.03 58.32 51.26 

With 1 mM 

nitrate 
99.32 97.01 80.26 65.53 56.78 50.09 

With 1 mM 

sulfate 
99.80 97.72 79.81 63.91 53.96 47.56 

Hybrid 

HPR9600 

Control 19.31 20.08 18.51 16.31 16.52 14.19 

With 1 mM 

nitrate 
18.75 19.03 18.54 17.37 15.58 13.65 

With 1 mM 

sulfate 
15.63 14.74 11.42 11.89 10.84 10.15 

Hybrid IRA67 

Control 98.22 97.63 96.83 96.08 95.37 93.76 

With 1 mM 

nitrate 
97.56 97.50 96.65 95.90 94.73 93.15 

With 1 mM 

sulfate 
95.12 93.27 91.59 90.79 88.98 87.49 
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Table 2.5. Parameters of various kinetic equations to model the P adsorption kinetic data 
in pure anion exchange resins.  

Resin HPR9200 HPR9600 IRA67 

Initial P concentration (mg/L) 10 20 10 20 10 20 

Pseudo-first 

order model 

k1 (1/min) 0.004 0.004 0.004 0.004 0.004 0.004 

qe (mg/g) 0.084 0.095 0.257 0.610 0.115 0.122 

R2 0.491 0.420 0.843 0.926 0.526 0.371 

Pseudo-

second order 

model 

k2 (g/(mg min)) 0.136 0.082 0.106 0.050 0.111 0.104 

qe (mg/g) 2.860 5.587 1.259 2.255 2.960 5.907 

k2qe
2 (mg/(g 

min)) 
1.113 2.551 0.169 0.253 0.973 3.628 

R2 1.000 1.000 1.000 1.000 1.000 1.000 

Elovich 

model 

α (mg/(L min)) 40.679 141.776 2.363 5.821 26.531 683.708 

β (L/mg) 3.879 2.097 7.331 4.296 3.573 2.264 

R2 0.641 0.633 0.861 0.879 0.625 0.652 

Intra-particle 

diffusion 

model 

kd (mg/(g 

min1/2)) 
0.030 0.056 0.018 0.031 0.033 0.052 

C 2.018 4.038 0.736 1.335 2.051 4.461 

R2 0.325 0.318 0.551 0.578 0.313 0.334 
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Table 2.6. Parameters of various kinetic equations to model the P adsorption kinetic data 
in hybrid resins. 

Resin 
FerrIX™A33E 

(Hybrid HPR9200) 
Hybrid HPR9600 Hybrid IRA67 

Initial P concentration (mg/L) 10 20 10 20 10 20 

Pseudo-first 

order model 

k1 (1/min) 0.045 0.005 0.003 0.003 0.004 0.004 

qe (mg/g) 0.291 0.929 0.120 0.391 0.124 0.150 

R2 0.726 0.887 0.510 0.535 0.487 0.412 

Pseudo-

second order 

model 

k2 (g/(mg min)) 0.080 0.035 0.127 0.067 0.108 0.066 

qe (mg/g) 3.000 5.482 1.203 1.775 2.943 5.889 

k2qe
2 (mg/(g 

min)) 0.719 1.056 0.184 0.212 0.934 2.300 

R2 1.000 1.000 1.000 1.000 1.000 1.000 

Elovich 

model 

α (mg/(L min)) 14.185 32.626 1.137 2.708 21.200 73.344 

β (L/mg) 3.337 1.890 6.831 5.105 3.522 1.859 

R2 0.727 0.758 0.709 0.878 0.656 0.648 

Intra-particle 

diffusion 

model 

kd (mg/(g 

min1/2)) 0.037 0.066 0.018 0.026 0.034 0.063 

C 1.960 3.582 0.691 1.006 2.006 4.130 

R2 0.403 0.436 0.398 0.578 0.337 0.330 
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CHAPTER 3: NOVEL APPLICATION OF HYBRID ANION 

EXCHANGE RESIN FOR PHOSPHATE DESORPTION KINETICS 

IN SOILS: MINIMIZING RE-ADSORPTION OF DESORBED IONS 

 

Abstract 

The process of phosphate desorption from soils is difficult to measure using stirred 

batch techniques because of accumulation of desorbed ions in a bathing solution. To 

accurately measure the apparent rate coefficient of phosphate, desorption from soils, it is 

necessary to remove the desorbed ions. In this study, a novel hybrid (i.e., iron oxide 

coated) anion exchange resin was used as a sink to study long-term (7days) P desorption 

kinetics in intensively managed agricultural soils in the Midwestern U.S. (total 

phosphorus (TP): 196-419 mg/kg). The phosphate desorption kinetics in the hybrid anion 

exchange resin method were compared with those in the other conventional batch 

desorption method with pure anion exchange resins or without any sink. The extent of P 

desorption in the hybrid resin methods was >50% of total desorbed phosphate in the other 

methods. The initial kinetic rate estimated in the pseudo-second order kinetic model was 

also highest (3.03 to 31.35 mg/(g·hr)) in the hybrid resin method when the same soil 

system was compared. This is because adsorbed P in the hybrid resins was nearly 

irreversible. The hybrid anion exchange resin might be a new and ideal sink in measuring 

the P desorption process in soils and sediments.  
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3.1. Introduction 

The desorption process of ions is one of the most important soil chemical processes 

influencing the availability of inorganic pollutants in soil. Along with the solid-state 

speciation of contaminants, the rate of release, including desorption and dissolution is 

critical to environmental risk assessment.  

The kinetic rate is often evaluated using stirred batch desorption techniques, bathing 

soil particles in a solution without a sink. However, such methods have a major 

experimental problem, re-adsorption of desorbed ions to soils (i.e., backward reaction) 

and or accumulation of desorbed ions in a bathing solution. Therefore, the rate does not 

represent the actual apparent rate coefficient of the desorption process in soils. To 

overcome the problem, the stirred flow method is often used in soil chemistry and 

geochemistry experiments (Sparks, 1989). This method traps soil particles in a stirred-

flow chamber, and a continuous flow of influent is pumped into the chamber, resulting in 

continuous removal of desorbed ions from the soil particles. This process will eliminate 

the accumulation of desorbed ions and minimize the backward reactions. This method 

works well in fine slit and clay fractions of soils, but it is not suited for natural soils that 

have sand and coarse silt fractions. In a reaction chamber, soil particles were 

continuously mixed using a magnetic stir bar. While fine fractions are mixed well in a 

chamber, coarse fractions (i.e., sand and coarse silt) settle at the bottom of the chamber 

where the magnetic stir bar is rotating. This will abrade coatings of sand and silt particles 

and or break micro-aggregates. In natural soils, coarse particles often have reactive 

coatings. Therefore, the coarse fraction can interact with ions like phosphate in the 

environment (Hendershot and Lavkulich, 1983; Harris et al., 1996; Arai and Livi, 2013). 

Destruction of the natural integrity of soil particles is a major experimental flaw.  

To avoid the abrasion of particle coatings and micro aggregates, the overhead 

mixing method is often suggested. However, a well-homogenized state is difficult to 

achieve because coarse fractions tend to settle at the bottom of a reaction vessel. Variable 
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soil/solution ratios in a water column become an issue when the soil suspension at the 

constant soil/solution ratio needs to be sampled during the kinetic experiments (Zasoski 

and Burau, 1978). Therefore, this overhead mixing method is not ideal to study the ion 

desorption in soils.  

To accurately measure the desorption rate of natural soils, one must overcome these 

technical issues in the stirred batch methods and the stirred flow method. If possible, it is 

ideal to provide a sink to remove desorbed ions from a bathing solution. Anion exchange 

resins have been widely used to remove phosphate from wastewater through the ion 

exchange process (Zhao and Sengupta, 1998; Awual and Jyo, 2011; Das Gupta et al., 

2012; Liu et al., 2016). The matrix of ion exchange resins provides good adsorption sites 

for desorbed ions, but they predominantly removed desorbed ions via ion exchange 

reaction and are not selective toward a specific anion of interest, phosphate (van Raij et 

al., 1986; Somasiri and Edwards, 1992; Awual and Jyo, 2011). The modification of anion 

exchange resins by coating with other materials can improve their performance as a sink 

(Pan et al., 2009a; Sengupta and Pandit, 2011; Sendrowski and Boyer, 2013; You et al., 

2016). 

Iron (oxyhydr)oxide is one of the most extensively studied adsorbents to remove 

anionic pollutants. A Lewis base like phosphate can form inner-sphere complexes on the 

iron (oxyhydr)oxide surface (Tejedor-Tejedor and Anderson, 1990; Arai and Sparks, 

2001; Elzinga and Sparks, 2007). Thus, their high affinity for anions makes it an efficient 

adsorbent. However, its small particle size and high reactivity make it difficult to apply 

for the soil desorption experiments because iron oxides particles cannot be easily 

separated from bulk soils (Blaney et al., 2007; Pan et al., 2009b; Sengupta and Pandit, 

2011; Johir et al., 2016). Anion exchange resins coated with iron (oxyhydr)oxide, hybrid 

resin, are larger and easier to handle and expected to be a promising sink for the removal 

of phosphate from water and soil solutions  (Sengupta and Pandit, 2011; O’Neal and 
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Boyer, 2013; Sendrowski and Boyer, 2013). Resins are more robust materials than filter 

papers, so they withstand the mixing action more than iron oxide impregnated papers.  

Several researchers have shown the high affinity of iron (oxyhydr)oxide loaded 

resins for anionic pollutants like phosphate, arsenate, and selenate from wastewaters 

(Boyer et al., 2011; Bottini and Rizzo, 2012; Sendrowski and Boyer, 2013; Nur et al., 

2014). However, the use of hybrid anion exchange resin as a sink in soil desorption 

kinetic experiments has rarely been evaluated in soil science. It was hypothesized that 

hybrid anion exchange resin is an ideal sink for P to measure the P desorption rate. In this 

study, a commercially available hybrid anion exchange resin was used in a mesh bag to 

evaluate phosphate desorption kinetics from agricultural soils in the Midwestern U.S., 

and the results of kinetic rates were compared with the rates in a respective pure anions 

exchange resin and in a conventional batch desorption method without a sink. To assure 

the hybrid resins is an ideal sink for phosphate; the hybrid resin was tested for the 

maximum phosphate retention capacity and irreversibility. Its performance as a P sink 

was evaluated in long-term soil desorption experiments. 

 

3.2. Materials and Methods 

3.2.1. Materials 

The soil samples were collected at the depth of 0-18, 72-90 and 162-180 cm in an 

intensively managed agricultural land in Douglas County in east-central Illinois, 

hereinafter referred to as S_18, S_90 and S_180, respectively. The major soil series at the 

site is Milford silty clay loam (fine, mixed, superactive, mesic Typic Endoaquolls). The 

field received no-till and strip-till practices and has been used to grow corn and soybeans. 

Soils in this area are poorly drained dark-colored mollisols according to the U.S. 

Department of Agriculture (USDA) soil taxonomy (USDA Soil Survey, 2006). All 

chemicals (Sigma-Aldrich, St. Louis, MO) used in this study are ACS grade unless 

otherwise specified. Ultrapure water (18.2 MΩ·cm) was used to make all solutions.  
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3.2.2. Anion exchange resin and hybrid resin 

A pure anion exchange resin and an iron oxide-loaded hybrid resin were used as P 

sinks in the desorption experiments. A pure anion exchange resin AMBERLITE™ HPR 

9200 (DuPont Company, Wilmington, USA) was chosen because of its wide application 

in environmental research. A commercially available product, FerrIX™A33E (Purolite, 

PA, USA), was used as a hybrid resin. It shares the same properties of the parent anion 

exchange resin with AMBERLITE™ HPR 9200. The choice of a commercial hybrid 

resin is to provide easier access of the adsorbent to scientists who are interested in 

reproducing similar desorption experiments in different soils. 

The total surface area of resins was analyzed using the ethylene glycol monoethyl 

ether (EGME) method. The resins were first dried in an oven at 40 ℃ for the hybrid 

resins and 70 oC for pure resins until they reached constant weight. 40 ℃ was chosen for 

the hybrid resin so as to prevent conversion of iron oxide coating to hematite. 

Approximately 0.5g of dried resin samples were weighed and then placed in Petri dishes. 

The dish was placed in a vacuum desiccator with another Petri dish filled with a 10 mL 

EGME solution (Sigma-Aldrich, St. Louis, MO). The evacuation-stabilization-weighting 

cycle was repeated until the weights were constant. It took about six days. Assuming 

monolayer coverage, the specific surface area was calculated using the equation (Klute et 

al., 1986): 

 
𝐴 = 𝑊௚/(𝑊௦ · 0.000286) 

 

where A = specific surface (m2/g), Wg = weight of EGME retained by the sample 

after monolayer equilibration (g), and Ws = weight of the dried resin (g); 0.000286 is the 

mass of EGME required to form a monolayer on 1 m2 of the surface. 

Before the soil desorption experiment, the functional group of the pure resin HPR 

9200 was saturated with bicarbonate. Twenty grams of resin were shaken in a 1-L 
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polypropylene bottle filled with a 0.5 M NaHCO3 solution for 1 hr. This treatment was 

followed by washing with de-ionized water twice. The resins were air-dried. 

In order to effectively separate resins from soils during the desorption experiments, 

6.5 cm × 4.5 cm polyester monofilament mesh bags with 150 µm mesh size were used to 

enclose the resin beads (Universal Filters, Inc., Asbury Park, NJ). The mesh size is large 

enough to prevent the diffusion-limited reaction through the bag but small enough not to 

leach hybrid resin beads. Each bag was filled with 1 g of resin beads and then sewn up to 

seal the opening. Staples were not used to seal the bag to avoid metal contamination in 

the system. 

 

3.2.3. Mineralogical characterization of iron oxide coating of the hybrid resin  

The mineralogical analysis of the hybrid resin, FerrIX™A33E, was conducted using 

an X-ray diffraction method. The finely ground resin powder was placed in the 25-stage 

sample holder on the instrument, Bruker D-5000 XRD unit (Bruker Corporation, 

Billerica, MA, USA), and positioned the goniometer to start its angular scan at 45 kV and 

30 mA. The lower limit for 2θ was set to 5° and the upper limit to 80°. The scanning rate 

was set at 2.0°/min. The 2θ was calculated using Bragg’s Law (2dsinθ = nλ), and the 2θ-

intensity XRD pattern was plotted. Peak assignment and mineral identification were 

performed using the ICDD database (Powder Diffraction File 4, PDF-4+) with the 2theta 

position and intensity ratio of each peak. 

The Fe mineralogy was also analyzed using Fe K-edge X-ray absorption 

spectroscopy (XAS) at ID12 at Advanced Photon Source (Argonne, IL, USA). Because 

XAS is more sensitive to pick up residual amorphous phases like ferrihydrite. A 

monochromator consisting of a double-crystal Si (220) at Phi=0o was used. An incident 

beam of X-ray energy was calibrated at the first inflection point (7112 eV) of a Fe foil 

spectrum and detuned 50% at ~7770eV. Beam size was 2 mm in width x 1mm in height. 

The calibration energy was monitored using a Fe foil during the scan. The transmission 
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measurements were performed in air at room temperature. Spectra were recorded with 

three regions: 10 eV steps from 6880 to 7090 eV with 1sec. dwell, 0.25 eV steps over the 

pre-edge from 7090 to 7140eV with 1sec. dwell, and 0.25 eV steps from k of 1.62 to 14 

Å-1 with 1sec. dwell. Three spectra were recorded. Acquiring multiple spectra across time 

allows us to quantitatively evaluation of reproducibility. Reference spectra of synthetic 

ferrihydrite, goethite, hematite, and lepidocrocite were also collected. These minerals 

were synthesized according to the methods described by Schwertmann and Cornell 

(2008). All mineral samples were diluted in boron nitride (Sigma-Aldrich, St. Lois, MO) 

except for the hybrid resin sample. The finely ground hybrid resins were packed in a 

polycarbonate holder and directly measured. Because of polymer background, the 

dilution with BN was not necessary. Spectra were normalized using standard features of 

the ATHENA software package (Ravel and Newville, 2005), and linear combination of 

XAS reference spectra fit analysis was conducted at a k range of 2-11 Å-1.  

 

3.2.4. Physicochemical characterization of soils 

Physicochemical properties of soils were measured using the following standard soil 

science methods. Soil pH was measured at a soil/water ratio of 1:2 in ultrapure water 

(McLean, 1982; Thomas, 1996). Organic matter content was measured using a loss-on-

ignition method (Schulte and Hopkins, 1996). A hydrometer method was used to 

determine soil texture (Gee and Bauder, 1986). Cation exchange capacity was measured 

using an ammonium acetate (NH4OAc) method at pH 7 (Ross and Ketterings, 1995). The 

concentration of extractable P in soils was measured using the Mehlich 3 method 

(Mehlich, 1984) and the Bray I method (Bray and Kurtz, 1945). The molybdenum blue 

method with excess ammonium molybdenum (He et al., 1998) was used to determine P 

concentration in extracted solutions.  
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3.2.5. Total P, inorganic P (IP) and organic P (OP) fractionation of soils 

Total IP and OP were measured in the soils in duplicates using the sequential 

extraction method described by Kuo (1996). It uses concentrated sulfuric acid (Thermo 

Fisher Scientific, Waltham, MA) and dilute NaOH solutions. Approximately 1.0 g air-

dried soil sample was mixed with 1.5 mL of concentrated H2SO4 in a 50 mL volumetric 

flask. After mixing, 2 mL of deionized water was added in 0.5 mL increments while 

mixing vigorously for 10 sec after each addition. 21.5 mL of deionized water was added 

after cooling to room temperature, and then the sample was filtered through Whatman 

No.2 filter papers (GE Healthcare, Chicago, IL). The filtrate was saved in a 50 mL 

centrifuge tube for “acid extracted phosphate” determination using the molybdenum blue 

method (He et al., 1998). The soil residue and filter paper were then placed in a 125 mL 

Erlenmeyer flask, followed by addition of 49 mL of 0.5 M NaOH solution, shaking for 2 

h at 80 rpm, and then filtered the soil suspension through Whatman No.2 filter papers. 

The filtrate was analyzed for “base extracted phosphate” using the same colorimetric 

method. The concentration of total IP in the soil was calculated by summing the P 

concentration in the acid (𝑃௜
௔) or base (𝑃௜

௕) extracts. 

For total P (TP) determination, a 2 mL aliquot from the acid or base extract was 

pipetted into a 50 mL volumetric flask. 0.5 g of K2S2O8 (Sigma-Aldrich, St. Louis, MO) 

and 2 mL of 5.5 M H2SO4 solution were added and digested on a hot plate at 150°C for 

30 min. After cooling, five drops of p-nitrophenol were added. pH was adjusted with 1-10 

M NaOH solutions until the color changed to yellow. The P concentration was then 

determined using the molybdenum blue method (He et al., 1998). The concentration of 

TP was calculated by summing the P concentration in acid (𝑇𝑃௔) and base (𝑇𝑃௕). 

Accordingly, total OP fraction in the initial soil sample was calculated using the 

following equation (Kuo, 1996). 

𝑃௢ = 𝑇𝑃௔ + 𝑇𝑃௕ − 𝑃௜
௔ − 𝑃௜

௕ 
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3.2.6. Phosphate adsorption isotherm in resins 

To design desorption kinetic experiments with a sink, it is important not to exceed 

the maximum phosphate retention capacity of the sink during desorption experiments. To 

understand the maximum phosphate adsorption capacity of the pure resin and the hybrid 

resin, P adsorption isotherm experiments with these resins were conducted at 21 ± 0.5℃. 

A 100 mg /L phosphate stock solution was prepared by dissolving disodium 

phosphate in 10 mM NaCl. Approximately 0.1 g pure resin AMBERLITE™ HPR 9200 

or hybrid resin FerrIX™A33E were added into a 50 mL Nalgene high-speed 

centrifugation tube. Appropriate amounts of the phosphate solution were added to make 

the initial phosphate concentrations of 3, 10, 20, 30, 40, and 50 mg/L. During the first 

several hours, pH was manually adjusted with 0.01-0.1M HCl or NaOH. The tubes were 

mixed on an orbital shaker at 80 rpm for 24 hrs. The experiments were conducted in 

duplicate. After 24 hrs, the resin suspensions were sampled and filtered using a 0.45 µm 

polyvinylidene fluoride (PVDF) syringe filter. Aliquots were colorimetrically analyzed 

for the concentration of phosphate (He et al., 1998).  

Isotherm data were modeled using Freundlich and Langmuir equations. 

For the Freundlich model 

𝑞 = 𝐾௙ · 𝐶
ଵ

௡ൗ  

where q is the amount of phosphate adsorbed (mg /g); C is the final equilibrium 

concentration of phosphate (mg/L); Kf is a parameter related to the adsorption capacity; n 

is a parameter related to the intensity of adsorption. 

For the Langmuir model 

𝐶

𝑞
=

1

𝑄௠ · 𝐾௠
+ 

𝐶

𝑄௠
 

where q is the amount of phosphate adsorbed (mg /g); C is the final equilibrium 

concentration of phosphate (mg /L); Qm represents the maximum adsorption capacity 

(mg/g); and Km is a parameter related to the bonding strength (L/mg). 
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To account for the phosphate adsorption capacity of the mesh bag during the soil 

desorption experiment (i.e., background P adsorption), a P adsorption isotherm 

experiment was repeated using blank mesh bags. The mesh bags were cut into strips and 

0.5 g of the strip was put into Nalgene 50 mL centrifugation tubes. Different 

concentrations (1, 2, 3, 4, and 5 mg/L) of phosphate solutions at pH 7.5 in 10 mM NaCl 

were added. After shaking the tubes on an orbital shaker at 80 rpm for 24 hr, aliquots 

were colorimetrically analyzed for the P concentration (He et al., 1998). 

 

3.2.7. Irreversibility of adsorbed phosphate in resins 

The pure resins or the hybrid resins as a sink should be evaluated for the 

irreversibility (i.e., desorption of adsorbed phosphate from resins). The irreversibility of 

adsorbed phosphate was tested in duplicate. Resins were first reacted with phosphate by 

mixing 0.1 g of resin and 20 mL of a 10 mg /L sodium phosphate solution in 50 mL 

centrifugation tubes. After shaking the mixture on an orbital shaker at 85 rpm for 24 hrs, 

an aliquot was carefully decanted. The mass of wet resins and the entrained solution was 

recorded. To start the irreversibility test of adsorbed phosphate, 20 mL of P-free solution 

containing 10 mM NaCl and 5 mM 3-(N-morpholino) propanesulfonic acid (MOPS) 

(Sigma-Aldrich, St. Louis, MO) at pH 7.5 was introduced to the tubes, and the tubes were 

shaken on an orbital shaker at 85 rpm. After 1, 8, 16 hrs, 1, 2, 3, 5, and 7 days, the 

concentration of desorbed phosphate was measured by sacrificing each tube. The P 

concentration was determined colorimetrically (He et al., 1998).  

 

3.2.8. Phosphate desorption kinetics in soils without P sink  

To evaluate the hybrid resin-based phosphate desorption method, the following three 

systems are compared: 1) desorption without a sink, 2) desorption using the hybrid resin, 

and 3) desorption using a respective anion exchange resin. 
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First, a soil phosphate desorption experiment was conducted without a sink. 

Approximately 5.00-10 g of air-dried soils were added into 125 mL polypropylene bottles 

containing 100 mL of ultra-pure water. In this experiment, pH remained at near soil pH. 

The bottles were gently shaken on a reciprocal shaker at 80 rpm. Because soil 

suspensions were gently agitated, grinding of coating materials, sample alternation, was 

not an issue in this desorption method. After 2, 4, 8, 16 hrs, 1, 2, 3, 5, and 7 days, 

suspensions were sampled and filtered through 0.45 µm PVDF syringe filters. The aliquot 

was colorimetrically analyzed for the P concentrations (He et al., 1998). 

 

3.2.9. Phosphate desorption kinetics in soils using resin bags  

A phosphate desorption kinetic experiment was conducted using mesh bags filled 

with either FerrIX™A33E or AMBERLITE™ HPR 9200. The resins used were first 

hydrated in a 10 mM NaCl solution and pH was adjusted to the corresponding soil pH 

with 0.001-0.1M HCl or NaOH solution. Approximately 5 g of air-dried soil [10 g of soil 

S_180 that was much lower in TP (see section 3.1)]. sample was added into a 125 mL 

polypropylene bottles that were filled with 100 mL of ultra-pure water. A resin-filled 

mesh bag was placed in each bottle. The bottles were shaken on an orbital shaker at 80 

rpm.  

After shaking for 2, 4, 8, 16 hrs, 1, 2, 3, 5, and 7 days, the resin bag was removed 

carefully from each bottle and rinsed once with 20 mL of de-ionized water. Then, the 

resin was dried in a convection oven at 37 ℃ for 5 hrs. When resins were recovered from 

a reaction vessel, the mesh bag containment made an easy separation of resin beads from 

soil suspensions. Soil particles were not found inside a mesh bag, probably because the 

mesh bags remained in the top layer of soil solution during shaking whereas soil 

suspensions largely remained at the bottom of the reaction vessel during the gentle 

agitation. To recover adsorbed P from the resins, ~0.5 g of the dried resins were treated 

with 30 mL of 0.5 M NaOH + 0.5 M Na2SO4. The chemical composition of this 
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extractant was tested to assure 100% P recovery under the reaction condition of this 

experiment. The tube was shaken on an orbital shaker at 80 rpm for 24 hrs. The solution 

was passed through a 0.45 µm PVDF syringe filter and neutralized with 0.5 M HCl. The 

P concentration was colorimetrically determined (He et al., 1998). The experiment was 

conducted in duplicate.  

To understand how the mass of the hybrid resin affects the kinetic rate, the 

experiments were repeated using 0.5 g, 1 g, and 2 g of the hybrid resin in a mesh bag 

under the same experimental condition. The soil used in this test is S_18. 

Data from the kinetic experiments were evaluated using the pseudo-first order 

equation (Ho and McKay, 1999), a pseudo-second order equation (Ho and McKay, 

2000), Elovich equation (Low, 1960), and an intra-particle diffusion model (Weber and 

Morris, 1963).  

 

The pseudo-first order equation, 

𝑞௧ =  𝑞௘(1 − 𝑒ି௞భ௧), 

can be expressed in linear form as: 

 

ln(𝑞௘ − 𝑞௧) = ln(𝑞௘) −  𝑘ଵ𝑡 

where 𝑞௧ is the amount of phosphate adsorbed on unit weight of adsorbent (mg·g-1) 

at time t (hr). 𝑞௘ is the adsorption capacity of adsorbents (mg/g) at equilibrium, and the 

term 𝑘ଵ (g/mg/hr) is the first order rate constant. The terms, 𝑞௘ and 𝑘ଵ, can be calculated 

by linear regression of  ln(𝑞௧ −  𝑞௘) vs. 𝑡. 

 

The pseudo-second order equation follows the form, 

௧

௤೟
=

ଵ

௞మ௤೐
మ +

ଵ

௤೐
𝑡, 

where 𝑞௧ is the amount of phosphate adsorbed on a unit weight of adsorbent (mg/g) 

at time t (hr), 𝑞௘ is the adsorption capacity of adsorbents (mg P/g) at equilibrium, and  𝑘ଶ 
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(g/mg/hr) is the second order rate constant. The terms, 𝑞௘ and 𝑘ଶ, can be calculated by 

linear regression of 
௧

௤೟
 vs. 𝑡 where the slope and intercept correspond to 

ଵ

௤೐
 and 

ଵ

௞మ௤೐
మ, 

respectively. 

The Elovich equation is given by, 

𝑞௧ =
୪୬(஑ஒ)

ஒ
+

ଵ

ஒ
ln(t), 

 where 𝑞௧ is the amount of phosphate adsorbed per unit weight of adsorbents (mg/g) 

at time t (hr). α (mg/mL/min) is the initial adsorption rate constant, and the parameter b 

(mL/mg) is related to the extent of surface coverage and activation energy for 

chemisorptions. The α and β terms were obtained calculated by regressing  𝑞௧ vs. ln(t) 

where the slope and intercept correspond to 
ଵ

ஒ
 and 

୪୬(஑ஒ)

ஒ
, respectively. 

 

The intra-particle diffusion model is based on the equation, 

𝑞௧ = 𝑘ଷ𝑡ଵ/ଶ, 

where 𝑞௧ is the amount of phosphate adsorbed on unit weight of adsorbent (mg/g) at 

time t (hr), and  𝑘ଷ is the intra-particle diffusion constant that can be calculated by 

regressing 𝑞௧ vs.𝑡ଵ/ଶ where the slope corresponds to 𝑘ଷ. 

 

3.2.10. Stability of Fe oxide coatings in the hybrid resin 

To test the stability of Fe coatings of the hybrid resin during desorption experiments, 

the total iron content of the hybrid resin in a mesh bag was monitored during the same 

desorption experiment. A mesh bag containing ~1 g of the hybrid resin was added into 

triplicate 125 mL polypropylene bottles that were filled with 100 mL of 10 mM NaCl 

solution at pH 7. The bottles were shaken at an orbital shaker on 80 rpm. After 7 days, the 

hybrid resins were removed from the mesh bag, and air-dried. Approximately 0.1 g of the 

hybrid resin was placed in a clean polypropylene bottle to react with a 100 mL of 

extractant solution containing 5% hydroxylamine and 5 M HCl (Upping et al., 1986; 
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Sager, 1992). The mixture was placed in an ultrasonic bath (Bransoic, CPX2800) for 5 

min and then shaken on an orbital shaker at 80 rpm for 48 hrs. The beads were separated 

by filtrating through Whatman No.2 filter papers, and the total Fe concentration in the 

filtrate was measured using the spectrophotometric method with 1, 10-phenanthroline 

(Sigma-Aldrich, St. Louis, MO) (Tamura et al., 1974).  The total Fe concentration in 

these hybrid resins was compared with that of the material before the desorption 

experiments.  

 

3.3. Results and Discussion 

3.3.1. Characterization of soils and resins 

The physicochemical properties of the soil samples are summarized in Table 3.1. 

While OC decreases with increasing depth, IC increases at the lower depth. This is due to 

the presence of carbonates in subsoils (Xu et al., 2020). Soil pH increases with increasing 

depth from 18 to 180cm. Weakly acidic pKa of carboxylic acids in organic matter buffer 

at near neutral at the surface. Slightly alkaline pH in subsoils at the depth of 90-180 cm is 

controlled by calcite and dolomitic materials (Xu et al., 2020). Because of near neutral to 

slightly alkaline pH, CEC is high (23-29 cmolc/kg) throughout the profile. % base 

saturation is ~96% in all samples. 

In soil S_18, the results of agronomic soil P tests are 10-14.5 mg/kg which is lower 

than the recommended level for corn, according to the Illinois Agronomy Handbook 

(Fernández and Hoeft, 2009). However, the total P in the soils is high (~390 mg/kg) for 

the surface soil. The majority of P is in the inorganic form, and the OP fraction is ~140 

mg/kg in S_18. The content of OP decreases from 140 to 7 mg/kg with increasing depth 

from 18 to180 cm. However, the IP fraction remains high (~360 mg/kg) up to 90 cm. The 

S_180 sample contains ~190 mg/kg of IP.  

The properties of resins used in this study are shown in Table 3.2. Both the pure 

resin AMBERLITE™ HPR9200 and the hybrid resin FerrIX™A33E have polystyrene-
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DVB as their polymeric matrix. The structure and resin functional groups are same. The 

particle size of the pure resin and the hybrid resin is ~640 µm and ~750 µm. The 

mineralogy of iron oxides in the hybrid resin is predominantly goethite (Fig. 3.2). The 

XAS analysis also shows the same results.  

The total surface area of FerrIX™A33E (i.e., hybrid HPR9200), 810.4 ± 38.2 m2/g, 

is significantly lower than that of HPR9200 (1625.1 ± 20.9 m2/g), which could be 

explained by the surface coverage of small goethite particles over the porous structure of 

pure anion exchange resin. 

The stability of Fe oxide coating on FerrIX™A33E was tested in a control system 

without soils. At t = 0, the iron content of the hybrid resin is 196 ± 3 mg Fe/g (Table 3.2). 

After shaking a mesh bag containing FerrIX™A33E in a 10 mM NaCl solution for 7 

days, there was a negligible change in total Fe in FerrIX™A33E. The iron content was 

194 ± 2 mg Fe/g. This suggests that the Fe oxide coating of the hybrid resin remains 

stable during the desorption experiment. The Fe coatings did not leach outside of the 

mesh bag during the desorption experiments.  

 

3.3.2. Phosphate adsorption isotherm in the resins 

The results of the adsorption isotherm experiment show a typical L-shape curve for 

both resins, indicating that the adsorbates have high affinity at low surface coverage (Fig. 

3.3a). When the initial P concentration was at 10 mg/L, ~76 % of P was adsorbed by the 

pure resin, while ~98 % was adsorbed by the hybrid resin. Interestingly, the hybrid resin 

showed a greater affinity for P at the Ceq: 0-15 mg/L, and the pure resin had a greater 

affinity for P at Ceq >15 mg/L.   It is important to note that the adsorption isotherm data in 

Fig. 3.3a were corrected for the residual P adsorption in mesh bags. Phosphate adsorption 

by a blank polyester mesh bag was < 0.04 mg/g (Fig. 3.3b).  

To compare the affinity of these adsorbents, adsorption isotherm data for the pure 

resin were modeled using Freundlich and Langmuir equations. The results are 
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summarized in Table 3.3. The model fit in both resins shows an excellent fit. Although 

these models do not describe the adsorption mechanisms, model parameters can be used 

to compare the P adsorption capacity of different adsorbents. In the Langmuir model, the 

maximum adsorption (mg P/g), Qm, indicates that the pure resin has greater adsorption 

than the hybrid resin. This was observed in Fig. 3.3a. However, in the Freundlich model, 

the adsorption capacity (Kf) of the hybrid resin is much greater than that in the pure resin. 

Each adsorbent seems to have different properties for P. 

Using the isotherm data of these resins, it was assured that P adsorption capacity of 

the two resins is more than enough to be a P sink during the desorption experiments, even 

100 % of TP (TP< 0.5 mg P/g) is released from the soils. It was determined the ideal 

soil:resin ratio to be 5-10 g of soil:1 g of resin.  

 

3.3.3. Phosphate irreversibility tests in the resins 

To evaluate potential release of P adsorbed by the resins, the desorption of P from P 

adsorbed resins was tested. The result of the irreversibility test shows a major difference 

between the pure resin and the hybrid resin serving as P sinks (Fig. 3.4). After providing 

the total P loading level of 2 mg/g, the resins were shaken in a P-free solution up to 7 

days. The cumulative percentage of desorbed P is shown in Fig. 3.4. Approximately 

13.3 % of the adsorbed P in the pure resin was released into solution after 7 days, and 

12.9 % of the P already desorbed within 1 hr. It is clear that the pure anions exchange 

resin is a good sink for the P desorption experiment. In contrast, less than 0.3% of 

adsorbed P was desorbed from the hybrid resin, which should be accounted for by the 

inner-sphere complexation of phosphate on the iron oxide coating in the hybrid resins 

(Arai and Sparks, 2001; Hongshao and Stanforth, 2001). The irreversibility test indicates 

that the hybrid resin had a near negligible backward reaction (i.e., desorption). The hybrid 

resin is a better P sink in soil desorption studies.  
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3.3.4. Phosphate desorption in soils 

3.3.4.1. The extent of P desorption from soils  

The result of P desorption is shown in Fig. 3.5 and Table 3.4. The amount of P 

desorbed varies among the three soil samples. With or without a P sink, the extent of P 

desorption after 168 hrs (7 days) follows the order of S_18 > S_90 > S_180. This was not 

surprising because the soils at 0-90cm contained more TP than subsoils (Table 3.1). The 

extent of P desorption was vastly different among the different desorption methods. For 

each soil, the largest P desorption after 7 days is always found in the hybrid resin system, 

followed by the pure resin system and the system without a P sink. It is important to note 

that under the fixed mass of adsorbents, the total surface area of pure anion exchange 

resin, 1625.1 ± 20.9 m2/g, is two times greater than that of the hybrid resin, 

FerrIX™A33E (i.e., 810.4 ± 38.2 m2/g). This suggests that a difference in surface area 

was not the controlling factor for removing P from the bathing solution in this 

experiment. 

To be specific, the topsoil S_18 released 1.32 mg P/g soil without sink after 7 days, 

which was 0.34 % of its total P (Fig. 3.5a and Table 3.1). In the presence of the pure 

anion exchange resin, the extent of P desorption increased to 9.50 mg P/g (~2.43 % of 

TP). In the case of the hybrid resin, it was even greater. Approximately 17mg/kg (~4.35% 

of TP) was desorbed after 7days. The same trend was also observed in the other two 

subsoils. The soil S_90 released only 0.53 mg/kg (~0.13 % of TP) without any sink, but 

the total desorbed P increased to 7.90 mg P/g (~1.88 % of TP) with the hybrid resin as a 

sink. The pure resin was not as effective as the hybrid resin. In the case of soil S_180, 

which contains the lowest TP, the efficiency in removing desorbed P was best in the 

hybrid resin. Only the hybrid resin was able to desorb appreciate amounts of P (~3.45 mg 

P/g), but no more than 0.67mg P/g (~ 0.3 % of TP) was desorbed with the pure resin or 

without any sink. 
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In summary, the hybrid resin performed best in soils that have a wide range of total 

desorbable P, the extent of P desorption. Unfortunately, the traditional batch method 

without any sink or the use of pure anion exchange resin did not produce good results. 

The backward reaction or accumulation of desorption ions is likely the reason. In the 

batch system re-adsorption of desorbed phosphate was readily occurring. In the anion 

exchange pure resin system, the sink did not behave like a finite sink. As reported in the 

irreversibility test section, adsorbed P in the pure resin seems to desorb back into the 

bathing solution. To further validate the hybrid resin based- desorption method, P 

desorption kinetics in three desorption methods were evaluated using several different 

models.  

 

3.3.4.2. Phosphate desorption kinetics 

As shown in Fig. 3.5, soil P desorption in all desorption methods shows fast 

desorption within 24 hr and then gradually reaching the steady-state in the next several 

days. The P desorption kinetics were evaluated using different kinetic models. They are 

pseudo-first-order model (Ho and McKay, 1999), pseudo-second-order model (Ho and 

McKay, 2000), Elovich model (Low, 1960), and intra-particle diffusion model (Weber 

and Morris, 1963). Overall, the pseudo-second-order model fits best for the P desorption 

data in different desorption methods (Table 3.5). Fig. 3.6 shows the results of linear 

fitting of these models to the data in each case. Based on the goodness of it, the pseudo-

second-order model fit best and other models did not fit the data well. The parameters of 

these kinetic models for the P desorption process are discussed below.  

 

(1) Pseudo-first-order model and pseudo-second-order model 

For three soils, the pseudo-first-order model does not fit well with the kinetic data 

(R2 < 0.8) (Table 3.5). There is no clear trend in the rate constant among different 

desorption conditions or different soil samples. However, the pseudo-second-order model 
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fit resulted in very high R2 values for the kinetic data of all soils, especially for the batch 

with hybrid resins (R2 > 0.999). The hybrid resin systems also have a larger rate constant 

(k2) and the adsorption capacity of adsorbents at equilibrium (qe) than the pure resin 

systems. The batch without any sink had the smallest qe among three systems, but the rate 

constant did not show this trend. It should be noted that R2 of these models becomes low 

in the system without resins because of a large standard deviation within the small signal 

(Fig. 3.5c). The term 𝑘ଶ𝑞௘
ଶ from the pseudo-second-order model can be used as an 

indication of the initial rate of a desorption process (Lalley et al., 2016). As shown in 

Table 3.5, the initial rate of P desorption follows the trend of hybrid resin > pure resin > 

no resin. However, among the three soil samples, S_90 has a higher initial P desorption 

rate than the topsoil S_18, which could be due to the different P speciation in the soils. 

Inorganic P made up a much higher composition of total P in S_90 than in S_18. It is the 

fact that S_90 desorbed P faster at the beginning but slower at the end of experiments.   

 

(2) Elovich model and Intra-particle diffusion model 

Judging from the R2 values, the Elovich model and the intra-particle diffusion model 

have a good fit for the desorption data when the resins are present as a P sink. The 

goodness of fit in the Elovich model (0.82 < R2 < 0.98) is greater than that of the pseudo-

first-order model, but not as good as that of the pseudo-second-order model. The Elovich 

model does not fit well to describe the data of the system without resins. The R2 of the 

intra-particle model is slightly lower than that of the Elovich model. The intra-particle 

model works better in the resin systems than in the system without resins. The diffusion 

rate constant (Kd) was always highest when the hybrid resin was present as P sink for the 

three soils, possibly suggesting the diffusion-limited P exchange process in the hybrid 

resins.  

In summary, soils could desorb more P when anion exchange resins are present in a 

reaction vessel. However, the hybrid resins work better than the pure resin for removing 
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P from bathing solutions (i.e., the extent of P desorption) than the pure resins do due to 

minimized backward reaction during the desorption experiment. In term of kinetic model 

fit, the pseudo-second-order model was the best, and the parameter, 𝑘ଶ𝑞௘
ଶ , can be used 

to describe the initial rate of a desorption process.  

 

3.3.4.3. Phosphate desorption kinetic rate affected by the mass of resin 

The desorption experiments were repeated in the soil S-18 using different amounts 

of the hybrid resin to evaluate the effects of resin mass on the kinetic rate. The results are 

summarized in Fig. 3.7 and Tables 3.5. The biphasic desorption kinetic process was 

observed in all three systems. A fast P release was followed by a slow desorption process. 

The extent of total desorbed P is similar (i.e., within error bars of each data point at the 

same sampling time) in these soils. After 168hrs, ~16.3 mg/kg of P was release in all 

systems.  

Fig. 3.8 shows the linear plots of the pseudo-first-order model, the pseudo second-

order model, the Elovich model, and the intra-particle diffusion model for the P 

desorption kinetic data shown in Fig. 3.7. The fitting parameters associated with these 

models are summarized in Table 3.5 with the R2 values. As previously discussed, the 

pseudo-second-order model provides the best fit in modeling the P desorption kinetic data 

(i.e., R2 = 1).  

To assess how the mass of hybrid resin affects the kinetic rate, the same model was 

used to estimate the initial kinetic rate, 𝑘ଶ𝑞௘
ଶ from the pseudo-second-order model. The 

rate increased from ~8.8 to 11.8 mg/ g·hr by increasing the mass of hybrid resin from 0.5 

to 2 g. This suggests that the experimental design, the mass of the resin in the desorption 

system, can influence the rate of P release and is critical in evaluating the kinetic process.  
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3.4. Conclusions 

This study shows one of the best batch P desorption methods available in the field. 

The use of the hybrid anion exchange resins as a P sink was very efficient in removing 

desorbed P from agricultural soils. Overall, the iron oxide-coated hybrid resins were a 

better P sink than the respective pure anion exchange resins. The results of the hybrid 

resin system showed that the extent of P desorption and the initial kinetic rate, 𝑘ଶ𝑞௘
ଶ, 

were greater than those in the conventional batch methods with and without pure anion 

exchange resins. This is because adsorbed P in the hybrid resin was nearly irreversible 

whereas the pure anion exchange resin released ~13% of adsorbed P. This indicates the 

backward reaction (i.e., re-adsorption) in the hybrid resin system was minimized. The 

pseudo-second order model was successfully used in evaluating the P desorption kinetic 

data in the hybrid resin.  

There are several key points when the hybrid resin-based desorption method is 

adapted. The maximum adsorption capacity of the hybrid resin sink should be tested to 

assess a proper soil/resin ratio in the experiment. pH should be maintained or adjusted at 

the relevant soil pH values during the experiments. The irreversibility test of P from P 

adsorbed hybrid resins should also be tested under the specific reaction conditions. 

Minimizing the backward reaction (i.e., re-adsorption) is key for desorption kinetic 

experiments to be successful using a hybrid resin as a sink. When evaluating the kinetic 

rate of multiple soil samples, the amount of resin in a mesh bag should be consistent since 

it could influence the initial kinetic rate.  

The implication of this study includes that the hybrid anion exchange resin method 

can be applied to the soil desorption kinetic study of other anions like arsenate in coarse-

textured soils and sediments. It is highly recommended to assess the P desorption 

behavior in sandy soils and vadose zone sediments that cannot be stirred in a reactor to 

retain the natural integrity of mineral coatings and aggregates. One could also consider 

the use of different hybrid ion exchange resins. The different type of hybrid ion exchange 
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resins should be further evaluated for the assessment of desorption behavior of other 

inorganic contaminants (e.g., oxyanions, metal(loid)s, oxocations) in soils and sediments. 
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3.5. Figures 

 

 

Fig. 3.1. A schematic illustration of phosphate(P) desorption systems using pure resins 
(PR) and hybrid resins (HR) as a P sink. Forward and backward reactions are shown in 
black and red arrows, respectively. A vertical dotted line indicates a boundary between a 
mesh bag and a soil solution. Note that 1) more P is retained in HR because of a small 
backward reaction (i.e., P release) from HR compared to that from PR. 
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Fig. 3.2. (a) XRD pattern of the ground hybrid resin FerrIX™A33E. Identified peaks 
correspond to goethite (G), and (b) Linear combination fit of reference compound fit of a 
normalized k3 weighted spectrum of the hybrid resin. Dotted line indicates fit. The fit 
results show the Fe oxide mineralogy of the hybrid resin is 100±0% goethite with r-factor 
of 0.01. 
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Fig. 3.3. (a) Phosphate adsorption isotherm at pH 7.5 in the pure anion exchange resin and the hybrid resin. (b) phosphate adsorption isotherm at 
pH 7.5 in a blank mesh bag. (c) Langmuir model of the isotherm data in Fig. 3a and (d) Freundlich model of the isotherm data in Fig. 3b. 
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Fig. 3.4. Phosphate release from a phosphate adsorbed pure resin and a phosphate 
adsorbed hybrid resin up to 7 days. The initial phosphate loading level in both resins is at 
2 mg /g. 
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Fig. 3.5. Phosphate desorption kinetics from soils (a) S_18, (b) S_90, and (c) S_180 in 
different desorption systems. 
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Fig. 3.6. Linear plot of pseudo-second-order model for the phosphate desorption data 
shown in Figure 5 (a) S_18, (b) S_90, (c) S_180.  

  



 

 

166 

 

Fig. 3.7. Phosphate desorption kinetics in soil S_18 as a function of the hybrid resin mass 
(0.5-2g). 
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Fig. 3.8 Linear plot of (a) Pseudo first-order model, (b) Pseudo second-order model, (c) 
Elovich model, (d) Intra-particle diffusion model for the P desorption kinetic data shown 
in Fig. 3.7.  
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3.6. Tables 

Table 3.1. Selected physicochemical properties and P concentrations of Douglas County soils. 

 

† %IC = Inorganic carbon content; % OC = Organic carbon content; CEC = Cation exchange capacity; %base = Percent base saturation; M3P = Mehlich III 

extractable phosphorus; B1P = Bray I phosphorus; OM = Organic matter content; TIP = Total inorganic phosphorus; TOP = Total organic phosphorus; TP = 

Total phosphorus. 

‡ Values in the parentheses are the standard deviations.   

§ SC = Silty clay; SCL = Silty clay loam. 

 

 Soil sample 
ID 

Depth 
pH 

%IC† %OC† CEC† %base† M3P† B1P† OM† 
Texture 

TIP† TOP† TP† 

 cm ------% by wt.------ cmolc/kg % -------mg/kg------- % ---------------mg/kg-------------- 

 S_18 0-18 6.95 
0.11 

(±0.03)‡ 
2.25 

(±0.01) 
26.72 

(±2.86) 
95.69 

(±0.01) 
14.50 

(±0.71) 
10.00 

(±1.41) 
4.27 

(±0.02) 
SC§ 

251.90 
(±0.18) 

139.79 
(±17.98) 

391.69 
(±18.16) 

 S_90 72-90 8.03 
0.27 

(±0.06) 
0.80 

(±0.01) 
23.23 

(±0.46) 
96.05 

(±0.31) 
5.00 

(±0.00) 
2.00 

(±0.00) 
2.12 

(±0.02) 
SCL§ 

363.74 
(±11.38) 

54.77 
(±16.30) 

418.51 
(±4.91) 

 S_180 162-180 8.20 
2.18 

(±0.11) 
0.54 

(±0.02) 
28.80 

(±1.19) 
96.37 

(±0.03) 
1.00 

(±0.00) 
<1 

1.39 
(±0.01) 

SC 
189.35 
(±7.17) 

7.05 
(±1.11) 

196.41 
(±8.28) 
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Table 3.2. General characteristics of the pure resin and the hybrid resin used in this study. Total Fe content of FerrIX™A33E. 

 

 

 

Table 3.3. Parameters of isotherm models in phosphate adsorption by resins. Qm and Km represent the maximum adsorption (mg P/g) 
and a parameter related to the bonding strength (L/mg) in the Langmuir model, respectively. Kf and n are a parameter related to the 
adsorption capacity and a parameter related to the intensity of adsorption in the Freundlich model, respectively. 

 

 

 

 

 

 

  

Resin Matrix Structure type 
Type of resin 

functional groups 
Physical form 

Particle size 
(µm) 

Iron content 
(mg/g) 

Specific surface 
areas (m2/g) 

AMBERLITE™ HPR9200, 
pure anion exchange resin 

Polystyrene-
DVB 

Macroporous Strong-base 
White, 

spherical beads 
640 ± 50 0 1625.1 ± 20.9 

FerrIX™A33E, hybrid resin 
Polystyrene-

DVB 
Macroporous Strong-base 

Brown, 
spherical beads 

750±150 196.0±3.0 810.4 ± 38.2 

Resin 
Langmuir model Freundlich model 

Qm (mg/g) Km (L/g) R2 n Kf R2 

AMBERLITE™ HPR9200 

(Pure resin) 
13.16 1.10 0.983 1.44 1.12 0.993 

FerrIX™A33E 

(Hybrid HPR9200) 
7.69 7.29 0.989 4.43 3.76 0.997 
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Table 3.4. Phosphate desorption from P rich soils in different desorption systems. The total desorbed P is described in mg/kg, and the 
values in parentheses represent percentage of total desorbed P with respect to total P in each soil. 

Soil sample 
ID 

Desorption systems 
Time (hr) 

2 4 8 16 24 48 72 120 168 

S_18 

1g of hybrid resin 13.34 (3.4) 13.95 (3.6) 14.82 (3.8) 15.25 (3.9) 15.77 (4) 16.64 (4.2) 16.38 (4.2) 17.29 (4.4) 17.03 (4.3) 

1g of pure resin 6.15 (1.6) 6.67 (1.7) 6.75 (1.7) 7.56 (1.9) 8.37 (2.1) 8.46 (2.2) 8.46 (2.2) 8.98 (2.3) 9.5 (2.4) 

No resin 1.06 (0.3) 1.25 (0.3) 1.32 (0.3) 1.12 (0.3) 1.12 (0.3) 1.32 (0.3) 1.25 (0.3) 1.32 (0.3) 1.32 (0.3) 

0.5 g hybrid resin 12.38 (3.2) 12.87 (3.3) 13.97 (3.6) 14.79 (3.8) 15.44 (3.9) 15.97 (4.1) 16.46 (4.2) 16.71 (4.3) 16.87 (4.3) 

2 g of hybrid resin 13.40 (3.4) 14.26 (3.6) 14.95 (3.8) 15.65 (4.0) 15.97 (4.1) 16.67 (4.3) 16.99 (4.3) 17.12 (4.4) 17.32 (4.4) 

S_90 

1g of hybrid resin 7.09 (1.7) 7.19 (1.7) 7.37 (1.8) 7.53 (1.8) 7.94 (1.9) 7.95 (1.9) 7.93 (1.9) 8.15 (1.9) 7.85 (1.9) 

1g of pure resin 1.6 (0.4) 1.66 (0.4) 1.69 (0.4) 1.91 (0.5) 1.99 (0.5) 2.1 (0.5) 1.96 (0.5) 2.24 (0.5) 2.03 (0.5) 

No resin 0.26 (0.1) 0.66 (0.2) 0.4 (0.1) 0.4 (0.1) 0.33 (0.1) 0.46 (0.1) 0.53 (0.1) 0.46 (0.1) 0.53 (0.1) 

S_180 

1g of hybrid resin 2.93 (1.5) 3 (1.5) 3.21 (1.6) 3.24 (1.7) 3.29 (1.7) 3.29 (1.7) 3.29 (1.7) 3.33 (1.7) 3.45 (1.8) 

1g of pure resin 0.33 (0.2) 0.32 (0.2) 0.29 (0.1) 0.46 (0.2) 0.4 (0.2) 0.48 (0.2) 0.56 (0.3) 0.54 (0.3) 0.67 (0.3) 

No resin 0.03 (0) 0.03 (0) 0.1 (0) 0.07 (0) 0.07 (0) 0.1 (0) 0.13 (0.1) 0.1 (0) 0.16 (0.1) 
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Table 3.5. Parameters of kinetic models in the phosphate desorption data shown in Table 3.4. 

 

Soil sample  
ID 

Desorption 
systems 

Pseudo-first order model Pseudo-second order model Elovich model Intra-particle diffusion model 

k1  
(1/hr) 

qe  
(mg/g) 

R2 
k2  

(g/(mg hr)) 
qe  

(mg/g) 
k2qe2  

(mg/(g hr)) 
R2 

α  
(mg/(L hr)) 

β  
(L/mg) 

R2 
kd  

(mg/(g hr1/2)) 
C R2 

S_18 

1g of hybrid resin 0.031 3.014 0.482 0.037 17.241 11.099 1.000 1.72E+06 1.128 0.972 0.311 13.726 0.844 

1g of pure resin 0.038 4.734 0.763 0.029 9.461 2.601 0.998 1.45E+03 1.360 0.957 0.266 6.269 0.882 

No resin 0.026 0.059 0.342 0.466 1.328 0.821 1.000 5.93E+10 25.316 0.338 0.015 1.141 0.335 

0.5 g resin 0.043 5.362 0.905 0.031 17.007 8.873 1.000 5.59E+04 0.929 0.982 0.376 12.778 0.843 

2.0 g resin 0.041 4.278 0.883 0.039 17.391 11.848 1.000 2.08E+06 1.125 0.982 0.309 13.946 0.834 

S_90 

1g of hybrid resin 0.021 0.659 0.326 0.495 7.962 31.348 1.000 3.73E+12 4.376 0.845 0.076 7.206 0.660 

1g of pure resin 0.019 0.461 0.316 0.443 2.097 1.949 0.996 1.74E+04 7.837 0.821 0.044 1.644 0.675 

No resin 0.031 0.272 0.581 0.429 0.520 0.116 0.988 3.01E+05 43.668 0.089 0.009 0.391 0.103 

S_180 

1g of hybrid resin 0.027 0.502 0.729 0.258 3.423 3.029 0.999 5.08E+11 10.040 0.879 0.034 3.020 0.727 

1g of pure resin 0.028 0.506 0.753 0.158 0.651 0.067 0.979 1.201 13.158 0.831 0.030 0.268 0.889 

No resin 0.022 0.152 0.700 0.367 0.151 0.008 0.882 0.040 41.322 0.724 0.009 0.032 0.733 
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CHAPTER 4: PASSIVE DETECTION OF PHOSPHORUS IN 

AGRICULTURAL TILE WATERS USING REACTIVE HYBRID 

ANION EXCHANGE RESINS 

 

Abstract  

Tile drainage waters carry considerable loads of phosphorus (P) from agricultural 

fields to rivers and streams in the Midwestern U.S. An innovative and economical 

approach to monitor dissolved reactive P (DRP) flux in tile waters is needed to 

understand the extent of P loss in field-scale. In this study, a passive sampling technique 

was evaluated in laboratory and field-scale experiments. Iron oxide-coated 

polyacrylic/polystyrene anion exchange resins (hybrid resins) in mesh bags were used as 

a P sink. Laboratory batch adsorption isotherm and kinetic experiments indicated that the 

hybrid polyacrylic and polystyrene resins had high P adsorption capacity (7.69 and 19.84 

mg/g, respectively), but the second-order rate constant was slightly greater for the hybrid 

polyacrylic resin (0.108 g/(mg·min)) than for the polystyrene resins (0.080 g/(mg·min)). 

The passive sampling method with field-calibrated hybrid polyacrylic resin and hybrid 

polystyrene resins (sampling rate: 0.1351 and 0.0763 L/h, respectively) predicted the 

average DRP concentrations of 0.006-0.020 mg/L, which corresponded to loads of P loss 

at 0.10-0.33 g/ha/day. The method also produced DRP concentrations of tile waters that 

did not differ significantly (p > 0.05) from the auto-sampling data. A rapid increase in 

DRP concentration during storm events and subsequent flooding events was also 

predicted well. In conclusion, a passive detection method using iron oxide coated hybrid 

resins can be recommended for monitoring seasonally fluctuating DRP flux in 

agricultural waters as long as the hybrid resins are well calibrated under specific field 

conditions (e.g., flow rate and concentration range). 
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4.1. Introduction 

Phosphorus (P) loss from agricultural fields has long been an environmental issue 

due to its negative impacts on aquatic ecosystems such as eutrophication and hypoxia 

(Carpenter et al., 1998; Sharpley et al., 1994). Compared to nitrogen, little P is typically 

lost from fields from surface runoff (Gentry et al., 2007a). However, larger amounts of P 

can be lost during major erosion events and through subsurface tile drains. In fact, 

recently dissolved reactive P (DRP) losses at high concentrations have been reported 

through tile drainage in the Lake Erie watersheds of northwestern Ohio (K. King et al., 

2015). Concentrations of DRP can range from <0.005 mg/L to many tenths of a mg L-1 in 

tile lines, and can be many mg L-1 in surface runoff (K. King et al., 2015). These 

concentrations and loads of DRP are more than enough to lead to eutrophication in 

downstream water bodies. To better understand and control P loss from agricultural 

watersheds, extensive monitoring is required to identify the major pathways of P loss in 

each field. However, due to the high cost of flow monitoring equipment and intensive 

sample analysis, it is not feasible to comprehensively assess P loads in agricultural 

drainage ditches and tile lines throughout the Midwestern United States (Rozemeijer et 

al., 2010) because of the cost. Therefore, it is ideal to develop a quick, easy, and 

inexpensive technique that could be used to monitor the P concentrations in agricultural 

waters during critical wet seasons when a large quantity of P is discharged from 

agricultural fields. 

Several methods have been suggested to monitor the concentration of contaminants 

and nutrients in waters. The most common one is grab sampling, which obtains time-

discrete records of the concentration of target substances (Müller et al., 2007; Rozemeijer 

et al., 2010; Worsfold et al., 2016). The precision and accuracy of grab sampling rely 

heavily on the sampling frequency, which is limited by manual labor especially for its 

application in long-term and large-scale monitoring (O’Brien et al., 2009; Knutsson et al., 

2013;Edenborn et al., 2017). The minimum detectable concentration is also limited by the 

volume of water sampled at each time. Another disadvantage is that the discrete (i.e., 

snapshot) measurement may miss specific discharge events that happen during extreme 

rainfall (Ahrens et al., 2015; Vrana et al., 2005). Paper-based devices for in-site 

determination have also been suggested and are convenient and cost-efficient, but the 
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detection limit is relatively high and the accuracy is also affected by temporal variation of 

the contaminant concentrations (Jayawardane et al., 2012;Almeida et al., 2018). 

Transport of DRP in agricultural drainage water has generally been reported to be at low 

concentration; however, concentration quickly increases with tile flow immediately 

following heavy precipitation events (Müller et al., 2007; King et al., 2015b; Smith et al., 

2015). Thus, the above monitoring methods are not ideal for the evaluation of P loss from 

agricultural fields. Passive sampling techniques offer a promising alternative for this 

purpose  

Passive sampling is based on the accumulation of target substances in adsorbents 

that are deployed on-site. A time-weighted average concentration can be calculated 

according to the amount of the target substances on adsorbents after a certain period of 

deployment, which can be several days to months (Ahrens et al., 2015). As a time-

integrated monitoring method, passive sampling is ideal for the detection of contaminants 

or nutrients that are in low concentration and with discrete discharge (Ahrens et al., 2015; 

Edenborn et al., 2017; Roll and Halden, 2016; Vrana et al., 2005). Use of passive 

samplers for the monitoring of aquatic contaminants started in the 1980s (Vrana et al., 

2005). As of today it has been extensively utilized for the detection of organic pollutants 

and metals using several commercially available samplers (Gong et al., 2018; Gunold et 

al., 2008; Kingston et al., 2000; Schäfer et al., 2008). But its application for the 

monitoring of nutrients in agricultural waters has not been extensively tested. 

To design a successful passive sampler, choosing a proper adsorbent is one of the 

most important steps. The uptake of target compounds by the sorbent material should be 

kinetically fast and have a large sorption capacity, and it would be preferable if the 

sorption is compound-specific (Ahrens et al., 2015; Edenborn et al., 2017; Vrana et al., 

2005). The material should also allow the free passage of pore water and enable the 

recovery of the sorbed substances (De Jonge and Rothenberg, 2005). For the monitoring 

of DRP in agricultural waters using the passive sampling method, iron (oxyhydr)oxide 

coated anion exchange resin is an ideal adsorbent (O’Neal and Boyer, 2013; Sendrowski 

and Boyer, 2013; Sengupta and Pandit, 2011) since iron (oxyhydr)oxides can selectively 

and rapidly adsorb phosphate via inner-sphere complexation (Chitrakar et al., 2006; 

Funes et al., 2018; Luengo et al., 2006). The objective of this study was to evaluate the 
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passive sampling method using hybrid anion exchange resin bags to monitor the DRP 

loss in agricultural tile drainage water. Specifically, this study was aimed to evaluate: 1) 

P adsorption capacity of hybrid anion exchange resins in laboratory experiments, 2) its 

performance as a P sink in passive detection technique in field experiments, and 3) the 

prediction of DRP in the passive detection technology. 

 

4.2. Materials and Methods 

4.2.1. Materials 

Two kinds of hybrid resins were selected in this study. A commercially available 

product - FerrIX™A33E (Purolite, King of Prussia, USA), which is an iron-loaded 

strong-base polystyrene-DVB hybrid resin, was chosen. Hereafter it is referred to as 

HR1. The second hybrid resin, designated as HR2, was synthesized via coprecipitation of 

iron oxides with weak-base polyacrylic resin, IRA67 (DuPont company, Wilmington, 

USA).  

The preparation of HR2 was accomplished following two steps: 1) loading of ferric 

ions and 2) precipitation and transformation of iron (oxyhydr)oxide. Approximately 20 g 

of IRA67 resin and 250 mL of 1 M HNO3 were placed in a 500 mL polypropylene bottle. 

The mixture was shaken on an orbital shaker at 75 rpm for 1 hr. After sedimentation for a 

few hours, the acidic solution was decanted and the resin was rinsed with ultrapure water. 

The acid washed resins were then mixed with 100 ml of 0.5 M Fe(NO3)3 and the mixture 

was shaken on an orbital shaker at 75 rpm for 1 hr.  The mixture was titrated with 90 mL 

of 5 M NaOH, and its volume was adjusted to 500 mL. The bottles were shaken at 75 

rpm for 3 hrs. Finally, the mixtures were placed in a convection oven at 70 °C for 60 hr. 

After the incubation, the hybrid resin was rinsed twice with ultrapure water. To exchange 

the hydroxide ion on the hybrid resin surface, resins were treated with 250 mL of 0.5 M 

NaHCO3 for 2 hr, and then shaken with 250 mL of 0.5 M NaCl for 2 hr. After the final 

washing the resins with ultra-pure water, the hybrid resin was air-dried and stored for 

future use. This step helps to buffer the resin suspension at near neutral pH. 
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All reagents were prepared using ultrapure water (18.2 M-cm), and ACS grade 

chemicals were used unless otherwise mentioned in text. All experiments were conducted 

at 21±0.8℃. 

 

4.2.2. Characterization of the hybrid resins 

The total Fe content and the mineralogical information of the iron loaded on hybrid 

resins were studied. The total iron content of the hybrid resins was determined after acid 

digestion. To dissolve iron in the hybrid resin, approximately 0.1 g of the hybrid resin 

was transferred into a 125 mL screw-capped polypropylene bottle that was filled with 

100 mL of  5% hydroxylamine and 5 M HCl (Sager, 1992; Upping et al., 1986). The 

mixture was shaken in ultrasonic bath (Bransoic, CPX2800) for 5 min and then shaken at 

an orbital shaker at 80 rpm for 48 hrs., and the following filtration through Whatman 

No.2 filter paper the total iron concentration in the filtrate was measured in triplicate by a 

spectrophotometric method using 1, 10-phenanthroline (Tamura et al., 1974).   

The mineralogy was assessed using Fe K-edge X-ray absorption spectroscopy (XAS) 

at ID12 at Advanced Photon Source, Argonne, IL, USA. A monochromator consisting of 

a double-crystal Si (220) was used. An incident beam of X-ray energy was calibrated 

using a Fe foil at the first inflection point (7112 eV) and detuned 50% at 7770eV. The 

beam size used was 2 mm in width x 1 mm in height. The calibration energy was 

monitored using a Fe foil during the scan. The transmission measurements were 

performed in air at room temperature. Spectra were recorded with three regions: 10 eV 

steps from 6880 to 7090 eV with 1 sec. dwell, 0.25 eV steps over the pre-edge from 7090 

to 7140eV with 1 sec. dwell, and 0.25 eV steps from k of 1.62 to 14 Å-1 with 1 sec. dwell. 

Three spectra were recorded. Acquiring multiple spectra across time allows us 

quantitative evaluation of reproducibility. Reference spectra of synthetic pure 

ferrihydrite, goethite, hematite, and lepidocrocite were also collected. These minerals 

were synthesized according to the methods described by Schwertmann and Cornell 

(Schwertmann and Cornell, 1991). Spectra were normalized with standard features of the 

ATHENA software package (Ravel and Newville, 2005), and linear combination of XAS 

reference spectra fit analysis was conducted.  
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The total surface area of the hybrid resins was measured using the ethylene glycol 

monoethyl ether (EGME) method (Klute et al., 1986). Approximately 0.5 g of oven-dried 

resins was placed in petri dishes and then in a vacuum desiccator with another petri 

dished filled with 10 mL EGME. The desiccator was connected to laboratory vacuum and 

evacuated for 10 minutes. The samples were then left in the desiccator overnight before 

re-weighing. The evacuation-stabilization-weighting cycle was repeated until the weights 

were constant.  

 

4.2.3. Phosphorus adsorption isotherm in the hybrid resins 

To characterize the maximum P adsorption capacity of the hybrid resins, P 

adsorption isotherm experiments were conducted. The results were used to design the 

field deployment experiments so that each resin bag does not exceed the maximum 

adsorption capacity of the resin.  

A 100 mg/L phosphate stock solution was prepared in 10 mM NaCl, and then the 

stock solution was diluted to 3, 10, 20, 30, 40, and 50 mg/L for the isotherm experiment. 

Approximately 0.1 g of resin samples were added in a 50 mL Nalgene high speed 

centrifuge tube. A 30 mL phosphate solution was added and mixed with the resin on an 

end-over shaker at 30 rpm for 24 hr. The experiments were conducted in duplicate. After 

24 hr, the suspensions were sampled and filtered through a 0.45 µm polyvinylidene 

difluoride (PVDF) filter. Aliquots were analyzed for phosphate concentration 

colorimetrically (He et al., 1998). The solution pH was kept at 7.5 using 0.01-0.1M HCl 

or NaOH. 

Adsorption isotherm data were fitted to the Freundlich and Langmuir models. 

For the Freundlich model 

𝑞 = 𝐾௙ · 𝐶
ଵ

௡ൗ  (Eq. 1) 

 

where q is the amount of phosphate adsorbed (mg P/g) ; C is the final equilibrium 

concentration of phosphate (mg P/L) ; Kf is a parameter related to the adsorption 

capacity; and n is a parameter related to the intensity of adsorption. 
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For the Langmuir model 

஼

௤
=

ଵ

ொ೘·௄೘
+  

஼

ொ೘
 (Eq. 2) 

 

where q is the amount of P adsorbed (mg P/g); C is the final equilibrium 

concentration of phosphate (mg P/L); Qm represents the maximum adsorption capacity 

(mg P/g); and Km is a parameter related to the bonding strength (L/mg). 

 

4.2.4. Phopshate adsorption kinetics in hybrid resins 

Phosphate adsorption kinetics were studied in the hybrid resins. 10mg/L of a P stock 

solution was prepared in 0.01 M NaCl solution. The solution pH was adjusted to 7.5 

using 0.01-0.1M HNO3 or NaOH with buffering from the use of 10 mM 3-(N-

morpholino) propanesulfonic acid (MOPS) organic buffer.  

Approximately 0.1 g of the hybrid resins was added to 30 mL of phosphate solution 

in centrifuge tubes. It was mixed on an orbital shaker at 80 rpm. After different sampling  

periods (3 min, 10 min, 30 min, 1 hr, 4 hr, 8 hr, 16 hr, and 24 hr), the supernatant was 

passed through a 0.45 µm PVDF filter. The phosphate concentrations in the samples were 

determined colorimetrically (He et al., 1998). 

The data from kinetic experiments were fitted using a pseudo-first order model (Ho 

and McKay, 1999) and a pseudo-second order model (Ho and McKay, 2000). 

For the  pseudo-first order model 

 

𝑞௧ =  𝑞௘(1 − 𝑒ି௞భ௧) (Eq. 3) 

 

where 𝑞௧ is the amount of phosphate adsorbed per unit weight of adsorbent (mg  P g-

1) at time t (hr), 𝑞௘ is the adsorption capacity of adsorbents (mg P/g) at equilibrium, 𝑘ଵ 

(g/mg/hr) is the first order rate constant, and the terms,  𝑞௘ and 𝑘ଵ, were calculated by 

linear regression of ln(𝑞௧ −  𝑞௘) vs. 𝑡. 
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For the pseudo-second order model 

 

௧

௤೟
=

ଵ

௞మ௤೐
మ +

ଵ

௤೐
𝑡 (Eq. 4) 

 

where 𝑞௧ is the amount of phosphate adsorbed per unit weight of adsorbent (mg P/g) at 

time t (hr), 𝑞௘ is the adsorption capacity of the adsorbents (mg P/g) at equilibrium, and 𝑘ଶ 

(g/mg/hr) is the second order rate constant. The terms, 𝑞௘ and 𝑘ଶ, were calculated by 

linear regression of  plotting 
௧

௤೟
 vs. 𝑡 , where the slope and intercept correspond to 

ଵ

௤೐
 and 

ଵ

௞మ௤೐
మ, respectively. 

 

4.2.5. Field deployment of hybrid resin bags 

To deploy the hybrid resins in tile drainage water, the flow-through bag method was 

used to enclose the resin beads (Edenborn et al., 2017). To be specific, ~1 g of resin 

beads were enclosed in a polyester monofilament mesh bag (5 cm diameter × 5 cm 

height, 150 µm mesh size) (Universal Filters, Inc. Asbury Park, NJ). 

The study site is located in Douglas County in east-central Illinois (Fig. 4.1) where 

a replicated tile drainage study based on timing of fertilizer N application was being 

conducted (Xu et al., 2020). The field is under no-till and strip-till practices and has been 

used to grow corn and soybeans in simple rotation. To demonstrate there were no 

statistically significant responses resulting from the N treatment or crop phase on DRP 

concentration, DRP loads, or tile discharge, an analysis of variance was performed using 

linear mixed models with N treatment as the fixed effect and block as the random effect 

(data not shown). Tile lines #4, #7 and #46 were selected for monitoring P loss. The 

three tiles drain 1.95, 1.86 and 1.63 hectares, respectively. To facilitate the drainage of 

soils for crop growth, the construction of drainage ditches and tile pipes started from 

1878 (USDA Soil Survey, 2006). The sites received diammonium phosphate (18-46-0) 

at the rate of 22.4 g/m2 every other year following soybean until 2016; however, no P 

fertilizer was applied from 2017 through 2020. Anhydrous ammonia was applied to corn 

at the rate of 20.2 g/m2 in spring 2020.  
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From March 12th to April 23rd in 2020, mesh bags with FerrIX™A33E (HR1) and 

Hybrid IRA67(HR2) were deployed in duplicate for each tile line. The resin mesh bags 

were retrieved and replaced with new ones every 3 to 4 days. The collected hybrid resins 

were gently rinsed in ultrapure water and oven-dried at 40 ℃.  

 

4.2.6. Monitoring flow rate, temperature, and DRP concentration of tile water 

Each tile was fitted with an inline water level control structure containing a stoplog 

with a 45º V-notch weir (Agri Drain Corporation., Adair, IA). Water depth and 

temperature were recorded every 15 minutes using a Water Level Datalogger Model 3001 

(Solinst, Ontario, Canada). Flow rates were determined using a discharge equation for 

inline water level control structures described by Chun and Cooke (2008).  

Approximately 50 mm of rain on April 19-20 caused flooding in the receiving 

agricultural ditch, which submerged all tiles and elevated water height by more than 1 m 

in each water level control structure. To be conservative, flow rate was adjusted to 0 L/s 

immediately following water heights that generate the maximum tile flow for each tile 

(approximately 2.5 L/s). When the water level in each water control structures began to 

decline, flow was assumed to resume until the height returned to the maximum discharge 

rate. 

Water samples from the three tiles were collected every 3 to 5 days using ISCO 

3700 automatic water samplers (Teledyne, Lincoln NE 68504, USA). Samples were 

passed through a 0.45 µm PVDF filters, and the filtrates were analyzed for DRP using a 

colorimetric method (He et al., 1998).  

 

4.2.7. Recovery of passive-sampled P from tile drainage water and its evaluation 

Adsorbed P from recovered hybrid resins was extracted in a 0.5 M NaOH and 0.5 M 

Na2SO4 solution. Recovered resins were briefly rinsed in ultrapure water to remove 

entrained tile water, and air-dried for 2 days. Approximately 0.5 g dry hybrid resins were 

added into 20 mL of the extractant. The tubes were shaken on an end-over shaker at 30 

rpm for 16 hr. This extraction procedure was tested and found to provide ~100% P 

recovery from the hybrid resins. Aliquots were passed through 0.45 µm PVDF filters and 
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the P concentration in the filtrate was colorimetrically determined (He et al., 1998). The 

concentration of P retained in each mesh bag was converted to the time-weighted average 

concentration of P at the sampling site according to the field calibration coefficient 

described below. 

To evaluate the passive detection method, the average DRP concentration calculated 

from the passive-sampled P in the hybrid resins was compared with the DRP 

concentrations of water samples from the Agridrain system. 

 

4.2.8. Calibration of the passive sampling device 

To estimate the DRP concentration in tile water from the extracted P values in the 

field-deployed hybrid resins, the amount of P adsorbed should be linearly correlated with 

the amount of P exposed to the hybrid resins, which is determined by the P concentration 

in water and the adsorption period. Calibration experiments were conducted to verify this 

linear relationship and to obtain the conversion coefficient (i.e., sampling rate) of the 

passive sampling device (i.e., mesh bags with hybrid resins).  

In the laboratory, a flow-through device was used to simulate the adsorption of DRP 

by hybrid resins in tile water (Penn and Bowen, 2017). A 2 mg/L P stock solution was 

prepared in 0.01 M NaCl. The P concentration was set higher than common DRP 

concentrations in tile waters, which was necessary for obtaining a detectable P adsorption 

in resins within a relatively short time (up to 8 hr). Approximately 2.0 g of resins were 

put into the reaction chamber of the calibration apparatus. A peristaltic pump was used to 

pump the phosphate solution flowing through the reaction chamber at 9 mL/min. After a 

different running time (1, 2, 4, 6, and 8 hrs.), the resins were transferred to a 50 mL 

centrifugation tube for P recovery. A 20 mL extraction solution (0.5 M NaOH and 0.5 M 

Na2SO4) was added to the tube and shaken at an end-over shaker at 30 rpm for 16 h. The 

suspension was then passed through a 0.45 µm PVDF filter, and P concentration in the 

samples was determined colorimetrically (He et al., 1998). Since the P concentration 

exposed to the hybrid resins were constant at 2 mg/L, the amount of P adsorbed should be 

linearly related to the adsorption time; and the sampling rate was calculated accordingly. 
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Because the peristaltic pump used could not provide a flow rate higher than 9 

mL/min, the extrapolation of DRP concentration using the sampling rate obtained from 

the laboratory calibration experiment may be affected by the actual flow rates in tiles, 

which can be greater than 9 mL/min. Therefore, another calibration experiment was 

conducted based on the field condition. To be specific, a sampling period with a stable 

flow rate at several liters/min and DRP concentrations of ~0.001-0.01 mg/L as 

determined from the monitoring data of the Agridrain auto-sampling system. The DRP 

concentrations of the three tiles water during the period were assumed to be constant at 

the auto-monitored values. Since the sampling time was the same for the three tile lines, 

the amount of P adsorbed should be linearly related to their DRP concentrations. The 

sampling rate was calculated accordingly and applied in the extrapolation of DRP 

concentration to other sampling periods. 

 

4.2.9. Stability of the iron coating of hybrid resins  

To verify that the field-deployed hybrid resins would not release iron into the 

drainage water, the stability of Fe coatings of the hybrid resin was tested. A mesh bag 

containing ~1 g of the hybrid resin was added into triplicate 125-mL polypropylene 

bottles containing 100 mL of 10 mM NaCl solution at pH 7. This experiment was done in 

triplicate. The bottles were shaken on an orbital shaker at 80 rpm. After 7 days, the 

hybrid resins were removed from the mesh bag and were air-dried. Approximately 0.1 g 

of the hybrid resin was placed in a clean polypropylene bottle to react with 100 mL of 

extractant solution containing 5% hydroxylamine and 5 M HCl (Sager, 1992; Upping et 

al., 1986). The bottle was placed in an ultrasonic bath (Bransoic, CPX2800) for 5 min 

and then shaken on an orbital shaker at 80 rpm for 48 hrs. The mixture was filtered with 

Whatman No. 2 filter papers to screen the pure resin beads, and the total Fe concentration 

in the filtrate was measured using the spectrophotometric method using 1, 10-

phenanthroline (Sigma-Aldrich, St. Louis, MO) (Tamura et al., 1974). The total Fe 

concentration in these hybrid resins was compared with that of the material before the 

desorption experiments.  
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4.2.10. Statistical analysis 

4.2.10.1. Calculation of the sampling rate  

In the calibration experiment, the amount of P accumulated in the hybrid resin per 

unit time should be linearly correlated with the P concentration in the solution: 

 

௠೟

 ௧
= 𝑅௦ · 𝑐   

where 𝑚௧ is the amount of P adsorbed during the time (𝑡) in the phosphate solution 

with constant concentration (𝑐). Since the three parameters were either set constant or 

could be measured in the calibration experiment, the coefficient 𝑅௦ of the hybrid resins 

was obtained as the slope by plotting  
௠೟

 ௧
 vs c (Knutsson et al., 2013; Roll and Halden, 

2016). 

 

4.2.10.2. Average DRP concentration in monitored tile drainage water 

The average concentrations of DRP in monitored tile drainage water were obtained 

from the field deployment experiments and the record from the autosamplers. From the 

field deployment of hybrid resin, the average concentration could be estimated using the 

equation 

𝑐 =  
௠೟

ோೞ· ௧
  

where 𝑚௧ is the amount of P adsorbed during the deployment time (𝑡) and 𝑅௦ is the 

sampling rate from the calibration experiment. 

 

Based on the DRP concentration of each sampling period, the time-weighted and 

flow-weighted average concentrations of DRP were calculated respectively (Rozemeijer 

et al., 2010) as: 

𝑐௧ =
௖భ∗௧భା௖మ∗௧మା⋯ା ௖೙∗௧೙

௧
  

𝑐ொ =
௖భ∗ொభା௖మ∗ொమା⋯ା ௖೙∗ொ೙

ொ೟
  

where 𝑐௧ is from the time-weighted average concentrations of DRP; 𝑐௡ is the DRP 

concentration and 𝑡௡ is the duration of 𝑛௧௛ sampling period. 𝑐ொ is the flow-weighted 
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average concentration of DRP; 𝑄௡ is the daily discharge at the day and 𝑄௧ is the total 

discharge.  

 

4.2.10.3. Load estimation  

The load of P loss from a tile line in a certain time was estimated using the 

equation: 

𝐿௧ =  
∑ ௖೙· ொ೙· ௧೙

௧
  

where 𝐿௧ is the load of P loss; n is the number of the sampling period; and 𝑐௡ and 

𝑄௡ are the DRP concentration and the water flow volume of each deployment period for 

sampling time, t (Müller et al., 2007). 

The Student’s t-test analysis was conducted using IBM SPSS statistics for Windows, 

v.26 (IBM Corp., Armonk, NY, USA). The significance level was set at 0.05. 

 

4.3. Results and Discussion 

4.3.1. Material characterization 

The physicochemical properties of the hybrid resins are summarized in Table 4.1. 

HR1 is an iron oxide coated strong-base polystyrene-DVB resin with total iron content of 

~196 mg/g. HR2 is an iron oxide coated weak-base polyacrylic resin with total iron 

content of ~13.4 mg/g. The two hybrid resins have similar mean particle size, but total 

surface area of HR1 (~810 m2/g) was much lower than that of HR2 (~3,515 m2/g). The 

LC fitting of XAS spectra analysis showed that mineralogy in the two hybrid resins was 

predominantly goethite (Fig. 4.2). In the stability test of the iron oxide coating of the 

hybrid resins, total iron content was not significantly affected by shaking in a 10 mM 

NaCl solution for 7 days, suggesting that the goethite coating on the resin surface is 

stable during deployment (Table 4.1).  

Iron oxide coated resins have been widely studied for the removal of anionic 

pollutants from wastewaters (e.g., Takeshita et al., 1979; Acelas et al., 2015; Pan et al., 

2009b). The iron (oxyhydr)oxides in these hybrid resins were amorphous and nano-sized, 

which make them highly reactive (Pan et al., 2009b; Ren et al., 2012; Sengupta and 
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Cumbal, 2007; You et al., 2016). Goethite is a crystalline iron (oxyhydr)oxide and more 

stable than amorphous phases, which is important for the purpose of passive detection. 

The P adsorption capacity of goethite is less than that of amorphous iron hydroxides 

(Parfitt, 1989; Parfitt et al., 1975), but it is acceptable as long as it does not exceed the 

maximum P adsorption capacity during the resin bag deployment periods. To evaluate P 

adsorption capacity of the hybrid resins, batch isotherm experiments were conducted. 

 

4.3.2. Batch P adsorption in the hybrid resins  

4.3.2.1. Phosphate adsorption isotherm in the hybrid resins 

The P adsorption isotherms for the hybrid resins are shown in Fig. 4.3a. The HR2 

adsorbed more phosphate than HR1 at each initial P concentration. The isotherm curves 

were fitted well (R2 > 0.98) to both the Freundlich (Fig. 4.3b) and the Langmuir (Fig. 

4.3c) models. The P adsorption capacity of HR1 calculated from the Langmuir model 

was 7.69 mg/g, while that of HR2 was 19.84 mg/g for HR2 (Table 4.2). 

The higher P adsorption capacity of HR2 could be due to the functional group 

property of the polyacrylic resin matrix. Since acrylic ester groups are polar and 

hydrophilic, polyacrylic resins are more reactive to water-soluble compounds like 

phosphate than polystyrene-DVB resins (Boari et al., 1976; Pan et al., 2009a; Zagorodni, 

2006). The higher total surface area of HR2 (Table 4.1) also indicates that it has more 

reactive sites for phosphate.  

 

4.3.2.2. Phosphate adsorption kinetics in the hybrid resins 

To further understand P adsorption in the hybrid resins, P adsorption kinetic 

experiments were conducted. The P adsorption process was found to be biphasic (Fig. 

4.4a) which suggested that the P adsorption in the hybrid resins was very quick and not 

limited by diffusion processes. Similar results were reported by several researchers. Ding 

et al. (2012) conducted P adsorption experiments with an iron oxide-coated polyacrylic 

resin. They reported a sharp increase of P adsorption in the first 10 minutes and then 

slightly increased after 30 minutes, which was similar to the kinetic data in this study. 
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To compare the adsorption kinetics in two hybrid resins, the data were fitted with 

the pseudo-first-order model (Ho and McKay, 1999) and the pseudo-second-order model 

(Ho and McKay, 2000) (Figs. 4.4b and Fig 4.4c). The parameters of these kinetic models 

in linear fitting plots (Figs. 4.4b and 4.4c) are summarized in Table 4.3. The pseudo-first-

order model is the most widely used rate equation for the sorption of a solute from a 

liquid solution (Ho et al., 2000). The model describes non-reversible sorption processes 

governed by the first-order rate equation while the pseudo-second-order model describes 

sorption processes governed by the second-order rate equation. The pseudo-first-order 

model did not fit well to describe the adsorption process (R2 = 0.726 for HR1 and R2 = 

0.487 for HR2) (Table 4.3). However, the pseudo-second-order model described the 

kinetic data well (R2 > 0.999 for both two hybrid resins). The second-order rate constant 

𝑘ଶof the P adsorption in HR1 was 0.080 g/(mg min), which was slightly lower than that 

of HR2. In addition, the initial sorption rate, 𝑘ଶ𝑞௘
ଶ (Lalley et al., 2016) was calculated 

for both hybrid resins. The 𝑘ଶ𝑞௘
ଶ of P adsorption in HR1 was also lower than that of 

HR2. Sendrowski and Boyer (2013) also reported a rapid initial P adsorption and the best 

fitting of the pseudo-second-order kinetic model in the study of phosphate removal from 

urine using a hybrid anion exchange resin.  

Overall, hybrid anion exchange resin is highly reactive for dissolved P. This 

property makes them ideal adsorbents for the passive detection method. 

 

4.3.3. Field test of passive sampling of P in tile drainage water using hybrid resins 

4.3.3.1. Recovery of passive-sampled P in the hybrid resins 

Two different hybrid resins in mesh bags were deployed in three tile lines from 

March 12th to April 22nd, 2020. A total of 144 hybrid resin samples were collected. The 

adsorbed P in these hybrid resins were extracted and the results are shown in Fig. 4.5.  

Comparing TP recovered in the hybrid resins from the three tiles, the recovery of P 

was lowest in Tile 7. Statistical analysis showed that hybrid resins collected from both 

Tiles 4 and 46 had a significantly higher TP content than that of Tile 7 (Table 4.4, p < 

0.05). However, the amount of P adsorbed from Tiles 4 and 46 did not significantly differ 

(p = 0.073 for HR1 and p = 0.356 for HR2).  
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Comparing Figs. 4.5a and 4.5b, the recovery of TP in HR1 and HR2 is similar 

although the amount of extracted P fluctuated among different sampling periods. Total P 

in HR1 and HR2 remained at ~0.04-0.08 mg/g and 0.05-0.15 mg/g, respectively (Figs. 

4.5a and 4.5b). The highest peaks (i.e., ~0.16 mg/g for HR1 and ~0.37 mg/g for HR2) are 

observed on March 19th. The highest recovery of TP in both resins coincides with a storm 

event (Fig. 4.7a) that occurred on March 19th with rainfall depth equal to 33.3 mm. A 

relatively small peak was identified on March 26th that also coincides with a rainfall 

event (Fig. 4.7a). The gradual rising trend in the last few sampling periods was also 

observed in both resins (Fig. 4.5). However, HR1 recovered less P than HR2 for each tile 

during the same sampling period (p < 0.05) (Table 4.5). A greater TP in the HR2 is 

explained by the results in the P isotherm and kinetic experiments. The relatively higher 

sorption rate of HR2 led to more phosphate adsorbed than HR1. It is important to note 

that the amount of P adsorbed by these hybrid resins was far below the maximum 

adsorption capacities (i.e., 7.69 mg/g for HR1 and 19.84 mg/g for HR2), suggesting that 

the hybrid resins are suited for the resin bag based passive detection method of P in tile 

water. 

 

4.3.3.2. Calibration of the hybrid resin passive sampler 

To calculate the DRP concentration in tile water from the amount of P extracted 

from the field-deployed hybrid resins, a functional relationship must be evaluated 

between the amount of P adsorbed in a certain time and the average P concentration in 

water. A linear relationship would be ideal for this application. The results of the 

laboratory calibration experiment are shown in Figs. 4.6a and 4.6b. The P content in the 

resins proportionally increased with increasing time. The amount of P adsorbed by the 

hybrid resins was linearly correlated to the amount of P exposed (R2 > 0.99 for both 

hybrid resins) (Figs. 4.6a and 4.6b). The calculated sampling rate (RL) was 0.1992 and 

0.0156 L/h for HR1 and HR2, respectively. It should be noted that HR2 adsorbed less P 

than HR1 under the same conditions in the laboratory calibration experiment, which was 

different from the result of extracted P from field-deployed resin samples. However, the 

less adsorbed P is possibly due to the repulsion of hydroxyl ions in HR2. During the iron 

oxide coating of HR2, high concentrations of NaOH were used to precipitate ferric ions 
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and exchanged into the anion exchange resin. Although the resin was washed with a 

NaHCO3 solution, residual hydroxyl ions could still have remained and imposed 

negatively influences on the adsorption of phosphate ions. But in the field application, 

hydroxyl ions on the resin surface were continually to be washed in flowing tile water 

during the 3-4 days of deployment, and its influence on P adsorption is less significant. 

Therefore, the P adsorption of HR2 was less affected in the field-deployed samples. 

Another factor that could influence the P adsorption is the flow rates. The flow rate of the 

laboratory calibration experiment is much lower than the actual flow rate in tiles as 

mentioned in the method section. Therefore, a field calibration is necessary to obtain a 

more reliable sampling rate for the calculation of average DRP concentration. 

The sampling period from April 2nd to 5th was selected for the calibration because 

the concentration of DRP and tile water temperature were relatively stable during the 

period (see Figs. 4.7 and 4.8). There was no precipitation during this period and the water 

flow rate was stable at ~0.1 L/s. Based on the data from the Agridrain auto-sampling 

system, the DRP concentration of tile #4, #7 and #46 were considered to be constant at 

0.0059, 0.0029 and 0.0109 mg/L, respectively. During the three days, HR1 adsorbed P at 

0.0050, 0.0027, 0.0065 mg/g in the three tiles. The three pairs of DRP concentration and 

P content in HR1 was plotted in Fig. 4.6c and the linearly fitted (R2 = 0.9058). The field 

sampling rate (RF) of HR1 was 0.0763 L/h. Similarly, the DPR concentration and the P 

content in HR2 were linearly correlated (R2 = 0.9145) (Fig. 4.6d) and the RF of HR2 was 

0.1351 L/h.  

 

4.3.3.3. Estimation of DRP concentration of tile water using hybrid resin sampler 

According to the result of calibration experiments, the passive-sampled P in the 

hybrid resins was converted into the average concentration of DRP in tile water using on 

the laboratory-sampling rate and the field-sampling rate. The line segments in Fig. 4.9 

showed the average DRP concentration calculated from RL in each sampling period. The 

DPR concentrations from HR1-sampling, HR2-sampling and auto-sampling were 

compared and the statistical analysis was conducted using paired Student’s t-test (Table 

4.5). For all three tile-lines, the DRP concentrations of auto-sampled tile water were 

significantly different from the DRP concentration calculated from the hybrid resin-
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sampling based on the laboratory calibration data (p < 0.05). The results from HR1-

sampling and HR2-sampling were also significantly different (p < 0.05). It suggests that 

the sampling rate from the laboratory calibration was not effective.  

In contrast, the DRP concentrations calculated from RF generally fall in the same 

range as the auto-sampling DRP data (Fig. 4.10). Statistical analysis showed no 

significant difference between the result of auto-sampling and passive-sampling, or 

between the passive sampling based on the field calibration data (p > 0.05) (Table 4.6). 

Similar trends of DRP data are shown in the data from the three sampling methods (i.e., 

hybrid resins and auto-sampler) (Fig. 4.10). For example, a peak was observed on March 

19th in Fig. 4.10 except for the auto-sampled data of Tile 7. It corresponds to a heavy 

precipitation and a subsequent flood event (Figs. 4.7 and 4.8). The calculated DRP from 

hybrid resin-sampling were not always similar to the values from the auto-sampling. 

However, the auto-sampling data from the Agridrain system was single-point. It should 

be noted that the DRP data from the auto-sampler are discrete and may not capture quick 

changes in concentration due to increased flow. DPR concentrations in drainage waters 

could change even by an order of magnitude within a day (K. W. King et al., 2015; 

Müller et al., 2007; Smith et al., 2015). It is possible that the calculated DRP from hybrid 

resin-passive sampling might reflect the actual DRP values since the hybrid resins during 

the passive sampling were continuously exposed to DRP in tile waters. In addition, a 

larger response of DRP increase during the flooding event on March 19th was shown by 

the data from hybrid resin-sampling, especially HR2, than by the data from auto-

sampling. This overestimation is attributed to the following two reasons. First, this might 

be influenced by the entry of particulate P during the storm event. During the storm 

event, a substantial quantity of particulate P including colloidal P is released in tile water 

(Y. Arai, personal communication, 15 June 2020). It could also be effected by stagnant 

(non-flowing tile water) during peak flooding (L. Gentry. Personal communication, 25 

June 2020). 

 Although PP was not observed in the recovered resins, the possibility cannot be 

excluded that colloidal P adhesion occurred on the hybrid resins, which could lead to the 

overestimated values during the storm events. Second, the high volume of water during 

the storm event could have a dilution effect on the increase of total P discharge, which 
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may explain lower DRP values of auto-sampling DRP data to the flooding event than the 

hybrid resin-sampling data.  

Throughout the entire monitoring period, the fluctuations of DRP concentrations of 

tile water were mainly influenced by precipitation events. Air temperature fluctuated but 

the water temperature was relatively stable (Fig. 4.7). The average DRP concentration of 

the entire monitoring period was calculated from the DRP data with RF, and weighted 

averaged in two ways: time-weighted and flow-weighted (Table 4.7). Because of the 

positive relationship between the flow rate and DRP concentration, all the flow-weighted 

average DRP concentrations were significantly higher than their corresponding time-

weighted average DRP concentrations (p < 0.05). Among the three tile lines, the highest 

flow-weighted average DRP concentration was 0.0198 ± 0.0003 mg/L from the flow-

weighted HR2-sampling data of Tile 4, and the average DRP concentration of Tile 46 

(0.0166 ± 0.0003 mg/L) was significantly higher than that of Tile 7 (0.0078 ± 0.0003 

mg/L) (p < 0.05). These DRP concentrations are consistent with these reported for 

agricultural drainage water in the Midwest U.S., and are all lower than the critical 

eutrophication inducible level (0.02~0.03 mg/L) (Baker et al., 1975; Gentry et al., 2007b; 

K. W. King et al., 2015; Xue et al., 1998). 

 

4.3.3.4. Evaluation of P loads in tile drainage water  

Based on the DRP concentrations that were calculated with RF and volumes of water 

flow, TP load in each sampling period was calculated (Table 4.8). Different P loads were 

observed from three tile lines (p < 0.05). According to the HR1-sampling data, tile 4, tile 

7, and tile 46 released P at the rate of 0.53 ± 0.01, 0.18 ± 0.00, and 0.39 ± 0.01 g/day, 

respectively. Since tile 4, tile 7, and tile 46 cover 1.95, 1.86 and 1.63 hectares of drainage 

area, respectively, they discharged 0.27 ± 0.01, 0.10 ± 0.00 and 0.24 ± 0.01 grams of P 

per hectare per day, respectively. The data from HR2-sampling were slightly higher. 

They were 0.33 ± 0.00, 0.11 ± 0.01 and 0.25 ± 0.01 g/ha/d from tile 4, tile 7 and tile 46, 

respectively. In addition, the P discharge during the flooding event (March 19th – 21st) 

released 44.8-64.8 % of TP load in the three tiles during the six-week monitoring period. 

It showed the importance of high flow events on the loss of P from agricultural drainages, 
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which is in accordance with previous studies (Algoazany et al., 2007; Heathwaite and 

Dils, 2000; K. King et al., 2015; Smil, 2000).  

 

4.4. Conclusion 

This study showed that a passive detection technique using hybrid resin bags is a 

promising technique to monitor DRP in tile drainage water. The iron oxide coated-

polyacrylic resin and -polystyrene resin were excellent adsorbents for P with the 

maximum P adsorption capacity of 7.69 and 19.84 mg/g, respectively. The P adsorption 

kinetic experiments showed that P adsorption in the hybrid polyacrylic and polystyrene 

resin was rapid with the second-order rate constant of 0.080 and 0.108 g/(mg min), 

respectively. 

The field test of hybrid resin-samplers showed that the hybrid polyacrylic resin 

adsorbed more P than the hybrid polystyrene resin. The average DRP concentrations 

estimated from the passive sampling were 0.006-0.020 mg/L, which corresponded to 

loads of P loss at 0.10-0.33 g/ha/day. The passive samplings with the hybrid polyacrylic 

resin and the hybrid polystyrene resin predicted DRP concentrations of tile waters that 

have no significant difference (Paired Student’s t-test, p > 0.05) with the auto-sampling 

data. High DRP concentrations and high flow rates were both observed during 

precipitation and subsequent flooding events. While both laboratory and in-field 

calibration experiments showed a linear correlation with the amount of P adsorbed in the 

hybrid resins (i.e., P concentration in water × adsorption time), sampling rate (Rf) 

calculated from the in-field calibration was necessary to improve the prediction of DRP 

concentrations in tile water. 

Overall, iron oxide coated hybrid resins in the passive sampling method are proven 

to be suitable, reactive adsorbents to measure DRP in tile drainage waters. The passive 

detection technique for monitoring DRP flux in relatively high P concentrations and/or 

for longer sampling periods is theoretically possible but needs field verification. It should 

be further studied whether the predicted DRP in the passive sampling was affected by 

particulate P, since a considerable amount of particulate P in tiles is released during storm 

events (Kleinman et al., 2015; Saadat et al., 2018; Vaithiyanathan and Correll, 1992). The 
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development of more reactive hybrid resin that can be adapted to a wide range of 

temperature and flow rate is needed to expand the use of passive detection technique to 

different water bodies like rivers. The selection of mesh bags that are not greatly 

impacted by biofouling should be tested if the technique is adapted for a long-term 

deployment. Nevertheless, the passive detection method using iron oxide coated hybrid 

resins is recommended as an easy and economical tool to monitor seasonally fluctuating 

DRP flux in tile drainage waters as long as the hybrid resins are well calibrated for 

specific field conditions (e.g., flow rate and concentration range). The technique might be 

of interest to a large-scale monitoring project to understand and manage P loss in 

watersheds and or a river basin. 
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4.5. Figures 

Fig. 4.1. (a) Location of the study site in Douglas County, Illinois. Cited from https://geology.com/topographic-physical-
map/illinois.shtml. (b) A satellite image of the DRP monitoring site (39°43′27.5″N 88°13′56.8″W) obtained from Google Earth.  

(a) (b) 

20
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Fig. 4.2. Results to linear combination fitting of X-ray absorption spectroscopy (XAS) 
spectra of reference compounds on the spectra of hybrid HPR9200 (HR1) and hybrid 
IRA67 (HR2). Black solid line and dashed line represent the normalized k3 weighted 
XAS spectra and fit, respectively. HR1 is 100 % goethite (R-factor: 0.01) and HR2 is 
82±4% goethite and 18±2% hematite (R-factor: 0.06). 
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Fig. 4.3. (a) Phosphate adsorption isotherm at pH 7.5 in FerrIX™A33E (HR1), and 
Hybrid IRA67 (HR2). (b) and (c) show the linear fitting of the isotherm data in Langmuir 
model and Freundlich model, respectively. 

 

(a) 

(c) 

(b) 
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Fig. 4.4. (a) Phosphate adsorption kinetics in the hybrid resins. (b) and (c) show the linear 
fitting in the Pseudo-first-order model and the Pseudo-second-order model, respectively. 

(a) 

(b) 

(c) 
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Fig. 4.5. Phosphate adsorption in the hybrid resin (a) HR1 and (b) HR2 from the three tile 
lines in each sampling period. 

  

(a) 

(b) 
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Fig. 4.6. Laboratory calibration experiments using (a) HR1 and (b) HR2. The dashed 
lines show the linear fitting of the amount of P adsorbed with different adsorption time. 
Laboratory sampling rate, RL, for HR1 and HR2 is calculated to be 0.1992 and 0.0156 
L/h, accordingly.  (c) and (d) shows the result of field calibration experiments using HR1 
and HR2, respectively. The dashed lines show the linear fitting of the amount of P 
adsorbed with the DRP concentration of the tile water. Field sampling rate, RF, for HR1 
and HR2, is 0.0763 and 0.1351 L/h, respectively.  
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Fig. 4.7. Weather conditions in spring 2020 at the study site in East-Central Illinois, 
USA. (a) daily air temperature shown in dots and daily precipitation shown in columns; 
(b) tile water temperature. 
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Fig. 4.8. Water flow rate in (a) tile line #4, (b) tile line #7 and (c) tile line #46 recorded 
by the Agridrain system. Please note that the flows between March 19th-20th exceeded 
2.47 L/s, which is the detection limit of the Agridrain structure. This period is considered 
to be in flooding condition and is represented by horizontal straight lines. 
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Fig. 4.9. Phosphate concentration of tile water from (a) tile #4, (b) tile #7 and (c) tile #46. 
The line segments represent the average DRP concentration in each sampling period 
calculated based on the lab sampling rates, RL. The scattered dots show the DRP 
concentration of tile water weekly sampled by the Agridrain system. 

 

(a) 

(b) 

(c) 
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Fig. 4.10. Phosphate concentration of tile water from (a) tile #4, (b) tile #7 and (c) tile 
#46. The line segments represent the average DRP concentration in each sampling period 
calculated based on the field sampling rates, RF. The scattered dots show the DRP 
concentration of tile water weekly sampled by the Agridrain system. 

 

(a) 

(b) 

(c) 
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4.6. Tables 

Table 4.1. Physical and chemical properties of hybrid anion exchange resins used in this study. 

Resin Matrix Structure type 
Type of functional 

groups 
Physical form 

Particle 

size (µm) 

Total surface 
area 

(m2/g) 

Iron content 
before shaking 

(mg/g) 

Iron content 
after shaking 

(mg/g) 

FerrIX™A33E 

(HR1) 

Polystyrene-

DVB 
Macroporous Strong-base 

Brown, opaque, 

spherical beads 
750 ± 450 810 ± 38 196.0 ± 3.0 194.3 ± 2.5 

Hybrid IRA67  

(HR2) 
Polyacrylic Gel Weak-base 

Reddish brown, 

spherical beads 
625 ± 125 3515 ± 21 13.4 ± 0.8 13.5 ± 0.5 

 

 
 

Table 4.2. Parameters of isotherm models in phosphate adsorption by hybrid resins. Qm and Km represent the maximum adsorption 
(mg/g) and a parameter related to the bonding strength (L/mg) in the Langmuir model, respectively. Kf and n are a parameter related to 
the adsorption capacity and a parameter related to the intensity of adsorption in the Freundlich model, respectively. 

 

 

 

 

 

 

 

Resin 

Langmuir model Freundlich model 

Qm 

(mg/g) 
Km 

(L/mg) 
R2 n 

Kf 
(mg1–1/n L1/n/g) 

R2 

FerrIX™A33E 
(HR1) 

7.686 0.948 0.983 4.435 3.759 0.983 

Hybrid IRA67 
(HR2) 

19.841 0.719 0.983 1.467 7.263 0.993 
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Table 4.3. Parameters of kinetic equations to model the P adsorption kinetic data in hybrid resins. 𝑞௘ is the adsorption capacity of 
adsorbents (mg/g) at equilibrium. 𝑘ଵ (g/mg/hr) is the first order rate constant. 𝑘ଶ (g/mg/hr) is the second order rate constant. 

 
 
 
 
 
 
 
 
 
 

 

Table 4.4 Results of paired t-test for comparing the P content (mg/kg) in the hybrid resins deployed in three tile lines. The data are 
shown in Fig. 4.5. 

Data sets Pairs 

Paired Differences 

t df 
p 

(2-tailed) 
Mean 

Std. 
Deviation 

Std. Error 
Mean 

95% Confidence Interval of the 
Difference 

Lower Upper 

HR1_sample
d 

Tile_4 - Tile_7 0.032 0.024 0.007 0.016 0.047 4.497 11 0.001 

Tile_7 - Tile_46 -0.042 0.018 0.005 -0.053 -0.031 -8.317 11 0.000 

Tile_4 - Tile_46 -0.011 0.019 0.005 -0.022 0.001 -1.978 11 0.073 

HR2_sample
d 

Tile_4 - Tile_7 0.065 0.065 0.019 0.024 0.106 3.470 11 0.005 

Tile_7 - Tile_46 -0.077 0.030 0.009 -0.096 -0.058 -8.950 11 0.000 

Tile_4 - Tile_46 -0.012 0.044 0.013 -0.040 0.016 -0.964 11 0.356 

Resin 

Pseudo-first order model Pseudo-second order model 

k1  
(1/min) 

qe  
(mg/g) 

R2 
k2  

(g/(mg min)) 
qe  

(mg/g) 
k2qe

2  
(mg/(g min)) 

R2 

FerrIX™A33E (HR1) 0.045 0.291 0.726 0.080 3.000 0.719 1.000 

Hybrid IRA67 (HR2) 0.004 0.124 0.487 0.108 2.943 0.934 1.000 
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Table 4.5. Results of paired t-test for comparing the DRP concentrations obtained by the hybrid resin-sampling method and the auto-
sampling method. The passive-sampling data were calculated based on the laboratory calibration data. DPR concentrations of each 
auto-sampled tile water were compared with the calculated DPR concentration in corresponding passive-sampling periods. The data 
are shown in Fig. 4.9. 

 

Data sets Pairs 

Paired Differences 

t df 
p 

(2-tailed) 
Mean 

Std. 
Deviation 

Std. Error 
Mean 

95% Confidence Interval of the 
Difference 

Lower Upper 

Tile_4 

HR1_sampled - 
HR2_sampled 

-0.112 0.094 0.036 -0.199 -0.025 -3.149 6 0.020 

HR1_sampled - 
Auto_sampled 

-0.006 0.003 0.001 -0.008 -0.003 -5.953 6 0.001 

HR2_sampled - 
Auto_sampled 

0.106 0.093 0.035 0.020 0.192 3.029 6 0.023 

Tile_7 

HR1_sampled - 
HR2_sampled 

-0.056 0.027 0.010 -0.081 -0.031 -5.499 6 0.002 

HR1_sampled - 
Auto_sampled 

-0.002 0.002 0.001 -0.004 0.000 -3.038 6 0.023 

HR2_sampled - 
Auto_sampled 

0.053 0.027 0.010 0.028 0.078 5.212 6 0.002 

Tile_46 

HR1_sampled - 
HR2_sampled 

-0.114 0.060 0.023 -0.169 -0.058 -4.980 6 0.003 

HR1_sampled - 
Auto_sampled 

-0.010 0.003 0.001 -0.013 -0.007 -9.143 6 0.000 

HR2_sampled - 
Auto_sampled 

0.104 0.060 0.023 0.048 0.159 4.585 6 0.004 
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Table 4.6. Results of paired t-test for comparing the DRP concentrations obtained by the hybrid resin-sampling method and the auto-
sampling method. The passive-sampling data was calculated based on the field calibration data. DPR concentrations of each auto-
sampled tile water were compared with the calculated DPR concentration in corresponding passive-sampling periods. The data are 
shown in Fig. 4.10. 

Data sets Pairs 

Paired Differences 

t df 
p 

(2-tailed) 
Mean 

Std. 
Deviation 

Std. Error 
Mean 

95% Confidence Interval of the 
Difference 

Lower Upper 

Tile_4 

HR1_sampled - 
HR2_sampled 

-0.001 0.005 0.002 -0.005 0.003 -0.470 6 0.655 

HR1_sampled - 
Auto_sampled 

0.002 0.004 0.001 -0.001 0.005 1.402 6 0.210 

HR2_sampled - 
Auto_sampled 

0.003 0.007 0.003 -0.004 0.010 0.953 6 0.377 

Tile_7 

HR1_sampled - 
HR2_sampled 

-0.007 0.003 0.001 -0.010 -0.004 -5.579 6 0.001 

HR1_sampled - 
Auto_sampled 

-0.005 0.002 0.001 -0.007 -0.003 -5.724 6 0.001 

HR2_sampled - 
Auto_sampled 

0.002 0.003 0.001 -0.001 0.005 1.379 6 0.217 

Tile_46 

HR1_sampled - 
HR2_sampled 

0.014 0.006 0.002 0.009 0.020 6.760 6 0.001 

HR1_sampled - 
Auto_sampled 

-0.001 0.004 0.001 -0.005 0.003 -0.677 6 0.524 

HR2_sampled - 
Auto_sampled 

-0.015 0.004 0.001 -0.019 -0.012 -10.348 6 0.000 

 



 

212 

 

Table 4.7. Average DRP concentrations in tile water throughout the six-week monitoring period. The DRP concentrations were 
calculated from the field-calibrated passive sampling method, and averaged with the time and flow volume of each sampling period, 
respectively. Standard deviations are shown in parentheses. 

Sampling site Sampling material 
Time-weighted average DPR  

(mg/L) 

Flow-weighted average DPR  

(mg/L) 

Tile 4 
HR1 0.0111 (0.0002) 0.0163 (0.0005) 

HR2 0.0116 (0.0002) 0.0198 (0.0003) 

Tile 7 
HR1 0.0061 (0.0000) 0.0071 (0.0000) 

HR2 0.0059 (0.0000) 0.0078 (0.0003) 

Tile 46 
HR1 0.0127 (0.0008) 0.0155 (0.0004) 

HR2 0.0127 (0.0001) 0.0166 (0.0003) 
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Table 4.8. Load of P (unit: g/period) discharged through each tile line in each sampling period calculated from flow volumes and DRP 
concentrations based on HR1- and HR2-sampling. The period refers to 3-4 days of deployment period of the resin bags. Standard 
deviations are shown in parentheses. 

 

Sampling 
site 

Sampling 
material 

Sampling period (shown as the initial date) 
Total P 
load (g) 

Average 
P load 
(g/day) 12-

Mar 
15-
Mar 

19-
Mar 

22-
Mar 

26-
Mar 

29-
Mar 

2-Apr 5-Apr 9-Apr 
12-
Apr 

16-
Apr 

19-
Apr 

Tile 4 

HR1 
1.7 

(0.18) 
1.95 

(0.23) 
12.49 
(1.02) 

1.29 
(0.09) 

2.11 
(0.03) 

1.28 
(0.13) 

0.29 
(0.04) 

0.4 
(0.02) 

0.14 
(0.02) 

0.17 
(0.02) 

0.13 
(0.02) 

0.19 
(0.03) 

22.16 
(0.61) 

0.53 
(0.01) 

HR2 
1.49 

(0.19) 
1.95 

(0.17) 
17.42 
(0.72) 

1.26 
(0.05) 

2.54 
(0.28) 

0.96 
(0.02) 

0.3 
(0.03) 

0.35 
(0.09) 

0.13 
(0.04) 

0.15 
(0.05) 

0.13 
(0.01) 

0.23 
(0.01) 

26.89 
(0.46) 

0.64 
(0.01) 

Tile 7 

HR1 
0.69 

(0.11) 
0.99 

(0.10) 
3.36 

(0.20) 
0.58 

(0.11) 
0.68 

(0.08) 
0.58 

(0.04) 
0.13 

(0.02) 
0.15 

(0.02) 
0.07 

(0.01) 
0.08 

(0.01) 
0.08 

(0.01) 
0.11 

(0.01) 
7.51 

(0.01) 
0.18 

(0.00) 

HR2 
0.71 

(0.02) 
0.73 

(0.27) 
4.49 

(0.17) 
0.53 

(0.05) 
0.65 

(0.21) 
0.55 

(0.06) 
0.12 

(0.01) 
0.13 

(0.03) 
0.06 

(0.00) 
0.06 

(0.01) 
0.08 

(0.02) 
0.11 

(0.01) 
8.22 

(0.35) 
0.20 

(0.01) 

Tile 46 

HR1 
1.47 

(0.12) 
1.72 

(0.18) 
7.91 

(0.83) 
1.19 

(0.06) 
1.39 

(0.09) 
1.23 

(0.04) 
0.32 

(0.04) 
0.37 

(0.04) 
0.17 

(0.03) 
0.16 

(0.00) 
0.11 

(0.02) 
0.16 

(0.03) 
16.2 

(0.45) 
0.39 

(0.01) 

HR2 
1.3 

(0.05) 
1.77 

(0.08) 
9.44 

(0.31) 
0.87 

(0.05) 
1.47 

(0.20) 
1.17 

(0.20) 
0.32 

(0.03) 
0.36 

(0.02) 
0.2 

(0.01) 
0.17 

(0.04) 
0.13 

(0.01) 
0.13 

(0.02) 
17.33 
(0.35) 

0.41 
(0.01) 
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CONCLUSIONS 

In this study, a series of laboratory and field experiments has been conducted to 

evaluate a passive detection technique using well-characterized hybrid (i.e., iron oxide-

coated) anion exchange resins for the monitoring of P in agricultural tile waters. The 

following conclusions are drawn from the results of the study. 

Anion exchange resins are one of the best adsorbents for P, and its performance of P 

removal from water is highly influenced by resin matrix, resin functional groups, and 

surface modification. Accordingly, three anion exchange resins with different 1) polymer 

matrices (polystyrene and polyacrylic), 2) resin functional groups (strong-base and weak-

base), and 3) surface modification with iron oxide were evaluated for their P adsorption 

capacity and kinetics.  

Phosphate adsorption capacity at near-neutral pH was in the following order of the 

strong-base polystyrene resin, the weak-base polystyrene resin, and the weak-base 

polyacrylic resin (13.16, 5.17 and 21.19 mg/g, respectively). The P adsorption capacity of 

iron oxide coated resins (i.e., hybrid resins) followed the same order, indicating that the 

properties of parent resin itself had a greater influence on the P adsorption than the 

surface modification with iron oxide. The P adsorption kinetics were fast in all 

adsorbents. The initial sorption rate was ranging from ~0.1 to 3.63 mg/(g min). Phosphate 

adsorption in the hybrid resins was not strongly interfere by co-existing nitrate and 

sulfate compared to that in the pure resins, suggesting that the hybrid resins were 

selective toward phosphate. Furthermore, adsorbed P in the hybrid resins was more 

irreversibly adsorbed P than the pure resins. These characteristics make the hybrid resins 

an ideal P adsorbent in the passive detection technique. Accordingly, commercially 

available polystyrene hybrid resin and a laboratory synthesized polyacrylic hybrid resin 

were tested for the adsorbent used in the passive detection technology.  

The passive sampling using a mesh bag contraption containing hybrid resins was 

proven to be a successful method in monitoring DRP in tile drainage water. While both 

the hybrid resins are suitable adsorbents in the passive sampling because of the high P 

adsorption performance, the field test showed that the hybrid polyacrylic resin removed 

more P from tile water than the hybrid polystyrene resin. When the adsorbents were 

calibrated in the field, the passive detection technique predicted DRP concentrations 
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reasonably well. The passive samplings with hybrid resins produced DRP concentrations 

of tile waters with no significant difference (Paired Student’s t-test, p > 0.05) with the 

auto-sampling data. High DRP concentrations during precipitation and subsequent 

flooding events were also predicted well. Overall, the passive detection method with iron 

oxide coated hybrid resins has potential for the monitoring of concentrations and loads of 

DRP from a large number of agricultural waterways because of its simplicity and 

economical feature. 

 


