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ABSTRACT

Apocorophium lacustre is a species of benthic amphipod native to both American and
European estuaries along the North Atlantic Ocean, which has rapidly expanded outside of its
native range and is now established in the Illinois, Upper Mississippi, and Ohio Rivers.
A. lacustre has previously been detected in the Illinois River within 100 river km of Lake
Michigan and is considered high risk for colonization and disruption of the Great Lakes’ benthic
communities. In order to further our understanding of factors influencing A. lacustre distribution
and the threat it poses to the Great Lakes, | deployed rock bag colonization samplers and
collected zoobenthic and habitat data at 263 sites distributed across the eight navigational pools
of the Illinois River. A. lacustre was identified in all pools up to and including the Dresden
Island Pool - the species was not observed any closer to the Great Lakes than previously
documented. A. lacustre were by far the most abundant benthic amphipod collected in pools
where the species was present, representing >79% on average of benthic amphipods collected at
sites downstream of the Dresden Island Lock & Dam (which represents the leading edge of its
invasion). | analyzed abundance and habitat data using two generalized linear mixed effects
model (GLMM) and AlICc approaches: predicting A. lacustre abundance using a negative
binomial GLMM and predicting the proportion of A. lacustre amongst all benthic amphipods
using a binomial GLMM. | identified several variables that are useful predictors of A. lacustre’s
raw and proportional abundance: dissolved organic matter had a strong negative effect and
distance downstream within each river pool (e.g., closer to the next downstream dam) had a
strong positive effect in both analyses. The latter result suggests that A. lacustre invasion is at
least partially facilitated by impoundments on the Illinois River, which create areas of low water

velocity, higher salinity, and disrupted biological communities. My results indicate that A.



lacustre may struggle to find suitable habitat in the canals of the Upper Illinois River Waterway,

but they may be successful in Lake Michigan if introduced.
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LITERATURE REVIEW

Apocorophium lacustre (Vanhoffen, 1911) is a species of benthic, euryhaline amphipod
(a scud) native to estuaries of the North Atlantic Ocean. This species of scud was originally
assigned to the genus Corophium prior to the creation of the Apocorophium genus in 1997
(Bousfield & Hoover 1997). All literature published prior to that year, and some documents
published since, refer to A. lacustre as Corophium lacustre. | will only refer to the species here
as A. lacustre, regardless of the taxonomy used in a referenced text. This species has a wide
native range and an expanding invasive range as it continues to move and establish further
upstream in river systems within North America and Europe. A. lacustre’s expansion since the
mid-1900’s has attracted increasing attention from ecological researchers and conservation
departments (e.g., United States Fish and Wildlife Service, United States Army Corps of
Engineers). Despite this growing attention, relatively little specific ecological knowledge or data
is available for the species. The purpose of this literature review is to consolidate all available
information pertaining to A. lacustre and to highlight knowledge gaps in the literature.

Apocorophium lacustre has been anatomically described in several places
(e.g., Shoemaker 1947; LeCroy 2004), dating as far back as 1934 (Shoemaker 1934). Relatively
early reports of the species noted that it resides on both sides of the Atlantic Ocean, including
Germany, Finland, the Netherlands, France, England, and the United States (Crawford 1937). In
Europe, the species is currently established in Polish and Russian estuaries along the Baltic Sea
(Ezhova & Zmudzinski 2005; Jazdzewski et al. 2005); the Polish Oder and Klodnica Rivers
(Krodkiewska et al. 2021); the German Werra River (Szécs et al. 2014); and Belgian, Dutch, and
German estuaries along the North Sea (Ysebaert et al. 2000; Faasse & Moorsel 2003; Noordhius

et al. 2009; Wolf et al. 2009). A. lacustre is considered invasive upriver in Europe (Sz6cs et al.



2014; Krodkiewska et al. 2021). In North America, the species’ native range is generally agreed
to be the Atlantic Coast between the Bay of Fundy, Newfoundland and the Atlantic estuaries of
Northern Florida (e.g., Bousfield 1973). Within that range, the species has been documented in
the Potomac River (Shoemaker 1934); the Chesapeake Bay and its tributaries (Crawford 1937,
Jordan & Sutton 1984; Janiak et al. 2016); the coastal waters and estuaries of the Carolinas
(Crawford 1937; Calder et al. 1977; Power et al. 2006); St. Catherine’s Island, Georgia (Prezant
et al. 2002); the St. Johns River estuary in Florida (Mason 1998; Evans et al. 2004); and the
Indian River Lagoon and estuary in Florida (Nelson et al. 1982; Mook 1983; Nelson 1995).

A. lacustre was introduced to the Gulf of Mexico (Bousfield 1973; Power et al. 2006;
Grigorovich et al. 2008) and is invasive within the Mississippi River System (Grigorovich et al.
2008; Benson 2018). The literature provides evidence of the scud in the Perdido Key of
Northwestern Florida (Rkocinski et al. 1996), coastal tributaries in Mississippi and Louisiana
(LeCroy 2004), and estuaries in Texas (Llanso & Sillet 2009). A. lacustre has been documented
in the Lower Mississippi River near Vicksburg, Mississippi (Way et al. 1995; LeCroy 2004) and
in Southeastern Arkansas (Payne et al. 1989). The species was identified in the Ohio River in
1996, prior to discovery in other parts of the Upper Mississippi River Watershed (Grigorovich et
al. 2008). U.S. Geological survey records indicate that A. lacustre was next identified in the
Illinois River in 2003 (Benson 2018) before quickly being identified in the nearby Missouri and
Upper Mississippi Rivers around 2005 (Grigorovich et al. 2008). A. lacustre was reported within
100 km of Lake Michigan by 2005 in the Dresden Island Pool of the Upper Illinois River
(Grigorovich et al. 2008; Benson 2018). Subsequent sampling efforts targeting the species
upstream of the Dresden Island Pool have found no evidence that the species has established

closer to the Great Lakes (Keller et al. 2017; Egly et al. 2021a).



Several sampling methods have captured A. lacustre in previous studies. Hester-Dendy
samplers have been used most commonly (Power et al. 2006; Grigorovich et al. 2008; Keller et
al. 2017; Egly et al. 2021a). Hester-Dendy’s are a form of colonization sampler comprised of a
multiple masonite plates spaced across a steel rod, which are deployed at a sample site for a few
weeks before collection and processing. Rock bags, another form of colonization sampler, are
being tested as an alternative to Hester-Dendys (Egly et al. 2021a). Rock bag samplers are
simply nylon mesh bags with a reinforced bottom, partially filled with rocks. Outside of
colonization samplers, A. lacustre has been collected using kick or dip nets in shallow water
(Grigorovich et al. 2008; Noordhuis et al. 2009) and by scrubbing or scraping snags, artificial
surfaces, and boat hulls (Mook 1983; Power et al. 2006; Grigorovich et al. 2008; Llans6 & Sillet
2009). The scud can also be found on large stones removed from waterways (Payne et al. 1989;
Noordhuis et al. 2009) and in sediment samples or cores (Rokocinski et al. 1996; Power et al.
2006).

A. lacustre appear capable of colonizing all varieties of substrate (Nelson 1995), though
the species may be more successful on either very hard or very soft substrates based on the
literature. Earlier documents described A. lacustre as preferring hard and artificial substrates
(Shoemaker 1934; Payne et al. 1989) and the scud have repeatedly been found on hard substrate,
both natural (Faasse & Moorsel 2003; Noordhuis et al. 2009) and artificial (Payne et al. 1989;
Grigorovich et al. 2008). An experimental study using hard, artificial substrate installations
found that A. lacustre was most abundant on textured surfaces, presumably because they provide
refuge from river’s flow (Way et al. 1995). However, this species is also commonly found on
silty substrates (LeCroy et al. 2009) and has been positively correlated with substrate silt

percentage (Krodkiewska et al. 2021).



The genera Corophium and Apocorophium contain several species of tube-building,
filter-feeding, benthic amphipods, including A. lacustre. The tubes, assembled using bits of algae
or detritus, may serve multiple functions and it is unclear which are important for A. lacustre.
For example, there is no consensus for whether tubes decrease susceptibility to predation for
their builders; one study provided evidence that a similar species (Apocorophium acutum) is less
susceptible to predation by other amphipods when able to build tubes (Armsby & Tisch 2006),
while another found no evidence that A. lacustre avoided predation by marine flatworms with
their tubes (Janiak et al. 2006). However, there is agreement that the tubes are used for feeding
behaviors, which vary between taxa (Dixon & Moore 1997). A. lacustre is considered to be a
filter-feeder that may consume both suspended particles and deposited biomass (Ysebaert et al.
2000). One study measured A. lacustre’s filter mesh size, indicating the smallest particle size
they can consume, and found a size range between 1.8 and 5 um (Borza et al. 2021).
Apocorophium and Corophium species, though not A. lacustre specifically, were found to
consume exclusively detritus and no algae in a gut content analysis (Guerra-Garcia et al. 2014).

A. lacustre is able to occupy a large range of habitats because it can tolerate a wide range
of water conditions. The species is generally considered to be brackish or salinity tolerant
(Ysebaert et al. 2000; Evans et al. 2004). Early descriptions acknowledged that the species
occupies both saline and borderline freshwater (Shoemaker 1934), including waters with salinity
ranging from 0.17 to 20.61 ppt (Crawford 1937). A more recent study verified that A. lacustre
live and reproduce in salinities up to approximately 30 ppt (Wolf et al. 2009). Similarly, the scud
was found to be more dominant over native species in areas of the Werra River, Germany where
conductivity was high (>4000 uS/cm; Szdcs et al. 2014). The species is also tolerant of polluted

surface water (Evans et al. 2004) and sediments (Rakocinski et al. 2000). Additionally,



A. lacustre is assumed to be somewhat tolerant of hypoxic conditions, including low levels of
dissolved oxygen (Mason 1998). Explicit thresholds or tolerance ranges for A. lacustre are
absent in the literature for most abiotic and water chemistry variables. More explicit, laboratory-
based testing is required to understand the species’ full range of tolerances to dissolved oxygen,
heavy metal concentrations, water temperature, and other potential environmental factors.

Multiple reports issued by federal departments in the United States have indicated that
A. lacustre is a species of concern to the Great Lakes. A report issued by the National Oceanic
Atmospheric Administration in 2016 highlights A. lacustre as one of 16 species (out of 67) that
pose a high risk for introduction and establishment to the Great Lakes (Fusaro et al. 2016). A
2019 update to that report provided additional evidence that the species is also likely to
negatively impact the ecosystem function (Lower et al. 2019). Similar reports from the U.S.
Army Corps of Engineers agree that A. lacustre are highly likely to pose a significant risk to the
Great Lakes and Mississippi River Watersheds (Veraldi et al. 2011; Grippo et al. 2014).
A laboratory study found that the electric dispersal barrier in the Chicago Sanitary and Shipping
Canal (installed to prevent upstream or downstream movement of aquatic invasive species) is
likely insufficient for deterring small amphipods, especially when aided by boats (Egly et al.
2021b), which bolsters concerns about upstream movement. All of the governmental reports
justify their conclusion from two main ideas: A. lacustre colonizes at extremely high densities
that can overwhelm other benthic macroinvertebrates and it has ample opportunity to be
transported into the Great Lakes because it uses boats as a vector mechanism.

Several articles and reports have listed specific colonization densities for A. lacustre. The
species has been detected at low densities in some estuaries: mean of 15 indv./m? in North Sea

estuaries along the Belgian coast (Ysebart et al. 2000) and 3-41 indv./m? in Atlantic estuaries in



South Carolina (Calder et al. 1977). A. lacustre density has been reported at higher levels in
several rivers: up to approximately 500 indv./m? in the Lower Mississippi River (Way et al.
1995) and up to 456 indv./m? in the Upper Mississippi River Basin (Grigorovich et al. 2008).
The species’ density has occasionally been reported to be extremely high in river systems:
>10,000 indv./m? in the Lower Mississippi River (Payne et al. 1989) and up to 82,000 indv./m?
in the Oder River of Poland (Krodkiewska et al. 2021). Additionally, Power et al. (2006) A.
lacustre are known to outcompete or ‘smother’ mussels and other benthic filter-feeders. There
does seem to be ample evidence that A. lacustre can colonize at problematic densities, though it
is unclear how common this is, or which types of habitat conditions enable that level of
dominance.

A. lacustre is widely described as fouling vessels as a means of vectorization, but there is
very little published data documenting this phenomenon. In this review, | found two studies
documenting A. lacustre on vessel hulls or in ballast tanks. The first collected the scud in ballast
sediments and around boat hulls (Gollasch 2002); A. lacustre was described as mobile in the boat
hull samples, indicating they may not have colonized the surface of the hull. The second study
found the species in vessel hull scrape samples both before and after anti-fouling cleaning
protocols (Llansé & Sillet 2009). Both of these studies examined large, transoceanic vessels: the
former study collected samples from shipping vessels, research ships, and cruise liners entering
German ports (Gollasch 2002), while the latter examined three oceanic naval vessels at port in a
Texan estuary (Llanso & Sillet 2009). One other set of studies were occasionally cited as
evidence of A. lacustre’s fouling behavior in the Indian River of Florida (e.g., Mook 1980;
Mook 1983), but these articles examined stationary artificial substrate as opposed to vessels.

Consequently, none of the mentioned studies provide direct evidence that the species is vectored



by vessels. Shipping and commercial traffic on major tributaries of the Mississippi River is
largely conducted using simple, flat-bottomed barges that are propelled by towboats. These
systems likely provide significantly less suitable surface for colonization compared to
transoceanic vessels because they lack ballast tanks and are smaller and less structurally
complex. I have not found empirical evidence that A. lacustre is using vessels to travel upstream
into freshwater systems, but this hypothesis is still the best explanation for how the scud have
traveled upstream because they are poor swimmers (Grigorovich et al. 2008; Janiak et al. 2016).
A targeted sampling effort of vessel hulls on the Mississippi, Illinois, or Ohio Rivers is needed to
confirm whether A. lacustre are using boats as a vector method in their invasive range.

The key takeaways from this literature review are: (1) the global distribution of A.
lacustre is well documented on a regional level and there are numerous dated reports and records
that track the species’ invasion history; (2) A. lacustre have been detected using several common
sampling methods for benthic macroinvertebrates, including simple kick or dip net samples and
colonization samplers; (3) There is ample data to indicate that the species is tolerant of a broad
range of abiotic conditions, salinity extremes, and poor water quality, but its relationship to most
water chemistry variables is unmeasured; (4) There are virtually no studies describing the
ecology or behavior of A. lacustre and it is unclear how readily it extirpates other species as an
invader; finally, (5) the literature contains some data to support the hypothesis that A. lacustre is
transported by vessels, but none documenting this phenomenon in freshwater systems. In order
to improve risk forecasting and management of the Great Lakes watershed, future research
should aim to observe how A. lacustre interacts with benthic communities in its invasive range,
measure the species’ specific abiotic tolerances, and verify how the species is transported in

freshwater systems.



INTRODUCTION

Freshwater systems are heavily invaded globally (Vitousek et al. 1996; Strayer 2010),
which is a consequence of numerous anthropogenic factors. Vessel fouling, the live animal trade,
and new artificial waterways are among the most common vectors for aquatic invaders (Keller &
Lodge 2007; Panov et al. 2009). Invasive species disrupt food webs and extirpate native species,
reducing both the ecological and economic productivity of affected systems (Rothlisberger et al.
2012; Gallardo et al. 2016). Filter-feeding invertebrates are among the most prevalent aquatic
invaders and can cause dramatic changes to ecosystems (Karatayev et al. 2009). For example,
dreissenid mussels (Dreissena polymorpha and Dreissena rostriformis bugensi) contribute to
precipitous declines in phytoplankton availability once established, causing cascading, bottom-
up changes in food web structure (Ricciardi et al. 1997; Higgins & Vander Zanden 2010).

The Laurentian Great Lakes are an important natural resource to surrounding
communities, providing recreational, economic, and climate regulatory services (Krantzberg &
De Boer 2008; Allan et al. 2015). The Chicago Area Waterway System (CAWS) and the Illinois
River connect the Great Lakes to the broader Mississippi River Watershed through a series of
natural streams and artificial canals. This river system drains Lake Michigan, the Metropolitan
Water Reclamation District of Greater Chicago, and large swathes of agricultural land
downstream of the city. The hydrology of the Illinois River has been heavily modified from its
natural state to control flooding and facilitate shipping vessel navigation (Lian et al. 2012). It
now consists of a dredged main channel that is maintained for large vessels and several lock and
dam systems that separate the river into eight pools.

Human activities have made both the Great Lakes and Upper Mississippi River basins

vulnerable to a growing number of invasive species over the past century (Ricciardi 2006;



McClelland et al. 2012; Jacobs & Keller 2017). Alien species are contributing to the decline of
native communities in the Great Lakes through predation and disease transmission, among other
effects (Mandrake & Cudmore 2010). In the Illinois River, invasive species have been implicated
in shifting plankton and fish communities (Sass et al. 2014; Solomon et al. 2016). The Great
Lakes have a higher number of invaders than the Illinois River, but the two systems are
connected and newly established alien species in either system are considered an imminent threat
to the other. An electric barrier was installed in the Upper Illinois River to prevent the
downstream dispersal of round goby (Neogobius melanostomus) from Lake Michigan (Parker et
al. 2016). Electric dispersal barriers can be effective at deterring or preventing the spread of
invasive fish (Parker et al. 2016; Jones et al. 2021), but laboratory studies have shown they are
likely to be insufficient for controlling small invertebrates (Egly et al. 2021b).

Apocorophium lacustre (Vanhoffen, 1911) is a species of marine, benthic amphipod
native to both the Atlantic coast of North America (Bousfield 1973), as well as to estuaries of the
Baltic and North Seas (Faasse & Moorsel 2003; Ezhova & Zmudzinski 2005). On both sides of
the Atlantic Ocean, A. lacustre is known to have a wide salinity tolerance (Wolf et al. 2009) and
is commonly found in both minimally saline water and fully fresh water (Shoemaker 1934;
LeCroy 2004). It also has a high tolerance for pollution (Evans et al. 2004) and electric
conductivity (Szocs et al. 2014). The species is assumed to be tolerant of hypoxic conditions
(Mason 1998), including low levels of dissolved oxygen (Llans6 & Sillett 2009). A. lacustre is
most commonly sampled on coarse or artificial substrates (Payne et al. 1989; Faasse & Moorsel
2003), though it also frequently found on silty substrates (LeCroy et al. 2009; Krodkiewska et al.

2021). It has been found to colonize in densities exceeding 10,000 individuals/m? (Payne et al.



1989; Krodkiewska et al. 2021). This species is a detritivorous filter-feeder that consumes both
suspended and sedimented particles (Ysebaert et al. 2000; Llansé & Sillet 2009).

Since the mid 1900’s A. lacustre has rapidly expanded outside of its native range. It was
documented in estuaries of the Gulf of Mexico by the 1980°s (Heard 1982) and in the Lower
Mississippi River by 1989 (Payne et al. 1989). It was first reported in the Lower Ohio River in
1996 and then the Lower Illinois and Upper Mississippi Rivers in 2003 (Grigorovich et al. 2008).
By 2005, the species was detected as far upstream in the Illinois River as the Dresden Island Pool
(Benson 2018), which is approximately 92 river kilometers (rkm) from Lake Michigan. Recent
studies targeting the species have not found A. lacustre further upstream than the Dresden Island
Pool (Keller et al. 2017; Egly et al. 2021a).

As a filter-feeding detritivore with a wide geographic range, high tolerance for pollution,
and high population density, A. lacustre closely matches the profile of other globally successful
aquatic invasive species (Karateyev et al. 2009; Bates et al. 2013). Consequently, the species is
among the taxa with the greatest threat to the Laurentian Great Lakes (Veraldi et al. 2011;
Grippo et al. 2014; Fusaro et al. 2016). It is likely to be introduced to the Great Lakes due to its
close proximity and direct pathway into the system. The rapid invasion of A. lacustre is
attributed to transport by shipping vessels, where it fouls the hull and colonizes ballast tanks
(Gollasch 2002; Llansé & Sillett 2009). Millions of tons of freight pass between Lake Michigan
and the Chicago Area Waterway System annually, providing ample opportunity for further
movement upstream (Goodman Williams Group 2015). If established, A. lacustre are expected to
disrupt the benthic communities of the Great Lakes by overwhelming and outcompeting native

filter-feeders (Grigorovich et al. 2008).
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Despite the growing attention A. lacustre has received in the Great Lakes region, there is
little data available that describes their distribution, abundance, or behavior in the Illinois River.
The U.S. Geological Survey has only seven presence-only occurrence records for this species in
the Illinois River (Benson 2018). Several recent sampling efforts have targeted A. lacustre in the
Illinois River upstream of Dresden Island, with a handful of sites in the Marseilles and Starved
Rock Pools (Keller et al. 2017; Egly et al. 2021a). There are very few records - none of which
are from the past ten years - that describe A. lacustre’s distribution or abundance for the rest of
river (e.g., the Peoria, La Grange, and Alton Pools).

The objectives of this study are to provide updated occurrence data for A. lacustre in the
[llinois River Waterway System and assess how habitat variables influence the species’
distribution and abundance. | sampled benthic amphipods at sites along the entire length of the
Illinois River Waterway System while measuring site-level water chemistry, substrate type,
depth, and non-target amphipod abundance. | investigated several hypotheses to identify which
factors drive variance in A. lacustre’s distribution and relative abundance in the Illinois River
using generalized linear models (GLMs) and an Akaike’s Information Criterion model-averaging
approach. In this paper | document the relationship between A. lacustre and habitat covariates
and present my best hypothesis for factors driving the species’ distribution in Illinois. In doing
so, | will provide the most comprehensive and up-to-date description of A. lacustre’s distribution
in the Illinois River Waterway system. My work can be used to update risk assessment and guide

future research that aims to understand A. lacustre’s habitat requirements or chemical tolerances.
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METHODS
Distribution Assessment

| collected invertebrate samples in the Illinois River across all of its eight pools between
August and September 2020, from the Lockport pool in downtown Chicago through the Alton
pool near the confluence with the Mississippi River (Figure 1). | randomly selected sample sites
within each pool from sites sampled by the Upper Midwest Environmental Science Center’s
Long-Term Resource Monitoring (LTRM) program, a long running USGS program,
administered in part by the Illinois Natural History Survey. Potential LTRM sites in each pool
were split into an upstream and downstream half prior to selection. My target sampling effort
was approximately 2 samples for every 3 rkm, but | targeted no fewer than 24 sites per pool. The
high site minimum per pool boosted sampling density in the short upstream pools where an A.
lacustre population, if present, may be at low density. | did not sample any backwaters or side
channels, only main channel border habitats.

| used rock bag samplers (Figure 2), a form of colonization sampler, to collect benthic
organisms at my selected sampling locations. This gear was tested in recent sampling efforts as
an alternative to Hester-Dendy samplers (Egly et al. 2021a). A rock bag sampler consists of a
nylon mesh bag, which is reinforced with 500 um plastic mesh on its bottom third and filled with
approximately 0.8 L of river rocks (between 2.5 and 8 cm in length). The bags are sealed with
zip ties and tethered to either stakes or permanent structures on shore using nylon rope. Small
concrete anchors were tied below the rock bags, separated by approximately 600 cm of rope, to
limit drift. | sought to deploy rock bags at a minimum depth of 0.5 m to avoid air exposure
caused by river depth changes, but this was not possible at every site. After retrieval, each site’s

minimum depth was calculated based on pool-level change in river gauge depth (USGS 2020). I
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excluded sites that experienced <12 cm of water, assuming that they would have been exposed to
air for part of the deployment period.

Habitat variables, depth, and water chemistry data were recorded in situ. | adapted the
categorical habitat data collection procedures for vegetation density, substrate, and structure
presence from the LTRM protocol (Ratcliff et al. 2014). Vegetation density was recorded as a
categorical variable with three levels: no aquatic vegetation, sparse aquatic vegetation (< 50%
coverage), or dense aquatic vegetation (> 50% coverage) within approximately a 20 m radius of
the site. | did not differentiate between emergent and submersed vegetation during this survey
effort. Substrate was classified using LTRM categories: mostly silt, mix of silt/clay/sand, mostly
sand, or gravel/rock/hard clay. A site was recorded as containing structure if woody debris,
artificial substrate, or revetments were observed within approximately 20 m of the site. Depth
(cm) was recorded at the location of the rock bag using a meter stick. Water chemistry data was
recorded using a multi-meter (YSI EXO2 Sonde); the multi-meter was deployed from the stern
of the boat (closer to the center of the channel) to avoid turbidity changes caused by the action of
the propeller. I collected temperature (°C), salinity (ppt), dissolved organic matter (fDOM; ppb),
dissolved oxygen (DO; mg/L), and turbidity (FNU) using the multi-meter. | used a site’s distance
(rkm) from the next upstream dam (herein ‘downstream distance’) when evaluating the
distribution of A. lacustre. Variations in abundance across downstream distance may be
indicative of responses to hydrologic and ecological trends in the river caused by impoundment
(Baxter 1977; Schmutz & Moog 2018). | also downloaded pool-level river discharge (ft3/sec)
data collected via USGS river gauges from the same time period that the samplers were deployed

(USGS 2020).
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Rock bags were left in the river for 31 (+1) days. After retrieval, all sampler contents
captured by a 500-micron sieve were stored in a 90% ethanol solution. All intact amphipods >2
mm long were identified to genus and counted; A. lacustre and Hyallela azteca were identified to
species. H. azteca is distinct from other species in the region and was identified and counted
regardless of size as long as key features were visible (typically >1 mm). Unidentifiable
individuals, either below the size thresholds or not intact, were not counted or included in the

analysis.

Abundance Analysis

In order to examine which factors influence A. lacustre distribution in the Illinois River, |
elected to model the species’ abundance using a generalized linear model approach. | decided to
use a negative binomial (NB) distribution because when compared to a Poisson distribution,
which is commonly used for modeling count data, the NB distribution more closely matches the
distribution of A. lacustre abundance. My A. lacustre count data has substantial zero-counts and
a high maximum (max = 3887). When compared to a simulated Poisson distribution with the
same mean (A = 190.8) my data is heavily right skewed. | was able to more closely match my A.
lacustre count data using a NB simulation with the probability (p) = 0.00425; this distribution is
right skewed with a long tail, which the Poisson distribution lacks. Aside from the unusual
distribution, this dataset also contains inherent spatial collinearity due to the natural gradient of
the river and its linear structure. | felt it was necessary to account for this spatial
nonindependence in the model structure to avoid violating the independent sampling assumption
of a GLM. It is both difficult and data-intensive to build a NB generalized linear model with

explicit spatial covariance matrices using publicly available tools for R (v4.0.2; R Core Team
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2020). The best way | could achieve a similar effect was to apply a mixed effect structure using
the Ime4 package (Bates et al. 2015), including river pool as a random effect. By including this
random effect, the model accounts for differences in the A. lacustre population between the
spatially explicit pools. All models presented in this analysis include river pool as a random
effect. Data from the Brandon Road and Lockport pools were excluded from this analysis
because they were found to be chemically distinct from the rest of the river.

| generated 11 candidate models by grouping independent variables into themes
(Table 1). All numerical covariates were z-score standardized prior to analysis in order to
facilitate comparison between covariate effects. | chose to explore as much of my collected data
as possible because there is no census in the literature for which variables are important. | did
seek to validate the findings of Krodkiewska et al. (2021), which reported a correlation between
A. lacustre abundance, depth, substrate silt percentage, and current velocity in the Oder River of
Poland. All models were assessed for predictor collinearity using variance inflation factor (VIF);
variables were rejected if their VIF > 4. A null model, which contained only the random effect of
river pool, was included in order to contextualize the fit of my best performing models. All
models were assessed using a corrected Akaike’s Information Criterion (AlCc; Akaike 1974;
Sugiura 1978; Hurvich & Tsai 1991) with the AICcmodavg R package (v2.3-1; Mazerolle 2020).
All fixed effects were evaluated using an AlCc-weighted model averaging approach (Buckland
et al. 1997; Anderson & Burnham 2002) using the same package; parameters were considered to

be significant if their model-averaged, log-scale 95% confidence intervals did not include zero.
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Proportional Composition Analysis

In order to explore how variation in habitat parameters affects the abundance of A.
lacustre relative to other benthic amphipods, I used a binomial generalized linear model
approach. The binomial distribution, and the multinomial extension, describe random processes
with discrete outcomes via probability. Previous studies have used multinomial regression to
investigate distribution trends in community-scale analysis by assigning probabilities to
observed, discrete biological groups (e.g., Qian et al. 2012; Snedden & Steyer 2013; Lima et al.
2017; Venjakob et al. 2016). | employed this technique using the simpler binomial distribution
(i.e., modeling one probability instead of multiple) to assess the proportional composition of the
benthic amphipod community in my samples. The response variable in this analysis was a matrix
that contained two columns per site: the abundance of A. lacustre and the abundance of all other
amphipods. Each row of the matrix was interpreted by the model as a set of n Bernoulli trials,
where n is the total number of amphipods at the site, A. lacustre individuals are Bernoulli
successes, and all other amphipods are Bernoulli failures. The models use the success/failure
matrix to model the probability that a detected amphipod is A. lacustre and assess how covariates
affect that probability. | interpret the model effects in this analysis as changes in the proportional
abundance of A. lacustre relative to other benthic amphipods.

| developed binomial models as generalized linear mixed-effects models using the Ime4 R
package (Bates et al. 2015). All binomial models include river pool as a random effect in order to
account for spatial nonindependence. Similar to the abundance analysis, | created 10 candidate
models by grouping independent variables into themes (Table 2). This model set is similar to that
used in the previous analysis; except | could not use the abundance of other amphipod species as

a covariate. | incorporated the results of the abundance analysis into this procedure by including

16



one model that used my best predictors of A. lacustre abundance as covariates. All candidate
models were assessed for predictor collinearity using VIF and variables were rejected if their
VIF > 4. A null model was also included in this analysis to contextualize the fit of the best
performing models. | used the same AIC procedure to analyze the binomial models as | did the
abundance analysis: models were ranked by AlICc and AlCc-weighted, model-averaged
parameters estimates were generated using the AlCcmodavg R package (v2.3-1; Mazzerolle
2020). Parameters were considered to be significant if their model-averaged log-scale, 95%

confidence intervals did not include zero.
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RESULTS
Distribution Assessment

During the summer of 2020, I set 316 sites along the Illinois River Waterway System and
successfully recovered sampling gear from 271 sites. After excluding eight samples that may
have been exposed to air due to low river levels, | obtained samples from 263 sites (Table 3). My
recovery rate varied from pool to pool (minimum = 64%, mean = 83%), but | recovered 16 rock
bags in Starved Rock Pool, which had the lowest recovery rate.

A. lacustre was present in the lower 6 pools of the Illinois River (Alton, La Grange,
Peoria, Starved Rock, Marseilles, and Dresden Island), which is no nearer to the Great Lakes
than previously reported (Table 4). The percentage of sites occupied by the species exceeded
94.9% downstream of Dresden Island Pool, but only 47.8% of sites in the Dresden Island Pool
were occupied. A. lacustre was most abundant in the La Grange Pool (mean = 431, sd = 649),
but its proportional abundance was highest in the Starved Rock Pool (mean = 91.0%,
sd = 25.5%). A. lacustre remains abundant upstream throughout the middle reaches of the Illinois
River (e.g., the Starved Rock and Marseilles Pools), but there is a sharp decline in abundance
above the Dresden Island Lock & Dam (Figure 3). Only 75 individuals were counted in the
Dresden Island Pool (mean abundance = 3.3, sd = 7.7) and none were found upstream of the
Brandon Road Lock & Dam.

A. lacustre abundance tended to be higher moving downstream within each pool
(Figure 4). Correlation between A. lacustre abundance and distance to the next upstream dam
was positive with moderate strength when considering all pools containing the species (Alton to
Dresden Island Pools; Table 5). When looking at each pool individually, only the Starved Rock

pool did not have a positive correlation between downstream distance and A. lacustre abundance
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(r =-0.40), but it also has the smallest sample size (n = 16). Correlation was strongest in the
Dresden Island pool (r = 0.52) and weakest in the Alton pool (r = 0.18), but the Alton pool is not

dammed before merging with the Mississippi River, leading to a distinct hydrographic profile.

Abundance Analysis

AlCc analysis indicates that the food availability and water chemistry models were the
best predictors of A. lacustre abundance (Table 2). The food resource model fit best,
substantially outperforming the null model (AAICc = 39.5). The model containing chemical
variables fit only marginally worse than the top model (AAICc = 3.3), but this model shares two
variables with the food resources model — turbidity and dissolved organic matter. The two
models that include downstream distance also performed substantially better than the null model
(AAICc = approx. 6.7), suggesting that the ecological gradient between dams may be important
for explaining observed patterns in A. lacustre abundance.

Model-averaging the coefficients from this set of models yielded five significantly non-
zero effects (Table 6). Parameters associated with food availability, including fDOM
(B = -1.35), vegetation density (B =-1.00), and turbidity (B = -0.46), all had negative log-scale
effects on A. lacustre abundance. Temperature (f= 0.26) and downstream distance (3 = 0.66) had

positive log-scale effects on A. lacustre abundance.

Proportional Composition Analysis
| found that one of my candidate models dramatically outperformed all of the other
options (Table 3): the model containing variables affected by impoundment was the best fitting

model for predicting the proportion of A. lacustre relative to other amphipod taxa (AICc = 9413).
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All other models had AAICc > 300, strongly suggesting that impoundment related factors are
most important. However, most of the other models outperformed the null model by a similarly
dramatic AlCc difference (AAICC nuLL = 1235).

A majority of the covariates included in this analysis had significantly non-zero effects
on A. lacustre probability after AICc-weighted model averaging (Table 7). Only river discharge,
structure presence, depth, hard substrate, and mixed substrate lacked significant effects. Salinity
(B=-0.57), sand substrate ( = -0.51), dissolved organic matter (3 = -0.43), turbidity (= -0.06),
and temperature (3 = -0.04) all had negative log-scale effects on the proportion of A. lacustre.
Dissolved oxygen (= 0.35), dam distance (3 = 0.36), and silt substrate (3 = 0.46) all had

positive log-scale effects on the proportion of A. lacustre.
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DISCUSSION

This study is the most comprehensive effort yet to understand how A. lacustre interact
with benthic habitat and communities, producing several key findings. First, my sampling efforts
indicate that A. lacustre still have not established any further upstream than the Dresden Island
Pool, while confirming that the species is abundant and dominant in the lower pools of the
lllinois River. Additionally, | found that A. lacustre abundance is correlated with distance
downstream within each pool and tended to be greatest just upstream of dams. My abundance
analysis showed that several variables have an effect on A. lacustre abundance, including
parameters pertaining to food availability, water chemistry, and impoundment. Finally,
composition analysis revealed numerous factors that influence the likelihood of A. lacustre’s
dominance over other benthic amphipod taxa. | hope that these findings will be used to refine
risk assessment and invasion forecasting for this species within the Great Lakes watershed and in
other regions where A. lacustre have been introduced.

My pool-level distribution data is consistent with USGS records and recent sampling
efforts. | identified A. lacustre in the lower six pools of the Illinois River: the Alton, La Grange,
Peoria, Starved Rock, Marseilles, and Dresden Island Pools. These pools collectively represent
approximately 85% of the river distance between the Mississippi River and Lake Michigan, with
only approximately 70 rkm between the Brandon Road Lock & Dam and the lake. My data
corroborates USGS records (Benson 2018) that showed A. lacustre is present throughout the
river up to Dresden Island. Despite the species’ swift invasion history and documented upstream
progression, | did not expect to find it any closer to Lake Michigan in this study. Keller and
colleagues have repeatedly, through targeted benthic surveys, found no evidence that A. lacustre

has invaded further up the Illinois River or into the Calumet, Chicago, Des Plaines, or Kankakee
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Rivers (Keller et al. 2017; Egly et al. 2021a). My study area overlapped with those previous
efforts, but with higher sample effort, and I also found no individuals upstream of the Dresden
Island Pool. Keller and colleagues sampled 15 sites in the Dresden Island Pool, 12 sites in the
Brandon Road Pool, and fewer than 10 sites in the Lockport pool over three years (Keller et al.
2017; Egly et al. 2021a). | sampled 23 sites in the Dresden Island Pool, 21 in the Brandon Road
Pool, and 19 sites in the Lockport Pool simultaneously and found no evidence of A. lacustre
outside of their known range.

While examining the intra-pool distribution of A. lacustre, | found that the species’
abundance was higher further downstream within most pools (only Starved Rock pool did not
follow this trend). This pattern is likely the result of broad changes that occur in the hydrology
and ecology of impounded rivers. The areas upstream of a dam will experience decreased water
velocity, increased sediment deposition, flooding, and lake-like stratification caused by the
combination of increased depth and low water velocity (Baxter 1977; Schmutz & Moog 2018).
These habitat changes likely make impoundments more hospitable to A. lacustre by increasing
their similarity to deltas and estuaries, which also have low water velocity, high silt deposition,
and lower oxygen levels when compared with lower-order streams (Summers 2001). Reservoirs
and impoundments are also thought to aid upstream invasion of brackish organisms by
containing water that is slightly more saline compared to surrounding water bodies (Lee & Bell
1999; Havel et al. 2009). From a community perspective, dams remove the natural flow and
disturbance regimes of rivers, which disrupts the natural structure of the biological communities
and makes the system more vulnerable to invasion (Malmqvist & Rundle 2002; Johnson et al.
2008). Impoundments may also experience higher invasion propagule pressure from upstream

invasion sites (Allen & Ramcharan 2001) and recreational usage (Havel & Stelzleni-Schwent
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2000). The distribution of A. lacustre in my data shows that the species has benefitted from this
combination of factors that make impoundments more vulnerable to invasion and more
hospitable to brackish creatures.

| was able to address multiple hypotheses simultaneously about what factors influence A.
lacustre’s abundance and distribution because of my robust sampling effort. While analyzing this
dataset, | found that a handful of variables were useful predictors of A. lacustre abundance in the
bottom 6 pools of the Illinois River: dissolved organic matter, vegetation density, turbidity, water
temperature, and downstream distance. There are virtually no published data or hypotheses that
quantify A. lacustre’s relation to habitat characteristics for me to compare with my results.
However, the species is described as tolerant of wide ranges of salinity, dissolved oxygen, and
substrate types (e.g., Mason 1998; LeCroy et al. 2009; Wolf et al. 2009). My results support
these descriptions as | found no significant relationship between A. lacustre abundance and
salinity, dissolved oxygen, or any of the substrate types | documented (silt, silt/clay/sand mix,
sand, gravel/rock/hard clay, or submerged structures). The species has also been described as
pollution tolerant (Evans et al. 2004), but | was not able to locate water pollution data in areas of
the river occupied by A. lacustre to assess this claim. The Metropolitan Water Reclamation
District of Greater Chicago publishes robust water quality datasets, but they only extend as far
downstream as the Brandon Road Pool (MWRDGC 2018).

The upstream extent of the A. lacustre invasion in the Illinois River is effectively
identical to the well-studied leading edge of the silver and bighead carp (Hypophthalmichthys
molitrix and H. nobilis) invasion (ACRCC 2021). Neither the scud or carp have been detected
further upstream than the Dresden Island Pool in over 10 years, indicating that there are one or

more conditions acting as a barrier (e.g., Blackburn et al. 2011) to further spread. Barriers may
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result from the physical characteristics of the habitat (Rahel & Olden 2008) or biological
interactions (Davis et al. 2000; Shea & Chesson 2002). Recent research investigating the
physiology of invasive carp at the leading edge of their invasion has determined that toxic
pollutants are the most probable barrier to the carp’s expansion, as opposed to limited food
availability or a physical impasse (Jeffrey et al. 2019; Curtis-Quick et al. 2021). The Upper
[llinois River experiences numerous pollution inputs including water treatment effluent (Peverly
et al. 2015); pharmaceuticals and household chemicals (Groschen et al. 2004); and road salt
runoff (Kelly et al. 2010). Additional laboratory-based studies would be helpful for verifying that
water chemistry is the primary barrier for A. lacustre and for identifying which substances, if
any, act as a chemical barrier to the species.

I chose to conduct the proportional composition analysis to contextualize the results of
the abundance analysis and provide evidence to support or reject the assumption that A. lacustre
displace other benthic species. The abundance analysis provided no information about how A.
lacustre’s abundance increases relative to other species — it is unclear if predictors of A. lacustre
abundance are distinct from predictors of amphipod abundance in general. My composition
analysis implicated several habitat variables as factors that increase A. lacustre’s proportional
abundance. Similar to the prior analysis, | found that variables related to impoundment were
among the most important; distance downstream, dissolved oxygen, and silt substrate presence
all had significant, positive relations to A. lacustre’s proportional abundance. The species has
previously been described as preferring hard or artificial substrate (Shoemaker 1934; Payne et al.
1989), but I found no evidence to support this; my results showed A. lacustre abundance and
proportion had no relationship to hard or artificial substrate. Instead, my results provide strong

evidence that A. lacustre is more successful on silt substrate, corroborating some of the results of
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a recent paper that correlated A. lacustre abundance with substrate silt percentage, depth, and
water velocity (Krodkiewska et al. 2021). However, | did not find a relationship between A.
lacustre and depth in any of my analyses. River discharge, my equivalent to water velocity, had
strong negative effects in both the abundance and composition analyses, but I could not draw
conclusions on the effect size because of substantial uncertainty. The high uncertainty for river
discharge effects were likely caused by the use of low-resolution, pool-level discharge data,
which is all I had access to for this study.

Underlying my interpretation of these results is the assumption that the success of A.
lacustre in a patch of habitat comes at the expense of competing taxa (i.e., the competitive
exclusion principle; Hardin 1960). This assumption is bolstered by my data, which showed that
A. lacustre comprised, on average, >79% of benthic amphipods collected at sites downstream of
the Dresden Island Lock & Dam. The Lockport and Brandon Road Pools also had similar mean
amphipod abundances (x = 201 and X = 60.2, respectively) when compared to the closest
downstream pools, Dresden Island and Marseilles (x = 94.3 and x = 259, respectively),
indicating that A. lacustre may be replacing other amphipods. One common benthic amphipod
species in the Illinois River, Hyallela azteca, has a flexible diet and can exploit deposits of algae,
leaf litter, or other detritus (Hargrave 1970). This diet plasticity likely limits competitive pressure
between H. azteca and A. lacustre for food resources, suggesting that interspecific habitat
competition may be more important. H. azteca have previously been associated with soft, silty
substrate (Hargrave 1970), suggesting that their preferred habitat may overlap significantly with
A. lacustre, which was more dominant on silt substrates in my proportional composition analysis.
Habitat-dependent competitive exclusion has been documented in benthic amphipods in the

Great Lakes (Gonzélez & Burkart 2004), but may not have been captured in this sampling effort;
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I only sampled sites on the main channel of the river, but native species could be more abundant
in side channels or areas that were too shallow or heavily vegetated to sample.

My findings have two major implications for risk assessment of A. lacustre establishing
further upstream or into Lake Michigan. First, the species may struggle to establish in the
remaining upstream areas of the Illinois River Waterway due to their hard, artificial substrate.
My results suggest that A. lacustre is most successful in impounded areas just upstream of dams
with silted substrates. There are few natural river reaches upstream of Dresden Island Pool, only
a series of deep, hard-walled, artificial canals. These canals do not experience the effects of
impoundment and may not provide suitable habitat for A. lacustre. Water quality in the upstream
pools may also be unsuitable for the species due to high pollution levels or differences in water
chemistry. However, the second implication is that A. lacustre may find ample suitable habitat in
Lake Michigan if introduced. | found that the species is dominant in the most lake-like portions
of each pool, preferring slow-flowing waters. If introduced to Lake Michigan, competition
between A. lacustre and other species might be mediated by habitat conditions that are more
favorable to locally adapted species than the heavily modified and polluted Illinois River
Waterway. But invasive dreissenid mussels have bioengineered the Great Lakes benthos to be
more suitable for benthic, filter-feeding amphipods similar to the scud (Ricciardi et al. 1997),
providing further reason to suspect that A. lacustre would be successful in the Great Lakes.

I conducted this study to provide the most up-to-date assessment of A. lacustre in the
Illinois River Waterway and a comprehensive dataset documenting its relationship to habitat
characteristics. While there are numerous biological threats to the Great Lakes system, this
species has been repeatedly identified as a concern for future management, despite limited data.

This study provides insights into the mechanisms underlying A. lacustre’s distribution and
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provides the most robust dataset available for further risk assessment analyses. Despite this new
information, there are still lingering questions about why the species has not established further
upstream and whether it would be successful in the Great Lakes. | hope that researchers will
leverage these results by developing studies to identify A. lacustre’s interactions with benthic

communities and its tolerance for the abiotic conditions of Lake Michigan.
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TABLES

Table 1: Model description and AlCc results for models used in analysis of Apocorophium lacustre abundance data. All models are
negative binomial generalized linear models with mixed effects structure; all models include one random effect, river pool (Pool), that
was included to account for spatial nonindependence of samples. The response variable in all models was site-level A. lacustre
abundance. Fixed effect groups were assessed for multicollinearity using Variance Inflation Factor (VIF): no model included any
variable with VIF > 4. All numeric variables were standardized with a z-score prior to use in analysis.

Random

Model Theme Fixed Effects Effect K AICc AAICc
fDOM, Misc. Amphipod Abundance,
Food Resources Turbidity, Vegetation Density Pool 7 2550.1 0
Water Chemistry DO, fDOM, Turbidity, Salinity Pool 7 25534 33
Impoundment Depth, DO, Downstrea_m Dlstan_ce, Silt Substrate, Pool 8 95567 6.6
Vegetation Density
Downstream Distance Downstream Distance Pool 4 25569 6.8
Structure Hard Substrate, Structure Presence, Vegetation Density Pool 6 2589.1 39.0
Estuarine Characteristics DO, Salinity Pool 5 2589.3 39.2
All Substrate Types, Depth, River Discharge,
Physical Parameters Structure Presence, Temperature, Pool 11 2589.4 39.3
Vegetation Density
Null Model None Pool 3 2589.6 39.5
Interspecific Competition Misc. Amphipod Abundance Pool 4 2590.8 40.7
Krodkiewska et al. 2021 Depth, River Discharge, Silt Substrate Pool 6 2592.7 42.6
Substrate Type All Substrate Types, Structure Presence Pool 7 2594.6 445
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Table 2: Model description and AlICc results for models used in analysis of benthic amphipod community composition. The response
variable in this analysis was a matrix containing two columns per site: the abundance of Apocorophium lacustre and the abundance of
all other amphipods. All models are binomial generalized linear models with a mixed effects structure; all models include one random
effect, river pool (Pool), that was included to account for spatial nonindependence of samples. Fixed effect groups were assessed for
multicollinearity using Variance Inflation Factor (VIF): no model included any variable with VIF > 4. All numeric variables were

standardized with a z-score prior to use in analysis.

Model Theme Fixed Effects Random Effect K AlCc AAICc
DO, Downstream Distance, fDOM,
Impoundment Silt Substrate, Vegetation Density Pool ! 94131 0
Water Chemistry DO, fDOM, Salinity, Turbidity Pool 6 9745.3 332
Best Abundance Predictors Downstream Dlstancg, .fDOM’ Rlv_er Dlschz_irge, Pool 8 9806.7 394
Temperature, Turbidity, Vegetation Density
Estuarine Characteristics DO, Salinity, Turbidity Pool 5 9917.8 505
. All Substrate Types, Depth, River Discharge,
Physical Parameters Structure Presence, Temperature, Vegetation Density Pool 10 100007 594
Food Resources fDOM, Turbidity, Vegetation Density Pool 5 10054 641
Downstream Distance Downstream Distance Pool 3 10100 687
Substrate Type All Substrate Types, Structure Presence Pool 6 10118 705
Structure Misc. Amphipod Abundance Pool 5 10609 1196
Null Model None Pool 2 10649 1235
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Table 3: Summary of biological sampling effort on the Illinois River Waterway System during August and September of 2020.
Sample locations were randomly selected within each pool from existing sites targeted by the Upper Midwest Environmental Science
Center’s Long-Term Resource Monitoring program. Target sample density was approximately 2 samplers per 3 river kilometers

(mean = 0.66 samplers/km). At each site | set a rock bag sampler to collect benthic invertebrates, documented basic habitat data (e.qg.,
water depth, substrate class, aquatic vegetation density), and recorded a suite of water chemistry variables using a multi-meter (YSI
EXO2 Sonde). Rock bags were left in the river for 31 (£ 1) days until retrieval. Sites were excluded if the sampler experienced <12 cm
of water, based on USGS river gauge data, during deployment.

Recovered sample

Pool Po_ol length Sites set Recovered sites Recovery rate density
(river km) (excluded) (%) (#/rkm)
Lockport 59.6 24 19 (1) 79.2 0.32
Brandon Road 8.0 24 21 87.5 2.65
Dresden Island 24.1 24 23 95.8 0.95
Marseilles 41.8 32 31 96.9 0.74
Starved Rock 22.5 25 16 64.0 0.71
Peoria 119 50 50 100 0.42
La Grange 123.9 87 60 (7) 69.0 0.48
Alton 122.3 50 43 86.0 0.35
Total 518.2 316 263 (8) 83.2 0.51
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Table 4: Pool-level data describing Apocorophium lacustre distribution in the Illinois River
Waterway System based on my 2020 benthic invertebrate survey. Parenthetical values are
standard deviations of mean estimates. Invertebrates were collected with rock bag samplers. All
intact amphipods >2 mm long were identified to genus and counted; A. lacustre and Hyallela
azteca were identified to species. H. azteca are distinct from other species in the region and were
identified and counted regardless of size as long as key features were visible (typically >1 mm).
Mean amphipod abundance includes all taxa. A. lacustre proportion is the percent of identified
amphipods in a sample that are that species.

Mean Mean Mean
Occupied amohipod A lacustre A. lacustre
Pool Samples sites Phip ' proportion
abundance abundance .
(%) #) #) per site
(%)
Lockport 19 0 201 (343) 0 0
Brandon Road 21 0 60.2 (39.5) 0 0
Dresden Island 23 47.8 94.3 (52) 3.3(7.7) 4.7 (10)
Marseilles 31 100 259 (172) 218 (180) 79.6 (25.5)
Starved Rock 16 100 194 (198) 182 (195) 91.0 (14.2)
Peoria 50 95.2 98.7(96.3)  76.1(85.1) 73.8 (26.4)
La Grange 60 94.9 470 (660) 431 (649) 78.5 (26.3)
Alton 43 97.7 292 (207) 240 (199) 75.5 (24.6)
Pools with 216 91.7 270(395)  226(389)  70.1(33.3)
A. lacustre ' ' '
All Pools 263 77.3 247 (378) 192 (367) 59.0 (39.9)




Table 5: Pearson correlation coefficients (r) between the Apocorophium lacustre abundance and downstream distance within each
pool where the species was detected during 2020 benthic surveys across the Illinois River Waterway System. Downstream distance

reflects the distance from a sample to the next upstream dam in rkm. n is the number of samples captured in each pool. The Combined
values is based on all of the pools that contained A. lacustre.

Pool Alton La Grange Peoria Starved Rock ~ Marseille  Dresden Island Combined
r 0.18 0.48 0.40 -0.40 0.220 0.52 0.34
n 43 60 50 16 31 23 216
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Table 6: Results of AICc model averaging procedure on fixed effect parameters included in
negative binomial mixed effects models predicting Apocorophium lacustre abundance. Stars (**)
indicate parameter effects that are considered to be significant based on the 95% confidence
intervals. Confidence intervals are also presented on the log-scale.

95% Confidence Interval

Parameter Log-Scale Effect Lower Upper
fDOM** -1.35 -1.74 -0.95
Vegetation Density** -1.00 -1.83 -0.17
River Discharge -0.85 -1.96 0.27
Turbidity** -0.46 -0.77 -0.15
Mixed Substrate -0.33 -1.00 0.33
Salinity -0.20 -0.58 0.19
Depth -0.12 -0.35 0.10
DO -0.11 -0.44 0.21
Hard Substrate -0.07 -0.59 0.44
Silt Substrate 0.02 -0.42 0.46
Sand Substrate 0.07 -0.50 0.64
Mise. Amphipod 0.08 0.12 0.28
Structure Presence 0.15 -0.34 0.64
Temperature** 0.26 0.01 0.52
Downstream Distance** 0.66 0.45 0.88
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Table 7: Results of AICc model averaging procedure on fixed effect parameters included in
binomial mixed effects models predicting benthic amphipod community composition. Stars (**)
indicate parameters that are considered to be significant based on the 95% confidence intervals.
Confidence intervals are also presented on the log-scale. Effects are interpreted as changes in the
likelihood of an individual benthic amphipod at a site being Apocorophium lacustre and
therefore do not reflect changes in raw A. lacustre abundance.

95% Confidence Interval

Parameter Log-Scale Effect Lower Upper
River Discharge -0.93 -1.95 0.09
Salinity** -0.57 -0.64 -0.51
Sand Substrate** -0.51 -0.60 -0.42
fDOM** -0.43 -0.50 -0.35
Structure Presence -0.06 -0.14 0.02

Turbidity** -0.06 -0.11 -0.0004
Temperature** -0.04 -0.09 -0.002
Depth 0.04 -0.01 0.09
Hard Substrate 0.06 -0.02 0.14
Mixed Substrate 0.09 -0.04 0.22
DO** 0.35 0.29 0.40
Downstream Distance** 0.36 0.32 0.40
Silt Substrate** 0.46 0.40 0.53
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FIGURES
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Figure 1: Study system and sampling distribution map documenting 2020 benthic invertebrate
sampling effort across the Illinois River Waterway System. Sample sites were randomly taken
from existing Upper Midwest Environmental Science Center’s Long-Term Resource Monitoring
sites. Black rectangles represent the dams at the downstream end of the eight pools of the Illinois
River, which provide the names of those pools. The Alton pool ends at the confluence of the
[llinois and Mississippi Rivers and does not have a dam.
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Figure 2: An example of a rock bag sampler prior to deployment on the Illinois River. The rock
bag (left) contains approximately 0.8 L of rocks and is separated from the concrete anchor (right)
by approximately 600 cm of rope. This configuration was deployed at each site and tethered to a
stake or permanent structure on shore.
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A. lacustre Abundance across the Illinois River Waterway System
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Figure 3: Apocorophium lacustre abundance in samples collected during 2020 benthic
invertebrate survey across the Illinois River Waterway System (n = 263). Invertebrates were
collected with rock bag samplers at sites utilized by the Upper Midwest Environmental Science
Center’s Long-Term Resource Monitoring program. The x-axis indicates the samples location
along the length of the waterway, where x = 0 represents the confluence of the Illinois and
Mississippi Rivers and x = 528 represents the Chicago Lock where Lake Michigan drains into
the Chicago River.
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Intrapool Trends in A. lacustre Abundance
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Figure 4: Trends in Apocorophium lacustre abundance within all pools where | detected
individuals during 2020 benthic surveys across the Illinois River Waterway System. The y-axis
represents A. lacustre abundance per sample on the log-scale - calculated with natural log of
abundance + 1. The x-axis represents the distance downstream (rkm) within each pool — higher
values are closer to the next downstream dam, except in the Alton Pool which ends with the
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